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Summary

Summary

The global water demand is predicted to increase significantly over the coming
decades, which also implies increased freshwater withdrawals (WWAP, 2017). An
estimated 56% of the global freshwater withdrawals are released into the environment
as wastewater, over 80% of which is released without adequate treatment (WWAP,
2017). Pollution from untreated wastewater has adverse effects on human health and
the environment and reduces freshwater availability. In 2015, 29% of the global
population still failed to safely manage drinking water supplies. Among the Sustainable
Development Goals (SDGs) set by the United Nations, goal 6 concerns “Ensure
availability and sustainable management of water and sanitation for all’. In this context,

more sustainable wastewater treatment is needed.

Conventional municipal wastewater treatment plants (WWTPs) are typically designed
to obtain a high degree removal of organic carbon (expressed as COD) and nitrogen,
which are mainly eliminated by oxidation. This does not only require a large amount of
aeration energy but also causes the loss of the energy present in COD (14 MJ.kg COD-
) (Jetten et al., 1997). Conventional WWTPs, like activated sludge systems, consume
about 0.6 kWh per m3 of wastewater treated, accounting for about 3% of electrical
energy load in developed countries (McCarty et al., 2011). To shift from the current
energy-inefficient WWTPs towards energy-neutral (even energy-positive) ones,
maximization of energy recovery and minimization of energy consumption are
necessary. The innovative autotrophic partial nitritation-anammox (PNA) process
decouples biological nitrogen and carbon removal, allowing for potentially maximizing
energy recovery from organic carbon contained in wastewater and substantial saving
in aeration energy for nitrogen removal. A two-stage scheme based on PNA process
has been proposed in the literature (Jetten et al., 1997; Kartal et al., 2010; Verstraete
and Vlaeminck, 2011), featuring an high-rate activated sludge (HRAS) process in the
first stage for COD direction to anaerobic digester for energy recovery and a
mainstream PNA process in the second stage for nitrogen removal. This thesis focuses
on microbial interactions in anammox-based biological nitrogen removal processes
and assesses these systems experimentally (via lab-scale studies) and theoretically

(via mathematical modelling and simulations).
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Summary

Chapter 1 presents a brief history of biological nitrogen removal from wastewater,
highlighting the main biological nitrogen transformations as well as the interactions
between nitrogen and carbon removal processes. An overview of anammox-based
processes is given as well, comprising different pathways to provide nitrite for the
anammox conversion. Moreover, a few challenges in innovative biological nitrogen
removal processes are detailed, highlighting the research gaps and objectives of this

thesis.

The carbon footprint, i.e., greenhouse gas emission, is an important sustainability
aspect of wastewater treatment. One unignorable concern for biological nitrogen
removal is the emission of nitrous dioxide (N20). With 297 times stronger global
warming potential than CO2 (IPCC, 2014), even small amounts of N20 emission can
contribute significantly to the carbon footprint of WWTPs. Moreover, both N20 and its
precursor nitric oxide (NO) are substances involved in the ozone depletion
(Ravishankara et al., 2009). Chapter 2 is dedicated to the impact of influent organic
matter on the reactor performance and N20 emission of a standalone granular sludge
anammox reactor, mimicking the scenario where two-stage PNA process is applied for
sidestream nitrogen removal. A continuously fed bubble column granular sludge
anammox reactor was operated for 405 days. Results show that low influent COD
could slightly improve the nitrogen removal of the anammox reactor (ca. influent
COD/TN ratios = 0.1 g COD.g N"), at the cost of a concurrent significant increase in
N20 emission. The average N20 emission increased by 2.5 times (p<0.05) with
increasing influent COD concentration, accounting for up to 0.46% of the incoming
nitrogen load. In addition, the substantial differences in anammox stoichiometry
reported in the literature were highlighted. A generalized method was thus applied to
derive the anammox stoichiometry from experimental data for improved mass balance
and demonstrated to ease the application for other experimental studies. Moreover, it
was found that the experimentally measured anammox biomass yield in the overall
metabolic reaction has been mistakenly used as the catabolic yield in many modelling

studies. Solutions were proposed to address this and similar modelling issue.

Denitrification and dissimilatory nitrate reduction to ammonium (DNRA) are two

microbial processes competing for nitrate and organic carbon (COD). Their competition

has great implications for the fate of nitrogen and greenhouse gas (i.e., N20)

emissions. Moreover, partial denitrification and/or partial DNRA (nitrate to nitrite) can
VI
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service for nitrite supply for anammox as an alternative to nitritation (ammonium to
nitrite). Chapter 3 elucidates the competition between denitrification and DNRA for
nitrate and organic carbon in continuous cultures using the resource-ratio theory. This
theory describes the interactions between competing species based on the use of
shared resources and enables to mechanistically predict the outcomes of multispecies
competition. Firstly, the resource-ratio theory was proven valid with experimental data
from the literature on the competition outcome of heterotrophic denitrification and
DNRA. Based on this theory, the impact of resource concentrations, COD/N ratio,
dilution rate and microbial physiological features on the competition outcome was
highlighted. In particular, the collective impact of these factors on competition
outcomes was revealed. The results show that the influent COD/N ratio was
determinative but not sufficient for prediction, as the competition outcome could
change significantly with influent resource (i.e., nitrate and/or COD) concentrations.
The boundary influent COD/N ratios for different competition outcomes at high influent
resource concentrations were mainly determined by the stoichiometry (i.e.,
consumption of COD per nitrate) of the two competing processes, whereas kinetic
parameters (namely, affinity for the resources (Ks) and maximum specific growth rate
(Umax)) and dilution rate became important as well at low infleunt resource
concentrations (e.g., <100 uM). The impact of resource concentrations on the
competition outcomes has great implications, as different ecosystems have various
nitrate availability and therefore possibly different boundary COD/N ratios for nitrate
partitioning. The nitrate concentration in natural aquatic and terrestrial ecosystems are
usually low (<100 yM) at which the boundaries of different competition outcomes
changed dramatically. Nonetheless, lab-scale competition studies often supply high
concentration of nitrate at which the boundaries were rather stable and mainly defined
by the stoichiometries of denitrifiers and DNRA bacteria. Noteworthy, the implications
of the results are not limited to denitrification and DNRA but may hold for other cases
where multispecies exploitatively compete for two potentially limiting resources.
Overall, the results shed light on the understanding and management of the fate of
nitrate in both natural and engineered (e.g., WWTPs) ecosystems and provide testable

hypotheses and tools for further research.

The promising HRAS-PNA system was evaluated in Chapter 4, through modelling and

simulations under both steady-state and dynamic conditions. The impact of operating

IX
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conditions on the unit processes was investigated first, followed by a plant-wide
assessment of the combined HRAS-PNA system. Simulation results showed that the
operation of an HRAS stage often implies a trade-off between maximizing the COD
capture in the sludge for energy recovery and minimizing the effluent COD for the
subsequent PNA process. For this purpose, moderate DO concentrations (0.3-0.5 g
02.m3) and SRT values (0.3-0.5 d) were recommended. For granular sludge PNA
reactors, a higher biomass concentration would allow a lower DO set point for
maximum nitrogen removal. The anammox process remained the dominant process
for nitrogen removal throughout the one-year evaluation period with varying influent
CODI/N (1.3-4.3) and temperature (10-20 °C), indicating the resilience of the PNA
system at mainstream conditions. However, both COD removal (in HRAS) and N
removal (in PNA) decreased at low temperatures and dynamic conditions. Overall,
steady-state and dynamic simulations showed that the integrated HRAS-PNA system
could achieve an effluent quality that complies with EU regulations with a significantly

lower operational cost, compared to the conventional activated sludge system.

Chapter 5 summarizes the main conclusions from this thesis and gives perspectives
for future research. In conclusion, it can be summarized that stoichiometry sets the
basis for mass balance, modelling and process design, and plays an important role in
microbial competitions for shared resources (i.e., denitrification and DNRA for nitrate
and COD). Caution is needed when choosing anammox stoichiometry and further
research is required to determine the stoichiometry of DNRA. The resource-ratio theory
applied in this study can be more broadly applied to multispecies competition studies.
Concerning the integrated HRAS-PNA system, future research should target the
understanding of bioflocculation process and thereby the development of control
strategies of the effluent COD/N of the HRAS stage. The further integration of
engineering, microbiological and modelling insights is needed for the implementation
of mainstream anammox. Alternative anammox-based processes (e.g., partial DNRA-
anammox) and anammox-assisted systems (i.e., where anammox contributes
significantly but not necessarily dominant in nitrogen removal of the mainstream)

should be further explored.



Samenvatting

Samenvatting

Er wordt in de komende decennia wereldwijd een aanzienlijke toename voorspeld in
de vraag naar water (en dus de onttrekking van zoet water) (WWAP, 2017). Naar
schatting komt 56% van de wereldwijde zoetwateronttrekkingen als afvalwater in het
milieu terecht, waarvan meer dan 80% zonder adequate behandeling (WWAP, 2017).
Vervuiling door onbehandeld afvalwater heeft negatieve effecten op de menselijke
gezondheid en het milieu en vermindert de beschikbaarheid van zoet water. In 2015
slaagde 29% van de wereldbevolking er nog steeds niet in om drinkwatervoorraden
veilig te beheren. Onder de Duurzame Ontwikkelingsdoelen (SDG's) van de Verenigde
Naties, heeft doel 6 betrekking op "Zorg voor beschikbaarheid en duurzaam beheer
van water en sanitaire voorzieningen voor iedereen". In deze context is een

duurzamere afvalwaterzuivering nodig.

Gewoonlijk  zijn gemeentelike rioolwaterwaterzuiveringsinstallaties (RWZI's)
ontworpen om een hoge mate van verwijdering van organische koolstof (uitgedrukt als
CZV) en stikstof te verkrijgen, die hoofdzakelijk worden geélimineerd door oxidatie. Dit
vereist niet alleen een grote hoeveelheid beluchtingsenergie, maar veroorzaakt ook
het verlies van de aanwezige energie in CZV (14 MJ.kg COD"") (Jetten et al., 1997).
Conventionele RWZI's, zoals actiefslibsystemen, vertegenwoordigen ongeveer 3%
van de elektrische energievraag in ontwikkelde landen (ca. 0,6 kWh.m= gezuiverd
afvalwater) (McCarty et al., 2011). Om van de huidige energie inefficiénte RWZI's naar
energieneutrale (of zelfs energiepositieve) RWZI's te gaan, is een maximalisatie van
energieterugwinning en minimalisatie van energieverbruik nodig. Het innovatieve
autotrofe partiéle nitritatie-anammox (PNA) proces ontkoppelt biologische stikstof- en
koolstofverwijdering, waardoor meer energieterugwinning uit organische koolstof in
afvalwater en substantiéle besparingen in beluchtingsenergie voor stikstofverwijdering
mogelijk worden. In de literatuur (Jetten et al., 1997; Kartal et al., 2010; Verstraete and
Vlaeminck, 2011) wordt een tweetrapsschema op basis van het PNA-proces
voorgesteld, met een hoge snelheid actief slibproces (HRAS) in de eerste fase om
CZV naar een anaérobe vergister te sturen voor energieterugwinning en een
mainstream PNA-proces in de tweede fase voor stikstofverwijdering. Dit proefschrift
richt zich op microbiéle interacties in op anammox gebaseerde biologische
stikstofverwijderingsprocessen en beoordeelt deze systemen experimenteel (via
laboratoriumschaalstudies) en theoretisch (via wiskundige modellen en simulaties).
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Samenvatting

In hoofdstuk 1 wordt een korte geschiedenis van biologische stikstofverwijdering uit
afvalwater beschreven, met aandacht voor de belangrijkste biologische
stikstofomzettingen en de interacties tussen stikstof- en
koolstofverwijderingsprocessen. Een overzicht van op anammox gebaseerde
processen wordt ook gegeven, met verschillende paden om nitriet te leveren voor de
anammox-conversie. Bovendien worden enkele uitdagingen in innovatieve biologische
verwijderingsprocessen uitgelegd, waar dit proefschrift een (gedeeltelijk) antwoord op

wil bieden.

De koolstofvoetafdruk, d.w.z.  broeikasgasemissie, is een belangrijk
duurzaamheidsaspect in afvalwaterzuivering. Een belangrijke zorg voor biologische
stikstofverwijdering is de uitstoot van stikstofoxide (N20). Met een 297 keer sterker
broeikaseffect dan CO2 (IPCC, 2014), kunnen zelfs kleine hoeveelheden N20-uitstoot
aanzienlijk bijdragen aan de koolstofvoetafdruk van RWZI's. Bovendien zijn zowel N2O
als zijn voorloper stikstofmonoxide (NO) stoffen die betrokken zijn bij de aantasting
van de ozonlaag (Ravishankara et al., 2009). Hoofdstuk 2 is gewijd aan de impact van
instromende organische stof op de reactorperformantie en de N20-emissies van een
alleenstaande anammox-reactor met korrelslib, en bootst het scenario na waarin het
tweetraps-PNA-proces wordt toegepast voor de verwijdering van stikstof via een zij-
stroom. Een continu gevoede bellenkolom met korrelslib werd 405 dagen bedreven als
anammox-reactor. De resultaten tonen aan dat een lage instromende CZV-
concentratie de stikstofverwijdering van de anammox-reactor enigszins zou kunnen
verbeteren (instromende CZV/TN-verhoudingen van circa 0.1 g CZV.g N"), ten koste
van een gelijktijdige significante toename van de N20-emissies. De gemiddelde N20-
emissie steeg 2.5 keer (p <0.05) met een toenemende instromende CZV-concentratie,
goed voor maximaal 0.46% van de instromende stikstofbelasting. Bovendien werden
de wezenlijke verschillen in anammox-stoichiometrie, gerapporteerd in de literatuur,
benadrukt. Een algemene methode werd aldus toegepast om de anammox-
stoichiometrie af te leiden uit experimentele gegevens voor een verbeterde
massabalans en deze methode bleek ook toepasbaar voor andere experimentele
studies. Bovendien werd ontdekt dat de experimenteel gemeten opbrengstcoéfficiént
van de anammox biomassa in de totale metabole reactie ten onrechte werd gebruikt
voor de katabole opbrengst in veel modelleringsstudies. Er werden oplossingen

voorgesteld voor dit probleem.
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Samenvatting

Denitrificatie en dissimilerende nitraatreductie tot ammonium (DNRA) zijn twee
microbiéle processen die concurreren om nitraat en organische koolstof (CZV). Hun
concurrentie heeft grote implicaties voor het lot van stikstof en broeikasgasemissies
(d.w.z. N20). Bovendien kan gedeeltelijke denitrificatie en/of gedeeltelijke DNRA
(nitraat tot nitriet) worden gezien als een alternatief voor nitritatie (ammonium tot nitriet)
om nitriet te produceren voor de anammox-reactie. Hoofdstuk 3 verduidelijkt de
concurrentie tussen denitrificatie en DNRA voor nitraat en organische koolstof in
continue culturen met behulp van de resource-ratio-theorie. Deze theorie beschrijft de
interacties tussen concurrerende soorten op basis van hun gebruik van gedeelde
hulpbronnen en laat toe om een mechanistische voorspelling te doen over de
uitkomsten van multispecies-concurrentie. Eerst werd de resource-ratio-theorie geldig
bevonden op basis van experimentele gegevens uit de literatuur over de
concurrentieresultaten van heterotrofe denitrificatie en DNRA. Op basis van deze
theorie werd de impact benadrukt van substraatconcentraties, de CZV/N-verhouding,
de verdunningssnelheid en de microbiéle fysiologische kenmerken op de
concurrentieresultaten. In het bijzonder werd de collectieve impact van deze factoren
op de concurrentieresultaten onthuld. De resultaten laten zien dat de CZV/N-
verhouding bepalend was, maar niet voldoende voor voorspelling, omdat de
concurrentieresultaten aanzienlijk afhingen van de absolute concentraties van de
substraten (nitraat en/of CZV). De grensverhoudingen CZV/N voor verschillende
concurrentieresultaten bij hoge concentraties van substraten werden hoofdzakelijk
bepaald door de stoichiometrie (m.a.w. de hoeveelheid verbruik van CZV per
hoeveelheid nitraat) van de twee concurrerende processen, terwijl kinetische
parameters (namelijk affiniteit voor de substraten (Ks) en maximale specifieke
groeisnelheid (Pmax)) en verdunningssnelheid eveneens van belang waren bij lage
concentraties van substraten (bijv. <100 uM). Het effect van substraatconcentraties op
de concurrentieresultaten heeft grote implicaties, omdat verschillende ecosystemen
een verschillend nitraataanbod hebben en daarom mogelijk verschillend reageren op
de CZV/N-ratios. De nitraatconcentratie in natuurlijke aquatische en terrestrische
ecosystemen is meestal laag (<100 uM), waardoor de grenzen van verschillende
concurrentie-uitkomsten drastisch veranderden. Concurrentieonderzoeken op
laboschaal leveren echter vaak een hoge nitraatconcentratie, waardoor de grenzen vrij
stabiel waren en voornamelijk werden bepaald door de stoichiometrieén van

denitrificerende en DNRA-bacterién. Merk op dat de implicaties van de resultaten niet
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beperkt zijn tot het specifieke geval dat werd onderzocht, maar ook kan gelden voor
andere gevallen waarin meerdere soorten concurreren om twee potentieel
gelimiteerde, essentiéle substraten. Over het algemeen geven de resultaten inzicht in
het begrip en het beheer van het lot van nitraat in zowel natuurlijke als artificiéle
ecosystemen (bijv. RWZI's) en bieden ze testbare hypothesen en hulpmiddelen voor

verder onderzoek.

Het veelbelovende HRAS-PNA-systeem werd geévalueerd in hoofdstuk 4, door middel
van modellering en simulaties onder zowel steady-state als dynamische
omstandigheden. De impact van procesomstandigheden werd eerst apart onderzocht
voor de verschillende eenheidsprocessen en daarna werd het gecombineerde HRAS-
PNA-systeem geévalueerd. Simulatieresultaten toonden aan dat de werking van een
HRAS-fase vaak een afweging inhoudt tussen het maximaliseren van CZV in het slib
voor energieterugwinning en het minimaliseren van uitstromende CZV voor het
daaropvolgende PNA-proces. Gematigde zuurstofconcentraties (0.3-0.5 g O2.m3) en
slibverblijftijden (0.3-0.5 d) werden daarom aanbevolen. Voor korrelslib PNA-reactoren
zou een hogere biomassaconcentratie een lagere zuurstofconcentratie voor maximale
stikstofverwijdering mogelijk maken. Het anammox-proces bleef het dominante proces
voor stikstofverwijdering gedurende de evaluatieperiode van één jaar met een
variérende instromende CZV/N (1.3-4.3) verhouding en temperatuur (10-20 °C),
hetgeen de veerkracht van het PNA-systeem onder reguliere omstandigheden
aangeeft. Zowel CZV-verwijdering (in HRAS) als N-verwijdering (in PNA) verminderde
echter bij lage temperaturen en dynamische omstandigheden. Globaal toonden
steady-state en dynamische simulaties aan dat het geintegreerde HRAS-PNA-
systeem een effluentkwaliteit kon bereiken die voldoet aan EU-regelgeving met
aanzienlijk lagere operationele kosten in vergeliking met het conventionele

actiefslibsysteem.

Hoofdstuk 5 vat de belangrijkste conclusies van dit proefschrift samen en beschrijft
mogelijkheden voor toekomstig onderzoek. Er kan worden geconcludeerd dat
stoichiometrie de basis vormt voor massabalansen, modellering, procesontwerp en
een belangrijke rol speelt in microbiéle competitie voor gedeelde hulpbronnen (d.w.z.
denitrificatie en DNRA voor nitraat en CZV). Voorzichtigheid is geboden bij het kiezen

van anammox-stoichiometrie en verder onderzoek is vereist om de stoichiometrie van
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DNRA te bepalen. De resource-ratio-theorie die in deze studie werd toegepast, kan
breder worden toegepast voor gelijkaardige multispecies-concurrentieonderzoek. Wat
het geintegreerde HRAS-PNA-systeem betreft, zou toekomstig onderzoek gericht
moeten zijn op het verkrijgen van meer inzicht in het bioflocculatieproces om op die
manier de uitstromende CZV/N verhouding van de HRAS-fase te kunnen sturen. De
verdere integratie van technische, microbiologische en modelleringsinzichten is nodig
voor de implementatie van mainstream anammox. Alternatieve op anammox
gebaseerde processen (bijv. gedeeltelijke DNRA-anammox) en door anammox
ondersteunde systemen (d.w.z. waar anammox een significante maar niet
noodzakelijk dominante bijdrage levert aan stikstofverwijdering van de hoofdstroom)

moeten verder worden onderzocht.
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Chapter 1

General introduction

In this introductory chapter, a brief history of biological nitrogen removal from
wastewater is presented. Subsequently, a few challenges in innovative biological
removal processes are detailed, highlighting the research gaps and objectives of this

thesis. An outline of the chapters of this thesis is also provided.



Chapter 1 General introduction

1.1 A brief history of biological nitrogen removal from wastewater

The global water demand is predicted to increase significantly over the coming
decades, which also implies increased freshwater withdrawals. An estimated 56% (ca.
2.2x10'2 m?3) of the global freshwater withdrawals are released into the environment
as wastewater, over 80% of which is released without adequate treatment (WWAP,
2017). Pollution from untreated wastewater has adverse effects on human health and
the environment and reduces freshwater availability. In 2015, 29% of the global
population still lacked safely managed drinking water supplies. Among the United
Nations Sustainable Development Goals (SDGs), goal 6 concerns “Ensure availability
and sustainable management of water and sanitation for all’. In this context, more
sustainable wastewater treatment is needed. The major focus of this thesis is on
biological nitrogen removal from wastewater. A brief history of biological nitrogen
removal from wastewater is given here, highlighting the main biological nitrogen
transformations (Fig. 1.1) as well as the interactions between nitrogen and carbon

removal processes.

The history of biological nitrogen removal is driven by a continuous increase in
sustainability demand. The most important driving force is the need of wastewater
treatment, which changes over time and is constrained by economic, social,
environmental and technological factors. From a simplified view, the need of nitrogen
management in wastewater treatment initially comprised ammonium removal only and
later evolved to nitrogen removal and then more sustainable nitrogen removal.
Accordingly, the development of biological nitrogen removal was divided into three
generations in this thesis (Fig. 1.2), namely N1.0 (Section 1.1.1), N2.0 (Section 1.1.2)
and N3.0 (Section 1.1.3). Constraints such as stringent regulations, cost, and space

drive technological development.

1.1.1 N1.0: Nitrification-based ammonium removal

The most widely used process for wastewater treatment is the activated sludge (AS)
process, which was first presented in 1914 by Arden & Lockett (1914). In addition to
the sanitary purpose, part of the driving force for wastewater treatment at that time was
making the effluent safe for agricultural use of its fertilizer value especially that of
nitrogen, which was short in supply (Barnard and Stensel, 2014). Therefore,

wastewater treatment plants (WWTPs) were designed for the removal of organic
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Chapter 1 General introduction

carbon (expressed as chemical oxygen demand (COD) or biodegradable oxygen
demand (BOD)), while nitrogen was kept for irrigation to increase crop yields.
Nevertheless, full nitrification was suggested as an indicator of stable operation of the
treatment process (Ardern and Lockett, 1914; Gujer, 2010). Later it was realized that
ammonium can cause oxygen depletion in the receiving waters and its oxidation
byproduct nitrite is highly toxic to aquatic life. Therefore, nitrification became
mandatory in many facilities. This can be defined as the first-generation biological

nitrogen treatment (N1.0, Fig. 1.2)

The nitrogen present in municipal wastewater is mainly in the form of ammonium and
organic nitrogen (Henze et al., 2008) that can be ammonified by microorganisms to
ammonium, which can then undergo the transformations in nitrogen cycle (Fig. 1.1).
Nitrification is a two-step process, during which ammonium is first oxidized to nitrite
and further oxidized to nitrate (Eq.1a and Eq.1b, Table 1.1). The two steps were long
believed to be carried out by distinct groups of bacteria, namely ammonium-oxidizing
bacteria (AOB) and nitrite-oxidizing bacteria (NOB) (Daims and Wagner, 2010).
Certain archaea were then found also capable of ammonium oxidation to nitrite,
namely ammonium-oxidizing archaea (AOA) (Kénneke et al., 2005). Recently it was
discovered that certain Nitrospira species can even carry out complete ammonia
oxidation (i.e., both steps 1a and 1b, Comammox), confirming earlier theoretical
predictions (Costa et al., 2006; Daims et al., 2015; Van Kessel et al., 2015).

Organic N Figure 1.1. Simplified biological nitrogen
cycle. Nitrification (1a nitritation + 1b
_NH,* ... nitratation), denitrification (2a denitratation
P 4 . + 2b denitritation), anaerobic ammonium
5, T oxidation (anammox, 3), dissimilatory
/ ,'! nitrate reduction to ammonium (DNRA, 4),
/ s kY nitrogen fixation (5), and ammonification
[ L6
N, «~3 14 i1a
~ : 3
S~
i
N20 A\
i
NO '
Ngzl-A“
/dal- | b
vy
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Nitrification is the single most important process in our development of today’s
theoretical understanding of biological wastewater treatment processes (Gujer, 2010).
For several decades, empirical approaches (e.g., hydraulic residence time (HRT), food
to microorganism ratio (F/M) and volumetric loading) were used for the design and
sizing of bioreactors for wastewater treatment. The introduction of the chemostat in
1950 by Monod (1950) and Novick and Szilard (1950) set the basis for the
understanding and mathematical modeling of continuous microbial culture systems. In
1960s, Downing et al. (1964) firstly developed a comprehensive theoretical concept for
the design of nitrifying activated sludge plants based on kinetic concepts and reactor
technology (Fig. 1.2). Since the mid-1980s, the Activated Sludge Models (ASM1, 2,
2D, and 3) have been widely accepted as reference tools for design and control
strategies in activated sludge processes, facilitating the understanding and

development of these processes (Henze et al., 2000).

1.1.2 N2.0: Heterotrophic denitrification-based nitrogen removal

Since the 1960s, eutrophication emerged as a new problem in surface water into which
wastewater and agricultural run-off were discharged whereas in specific the phosphate
and nitrogen from wastewater were most concerning (Henze et al., 2008). In addition,
the proliferation of the Haber-Bosch process invented in 1913 also made the
reservation of nitrogen in wastewater for agricultural use less relevant. Therefore,
nitrogen removal to dinitrogen gas instead of ammonium removal (conversion to
nitrate) only became a pressing need to maintain aquatic systems pristine. A
combination of nitrification and denitrification (Eq. A, Table 1.1) was therefore used for
this purpose, entering the era of the second-generation biological nitrogen removal
(N2.0, Fig. 1.2).

Denitrification is a four-step process, during which nitrate is sequentially reduced to
nitrite, nitric oxide (NO), nitrous oxide (N20), and eventually to N2 (Fig. 1.1) (Zumft,
1997). In the conventional nitrification-denitrification process, ammonium is first
oxidized to nitrate and subsequently reduced to dinitrogen gas (N2). In WWTPs
denitrification is usually carried out by heterotrophs, and thus organic carbon is
required to provide an electron donor (Daims and Wagner, 2010). From an operational
cost point of view, denitrification can recover about half the alkalinity consumed during

nitrification (Eq. 1 and Eq. 2, Table 1.1) and reduce the oxygen demand for aerobic
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COD removal (Henze et al., 2008). In case the wastewater does not contain sufficient
organic carbon for denitrification (low COD/N ratios), external carbon (e.g., methanol
and acetate) needs to be added to accomplish full denitrification. In order to eliminate
or at least reduce this additional cost, processes have been designed to maximize the
use of the organics present in influent wastewater. Examples are the Modified
Ludzack- Ettinger (MLE) process and the four-stage Bardenpho process (Barnard,
1973). The scheme of a typical WWTP as such is presented in Fig. 1.3A. In these
systems, nitrification and denitrification are achieved in separate reactors (zones).
Recently, there have been significant efforts to stimulate simultaneous nitrification and
denitrification (SND) in the same reactor. In this way, it is possible to reduce the
required reactor volume and at the same time reduce operating costs by using the
carbon generated from cell lysis to drive some of the denitrification (Henze et al., 2008;
Mdinch et al., 1996).

Further cost savings could be realized by stimulating shortcut nitrification-
denitrification, in which only the first step of nitrification is promoted and denitrification
occurs on the produced nitrite (instead of nitrate). This process is also referred to as
nitritation-denitritation. Nitrite is an intermediate of both nitrification and denitrification
process (Fig. 1.1). By omitting the transformations between nitrite and nitrate, about
25% reduction in oxygen demand (and thus aeration energy) and 40% reduction in
organic carbon can be achieved, compared to the nitrification-denitrification process
(Table 1.1). Several processes have been put forward to realize nitrite production while
suppressing nitrate formation, e.g., the SHARON process (Hellinga et al., 1998). They
have proven successful in the treatment of ammonium-rich wastewater at relatively
high temperatures. However, the implementation of nitritation-denitritation for
mainstream wastewater treatment is an ongoing challenge (Regmi et al., 2014), mainly
due to the difficulties in mainstream nitritation at lower temperatures (detailed in
Section 1.2.2).

Overall, it is clear that the driving force for the development of nitrogen removal
processes has gradually shifted from purely pollution control (i.e., N removal) to also

minimizing costs (e.g., aeration, external carbon addition, footprint).
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Figure 1.2. A brief history of biological nitrogen removal from wastewater. Abbreviations and references used here are explained
in the main text.
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Table 1.1. Stoichiometry of biological nitrogen conversion reactions (1 to 4) and resulting nitrogen removal processes (shaded in grey) in
wastewater treatment. Only catabolic reactions are considered. The theoretical oxygen demand (O/N, g O2 g N'') and organic carbon
demand (COD/N, g COD g N-") per nitrogen converted are given as well.

Biological Equation number Reaction ON CODIN
process (gO..gN') (gCOD.gN")
Nitritation 1a NH4" + 3/2 O2 — NO2 + H,O + 2 H* 3.43 0
Nitratation 1b NO; + 1/2 O, — NO3" 1.14 0
Nitrification 1=1a+1b NHs;"+2 O; — NO; + H,O + 2 H* 4.57 0
Partial
denitrification/ 2a/4a NO;s + 1/4 CH;COO — NOz + 1/4 CO2 + 1/4 HCO3 + 1/4 H,O 0 1.14
DNRA (PD)
Denitritation 2b NO; + 3/8 CH3;COO™ + H* — 1/2 N2 + 3/8 CO, + 3/8 HCO3 + 7/8 H,O 0 1.71
Denitrification 2=2a+2b NO; + 5/8 CH3COO + H* — 1/2 N2 + 5/8 CO, + 5/8 HCO3™ + 9/8 H.O 0 2.86
Anammox 3 1/2 NH4* + 1/2 NO2" — 1/2 N2 + H20 0 0
DNRA 4 NO; + CH3COO + 2H* — NH4*+ CO2 + HCOgs 0 4.57
Nitrification-  A=1a+1b+2a+2b  NH,* + 2 O, + 5/8 CH;COO —
Denitrification 1/2 N + 5/8 CO; + 5/8 HCOs™ + 17/8 H,0 + H* 4.57 2.86
Nitritation- B=1a+2b + -
Denitritation TN e i e S O S
PNA C=1a+3 NH4* + 3/4 O — 1/2 Na + 3/2 H,0 + H* 1.71 (-62%) 0 (-100%)
PNPDA* D=1a+1b+2a/4a+3 + 4 + P —s

o b g:/gzc+H13%OH(|)coa- +13/8 H0 + H* 2R o) Sl
PDA** E=2a/4a+3

1/2 NHs* + 1/2 NO3™ + 1/8 CH:COO™ —
1/2 N2 + 1/8 CO2 + 1/8 HCO3 + 9/8 H.O

0 (-100%) 0.57 (-80%)

Values between parentheses represent the reduction in relative to the conventional nitrification-denitrification process;
* Partial Nitrification Partial Denitrification/DNRA Anammox when all NOs- comes from the nitrification of half the NH4* in the influent (i.e., partial nitrification);
** Partial Denitrification/DNRA Anammox when NOs- equally presents as NH4* in the influent
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Figure 1.3 Typical wastewater treatment schemes: A) Conventional activated
sludge (CAS) system; B) Conventional activated sludge coupled with sidestream
PNA system, and C) High-rate activated sludge (HRAS) coupled with
mainstream PNA system
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1.1.3 N3.0: Autotrophic anammox-based nitrogen removal

The discovery of anaerobic ammonium oxidization (anammox) was an important step
in the understanding of the global nitrogen cycle and has broadened the process
optimization potential for nitrogen removal from wastewater. Anammox bacteria
autotrophically convert ammonium and nitrite to N2 in the absence of oxygen and COD
(Eq. 3 and Fig. 1.1) (Strous et al., 2006, 1998). Nitrate is also produced during the
anammox process (Strous et al., 1998). This process was first predicted by Broda
(1977) based on thermodynamic analysis, but it was only evidenced until Mulder et al.
(1995) discovered the disappearance of ammonium under anaerobic conditions. The
anammox bacteria discovered so far are members of a deep-branching lineage in the

bacterial phylum Planctomycetes (Kartal et al., 2012).

To apply anammox for nitrogen removal, a preceding step providing nitrite is required.
The most widely used approach is the so-called partial nitritation (PN) process, during
which approximately half of the ammonium in wastewater is oxidized to nitrite by AOB
(Van Dongen et al., 2001). The other half of the ammonium can be subsequently
oxidized with the converted nitrite by anammox bacteria. The combined partial
nitritation and anammox (PNA, Eq.C, Table 1.1) process can be achieved either in two
consecutive reactors (two-stage PNA, e.g., SHARON-Anammox (Van Dongen et al.,
2001)) or in a single reactor (one-stage PNA). Different process options for the PNA
process are found in the literature, bearing names such as SHARON-Anammox (Van
Dongen et al., 2001), CANON (Sliekers et al., 2003), OLAND (Kuai and Verstraete,
1998) and DEMON (Wett, 2006). Compared to conventional heterotrophic
denitrification-based nitrogen removal processes, the autotrophic PNA process
decouples nitrogen and carbon removal, bringing the biological nitrogen treatment to
the third generation (N3.0). Compared to conventional nitrification-denitrification over
nitrate, the PNA process requires up to 62% less aeration energy, removes the need
for external organic carbon addition (Eq. C, Table 1.1), emits less COz2, and produces

70-80% less sludge and associated costs (Siegrist et al., 2008).

The PNA process has been widely studied and applied in treating ammonium-rich
wastewaters with low organic carbon to nitrogen ratios (COD/N) and mesophilic
temperature, such as the sidestream generated from the reject water of anaerobically
digested sludge, as demonstrated by the first full-scale anammox reactor (built in 2002)
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(van der Star et al., 2007). By 2014, i.e., within less than 20 years of the discovery of
anammox, PNA process has been applied in more than 100 full-scale applications
(Lackner et al., 2014), making it among the most successful examples of how
fundamental research into nitrogen-cycling microorganisms and their application have

progressed concomitantly.

The implementation of anammox-based technologies in the mainstream of WWTPs
(i.e., mainstream anammox or mainstream deammonification) is under investigation to
transform wastewater treatment into energy-neutral or even into an energy-generating
concept (Kartal et al., 2010; Verstraete and Vlaeminck, 2011). Soon after the discovery
of anammox, Jetten and coauthors (1997) realized how anammox could enable
significant improvement in the sustainability of wastewater treatment and proposed a
new conceptual scheme therein. This conceptual scheme was a two-stage system,
based on the A/B (Adsorption/Bio-oxidation) process already established in the 1970s
(Boehnke, 1977). The first stage utilizes a high-rate activated sludge (HRAS) process
(detailed in Section 1.1.4), in which COD is concentrated and redirected for
subsequent energy recovery through anaerobic digestion. This stage is followed by a
PNA stage for mainstream nitrogen removal, for which a granular sludge system was
later put forward due to its high volumetric conversion rate and biomass retention (Fig.
1.3C) (Kartal et al., 2010). Since the early 2010s, significant progress has been
achieved with respect to mainstream PNA, demonstrating its feasibility at lab- and pilot-
scales (Cao et al., 2017a; De Clippeleir et al., 2013; Laureni et al., 2016; Lotti et al.,
2015b; Ma et al., 2011; Winkler et al., 2012). The anammox-based processes are
further detailed in Section 1.2.

1.1.4 Interactions between biological nitrogen and carbon removal

Nitrogen and carbon removal depend on one another. In the activated sludge process,
organic carbon can be removed by heterotrophs with Oz (aerobic conditions), or
nitrate/nitrite (anoxic conditions) as an electron acceptor. The aerobic carbon removal
pathway competes with AOB and NOB (and thus nitrification) for O2, whereas the
anoxic carbon removal pathway represents the denitrification process that drives

conventional biological nitrogen removal.

The interactions between biological nitrogen and carbon removal can be demonstrated
by the fate of the HRAS process. The HRAS process generally uses a higher food-to-
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microorganism (F/M) ratio, a shorter sludge retention time (SRT < 2 d), a shorter HRT
(~ 0.5 h) and a lower dissolved oxygen concentration (DO < 1 g O2.m-3), compared to
conventional activated sludge (CAS) processes (De Graaff et al., 2016; Jimenez et al.,
2015). As a result, HRAS processes require less aeration energy and can be realized
in more compact systems, also allowing a higher recovery of chemical energy

contained in wastewater.

During the era of N1.0, nitrification was first used as an indicator of the stable operation
of the COD removal process (Ardern and Lockett, 1914; Gujer, 2010). It was shown
later that WWTPs could safely remove COD at a shorter retention time without
nitrification, which then became the norm for the design of HRAS systems (Barnard
and Stensel, 2014; Buswell and Long, 1923). Due to the short SRT in HRAS, full
nitrification can only be realized in a second stage with longer SRT, i.e., the B-stage in
the A/B process established in the 1970s (Boehnke, 1977). However, when nitrogen
removal and thus heterotrophic denitrification became necessary (N2.0 era), the HRAS
process became less relevant as its high COD removal efficiency would often leave
largely insufficient COD for denitrification in the subsequent stage (Jetten et al., 1997).
The mainstream autotrophic PNA process (N3.0 era) enables the decoupling of carbon

and nitrogen removal, and thus allows a revival of the HRAS process.

1.2 A few challenges and research objectives

1.2.1 N20 emission from biological nitrogen removal (Chapter 2)

One of the main driving forces in the current ‘N3.0 era’ is sustainability, in terms of
resource recovery, carbon footprint, and space requirements, etc. When it comes to
carbon footprint, the emission of nitrous dioxide (N20) is of unignorable concern for
biological nitrogen removal. N20 is a potent greenhouse gas, with 297 times stronger
global warming potential (in 100 years) than CO2 (IPCC, 2014). Even small amounts
of N2O emission can contribute significantly to the carbon footprint of WWTPs, which
is of increasing concern in recent years (Massara et al., 2017). Climate change is real
and is a global challenge that does not respect national borders. It is extremely likely
that more than half of the observed increase in global average surface temperature
from 1951 to 2010 was caused by the anthropogenic increase in GHG concentrations
and other anthropogenic forcing together (IPCC, 2014). The wastewater sector needs

to limit GHG emissions as well in order to combat climate change. Moreover, both N20O
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and its precursor nitric oxide (NO) are substances involved in ozone depletion, with
N20 named as the dominant ozone-depletion substance emitted in the 21st century
(Ravishankara et al., 2009).

N20 can be produced in several pathways during biological nitrogen removal: 1) as an
intermediate of denitrification process (Fig. 1.1); 2) as a byproduct of incomplete
oxidation of hydroxylamine (NH20H) to nitrite; and 3) as the final product of nitrifier
denitrification by AOB (Kampschreur et al., 2009; Robertson and Kuenen, 1990). In
addition, mixotrophic NOB are also known to incompletely denitrify until N2O only
(Freitag et al., 1987). Anammox bacteria are lacking the genes to produce N20 (Kartal
et al., 2012). Nevertheless, N2O emission can be expected in stand-alone anammox
reactors (as part of two-stage PNA systems, Fig. 1.3B) when heterotrophic denitrifiers
are triggered by influent COD (Jia et al., 2018). Intensive studies have been carried
out on N20 emission from one-stage PNA reactors (Ali et al., 2016; Li et al., 2017) and
from partial nitritation reactors (Mampaey et al., 2016). Studies on N2O emission from
stand-alone anammox reactors (as part of two-stage PNA or Partial Denitrification-
Anammox (Section 1.2.2) systems) are rather limited, and the impact of influent COD
on the N20 emission from these reactors has not been investigated explicitly (Chapter
2).

Overall, to fully assess the potential of anammox-based processes, the emission of
greenhouse gases needs to be carefully considered to ensure that the savings in CO2
emissions due to the reduced (aeration) energy consumption and due to the

autotrophic nature of the process are not overruled by increased N20 production.

1.2.2 Providing nitrite for the anammox reaction (Chapter 2-4)

While ammonium is normally present in wastewater, the challenge for the
implementation of anammox-based processes lies in nitrite supply. As shown in
Fig.1.1, nitrite is involved in several biological nitrogen transformations, which offers
both opportunities and challenges. Concerning the sources, nitrite can be biologically

produced through ammonium oxidation and/or nitrate reduction (Fig. 1.4).

1.2.2.1 Aerobic ammonium oxidation to nitrite

Ammonium oxidation is carried out by AOB and/or AOA under aerobic conditions

through the nitritation pathway (Eq. 1a, Table 1.1), which sets the basis for PNA
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processes (Fig. 1.4A). Nitritation has by far been the most explored approach for nitrite
supply (Zhang et al., 2019), due to its cost savings (Table 1.1) and successful
application for ammonium-rich wastewater treatment at mesophilic temperature
(Lackner et al., 2014). The main challenge here is the suppression of NOB and, thus,
the prevention of nitrite oxidation to nitrate. The selection strategies of AOB over NOB
are based on several principles: (1) AOB grow faster than NOB at mesophilic
temperature, allowing for SRT based washout of NOB as done in the SHARON
process (Hellinga et al., 1998); (2) AOB generally have higher affinity for oxygen (i.e.,
lower Koz2) than NOB, allowing for the washout of NOB at low DO concentrations (Pérez
et al., 2014); (3) AOB is less sensitive to the inhibition of free ammonia (FA) and free
nitrous acid (FNA) than NOB, aiding for NOB suppression in ammonium-rich
wastewater treatment (Wang et al., 2017); (4) The lag phase in NOB activity at the
beginning of aeration, allowing for on/off aeration strategy (i.e. transient anoxia)
(Regmi et al., 2014); (5) Maintaining a certain level of residual ammonium
concentration which favors AOB and anammox activity (Pérez et al., 2014); and (6)
Bioaugmentation by transferring AOB and anammox bacteria from the sidestream PNA
system (Wett et al., 2013).

Successful partial nitritation has been well established for sidestream treatment but
remains challenging for mainstream sewage treatment. The low temperature and low
ammonium concentration (20-75 mg NH4*-N L") (Henze et al., 2008) of municipal
wastewater are the main objections in this regard (Agrawal et al., 2018; Cao et al.,
2017). To this end, AOA could potentially be a good candidate for nitritation and nitrite
supply to anammox at low ammonium concentrations due to their high affinity for
ammonia (Pan et al., 2016; Straka et al., 2019b). The discovery of comammox
microorganisms, which were reported to have higher affinity for ammonia than AOB
but lower affinity for nitrite than NOB (Dimitri Kits et al., 2017) and present as the
dominant ammonia oxidizers in a mainstream low DO nitrifying reactor (Roots et al.,
2019), further complicates nitritation at mainstream conditions (Winkler and Straka,
2019).

13
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Figure 1.4 Overview of biological nitrite sources, sinks and process
combinations for anammox-based nitrogen removal (adapted from Castro-
Barros et al. (2017))

Successful partial nitritation has been well established for sidestream treatment but
remains challenging for mainstream sewage treatment. The low temperature and low
ammonium concentration (20-75 mg NH4*-N L") (Henze et al., 2008) of municipal
wastewater are the main objections in this regard (Agrawal et al., 2018; Cao et al.,
2017). To this end, AOA could potentially be a good candidate for nitritation and nitrite
supply to anammox at low ammonium concentrations due to their high affinity for
ammonia (Pan et al., 2016; Straka et al., 2019b). The discovery of comammox
microorganisms, which were reported to have higher affinity for ammonia than AOB
but lower affinity for nitrite than NOB (Dimitri Kits et al., 2017) and present as the
dominant ammonia oxidizers in a mainstream low DO nitrifying reactor (Roots et al.,
2019), further complicates nitritation at mainstream conditions (Winkler and Straka,
2019).

1.2.2.2 Nitrate reduction to nitrite

Nitrate reduction to nitrite can be carried out under anoxic conditions, by heterotrophic

denitrifiers through partial denitrification (Eq. 2a, Table 1.1; Fig. 1.4B, also referred to
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as denitratation), with organic carbon as the electron donor. The coupling of partial
denitrification and anammox (PDA) was already observed in the reactor where
anammox was first discovered (Mulder et al., 1995). In addition, denitrification is known
to help with the removal of the small amount of nitrate produced from anammox
metabolism and thus improve the nitrogen removal efficiency of anammox-based
reactors at low influent COD/N ratios (Mozumder et al., 2014; Ni et al., 2012). In
natural, relatively cold ecosystems, anammox can obtain 67% or more of nitrite from
nitrate reduction, and 33% or less from aerobic ammonia oxidation in the oxygen
minimum zone (OMZ) of the ocean (Lam et al., 2009). Nonetheless, partial
denitrification has only recently gained more interest as it represents an alternative and
yet still promising way to the remaining challenging PN pathway for nitrite supply for
utilizing anammox in the cold mainstream (Ma et al., 2017). Several lab-scale studies
have demonstrated the feasibility of this new combined process for municipal
wastewater treatment (Le et al., 2019; Ma et al., 2017), and for combined treatment of
nitrate-rich streams with municipal wastewater (Du et al., 2019). Note, however, that
the terminology ‘partial denitrification-anammox (PDA) used in literature may be
misleading or at least incomplete. Indeed, a preceding partial nitrification step (i.e.
conversion of half the ammonium to nitrate) may be needed for nitrate supply in case
not yet available, as is the case for municipal wastewater. PNPDA (Partial Nitrification-
Partial Denitrification-Anammox, Eq. D, Table 1.1) would, therefore, be a more
accurate description in this case. It is clear that the benefits of the PDA process are
maximized when the nitrate is provided from external streams (e.g., industrial

wastewater) (Eq. E, Table 1.1).

Another, often ignored nitrate reduction pathway, is the dissimilatory nitrate reduction
to ammonium (DNRA, Eq. 4). During the DNRA reaction, nitrate is first reduced to
nitrite (partial DNRA, Eq. 4a), which can be further reduced to ammonium, depending
on the availability of electron donors (e.g., COD) (Kraft et al., 2011). The catabolic
reaction of partial DNRA is the same as partial denitrification (Eq. 2a/4a). Therefore,
analogous to partial denitrification, partial DNRA can lead to a nitrite accumulation and
could hence be coupled with anammox process as well (Eq. D & E and Fig. 1.4C). The
full DNRA process can also provide the ammonium needed for anammox conversion,
as observed in OMZ where DNRA provides substantial part of the NH4* requirements

for anammox (Lam et al., 2009). DNRA bacteria are often detected in anammox
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reactors (Guo et al., 2016; Shu et al., 2015); however, their role in these systems is

not yet clear.

Anammox bacteria can perform DNRA as well (also referred to as organotrophic
anammox) (Glven et al., 2005; Kartal et al., 2007). This DNRA capacity of anammox
bacteria increases their competitiveness in wastewater treatment as they can make
use of some organic carbon present in the wastewater (Fig. 1.4D). Besides, in this
way, residual nitrate present in the effluent of anammox bioreactors could also be
removed (Winkler et al., 2012). Thermodynamic calculations indicate that low COD/N
influent ratios favor the partial DNRA-anammox transformation (by anammox bacteria)
over heterotrophic conversions since more free energy is gained (Castro-Barros et al.,
2017). One feature of the DNRA by anammox bacteria is that organic carbon is
oxidized to carbon dioxide rather than assimilating into biomass, resulting in no
biomass production on carbon (Kartal et al., 2007; Tao et al., 2019; Winkler et al.,
2012). A process scheme has been proposed to potentially utilize the dissimilatory

nitrate reduction by anammox for MWW treatment (Castro-Barros et al., 2017).

Since the catabolic reactions are identical for heterotrophic partial denitrification, partial
DNRA by heterotrophs and anammox bacteria (Eq. 2a/4a), the same abbreviation PD
was used for these three reactions in this thesis The main challenge in applying PDA
(i.e., the three abovementioned nitrate reduction pathways for nitrite supply for
anammox) is the management of heterotrophs. The strict control of heterotrophs is
required for two reasons: (1) to avoid outcompetition of the slow-growing anammox
bacteria; (2) to stop nitrate reduction at nitrite; and (3) to mitigate potential N20O
emission. Control strategies are being developed, such as relative low COD/N ratios,
residual nitrate, and carbon source, to select partial denitrification over full
denitrification (Cao et al., 2016; Du et al., 2019; Le et al., 2019). Analogous to the PNA
process, the PDA process can be achieved either in two consecutive reactors (two-
stage PDA, (Ma et al., 2017)) or in a single reactor (one-stage PDA, (Castro-Barros et
al., 2017)).

Alternatively, there are also other nitrate reduction processes that can be possibly
coupled with anammox process. such as the denitrifying anaerobic methane oxidation
(DAMO) processes during which DAMO archaea reduce nitrate to nitrite using
methane as electron donor (Ettwig et al., 2010; Xie et al., 2017), and autotrophic nitrate
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reduction by microorganisms with inorganic electron donors (e.g., Fe?*, S%) (Oshiki et

al., 2013; Wu et al., 2016). This thesis does not focus on these options.

Overall, for the successful application of anammox-based processes, nitrite sources
should be promoted and dictate how anammox-based processes can be implemented
(Fig. 1.4), whereas the competition for nitrite between anammox and other nitrite sinks

(i.e. NOB, heterotrophic denitrifiers and DNRA bacteria) should be minimized.

1.2.3 Factors governing the competition between denitrification and DNRA
(Chapter 3)

Apart from serving as alternative sources of nitrite for anammox, the competition
between denitrification and DNRA has broad implications. During denitrification, nitrate
can be converted to nitrogen gas, thereby leading to nitrogen loss in natural and
engineered ecosystems such as WWTPs. Nitrous oxide, a potent greenhouse gas, can
be emitted during this process, posing an increasing concern (Canfield et al., 2010). In
contrast, DNRA retains nitrogen locally by converting nitrate to bioavailable
ammonium, which may be beneficial for natural ecosystems but unwanted for WWTPs
(Van Den Berg et al., 2015). Growing evidence suggests that DNRA can be significant
in both aquatic and terrestrial ecosystems, and it was shown to be present in activated
sludge systems (Giblin et al., 2013; Ratting et al., 2011; Van Den Berg et al., 2015).
Nevertheless, little is known about the importance of DNRA and its relative contribution
in global N-cycling and biological nitrogen removal systems in WWTPs (Burgin and
Hamilton, 2007; Kraft et al., 2011; Kuypers et al., 2018). Therefore, there is a pressing
need to better comprehend the factors influencing the competition between
denitrification and DNRA for nitrate (Chapter 3).

1.2.4 Feasibility of the integrated HRAS-PNA system (Chapter 4)

There is currently a changing paradigm in the water sector, focusing on resource
recovery, as reflected by the change of renaming wastewater treatment plants to water
resource recovery facilities (WRRFs). The conceptual two-stage HRAS-PNA system
has been proposed for future energy-neutral or even energy-positive WRRFs (Jetten
et al., 1997; Kartal et al., 2010; Verstraete and Vlaeminck, 2011). In this two-stage
system (Fig. 1.3C), sufficient COD removal in the HRAS stage is crucial for avoiding

the proliferation of heterotrophs and thus allow a successful PNA stage. However, a
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higher COD removal in the HRAS stage does not necessarily mean a higher energy
recovery (Jimenez et al., 2015; Nogaj et al., 2015). While the HRAS process has
already been successfully applied at full-scale in the past to maximize energy recovery
from the influent COD (Boehnke et al., 1997), the additional challenge for it herein is
to simultaneously realize a sufficiently high COD removal efficiency in order to meet
the influent requirements (i.e., low COD/N of HRAS effluent) of the downstream PNA

stage.

The feasibility of the PNA process under mainstream conditions has been
demonstrated in several laboratory and pilot-scale studies (De Clippeleir et al., 2013;
Laureni et al., 2016; Lotti et al., 2014a). Nevertheless, these studies also point out that
the long-term stability of PNA process (i.e., maintaining high process rate and low
effluent nitrogen concentration) under varying temperature (especially low
temperature) and loading rates (e.g., COD removal in the preceding HRAS stage) in
full-scale WWTPs should be evaluated further (Cao et al., 2017; Hoekstra et al., 2019).

Overall, to comprehensively assess the combined HRAS-PNA system, a plant-wide
perspective is needed (Chapter 4), as applied in the past for the evaluation of
sidestream anammox processes (Volcke et al., 2006). Model-based investigations are
useful for fast and rigorous assessment of the performance of WWTPs, in particular,
to analyse the interrelations among unit processes. Up till now, the HRAS-PNA system
and/or similar systems (e.g., bioflocculation and two-stage PNA) have only been
evaluated via rough mass and energy balance calculations (Siegrist et al., 2008) and
steady-state simulations (Bozileva et al.,, 2017; Fernandez-Arévalo et al., 2017;
Khiewwijit et al., 2015). A few studies applied life-cycle analysis for environmental
assessment of systems with PNA in the mainline (Besson et al., 2017; Schaubroeck et
al., 2015). Still, the feasibility and long-term stability of the HRAS-PNA system under
dynamic conditions (e.g., temperature, hydraulic load, and substrate concentrations)

remain to be evaluated.

1.3 Outline of the thesis

This thesis focuses on microbial interactions during biological nitrogen removal
processes and assesses these systems both experimentally, through lab-scale studies

and theoretically, with mathematical modelling and simulations.
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Chapter 1 introduces the nitrogen cycle and involved technological concepts. Chapter
2 is dedicated to the impact of organic matter on the reactor performance and N20
emission of a standalone granular sludge anammox reactor, mimicking the scenario
where two-stage PNA is used for sidestream nitrogen removal (Fig. 1.3B). A lab-scale
continuously fed bubble column granular sludge anammox reactor was operated over
400 days. A generalized method was demonstrated and applied to derive the
anammox stoichiometry from experimental data for improved mass balance. In
addition, a widely made mistake concerning the anammox yield coefficient in modelling

of anammox process was identified, with solutions proposed.

Apart from anammox bacteria, heterotrophic denitrifiers and DNRA bacteria can carry
out nitrate reduction as well, which can provide nitrite for anammox bacteria besides
nitritation. Chapter 3 elucidates the competition between denitrification and DNRA for
nitrate and organic carbon using the resource-ratio theory. Firstly, the resource-ratio
theory was proven applicable for predicting the competition outcome of heterotrophic
denitrification and DNRA. Based on this theory, the importance of resource
concentrations, COD/N ratio, dilution rate, and microbial physiological features to the
competition outcome was highlighted. In particular, how these factors jointly define the
boundaries for different competition outcomes was revealed. The results challenge

prevailing perceptions and provide testable hypotheses and tools for further research.

Wastewater treatment plants of the future aim at energy autarky. This could potentially
be realized through an HRAS process for COD redirection followed by a mainstream
PNA process for nitrogen removal (Fig. 1.3C). This promising process option was
evaluated in Chapter 4 through modelling and simulations. The impact of operating
conditions on the unit processes was investigated first, followed by a plant-wide
assessment of the combined HRAS-PNA system, illustrating the feasibility of
mainstream anammox. In addition, the combined HRAS-PNA system was compared
with the conventional activated sludge (CAS) system, in terms of effluent quality and

operational cost, under both steady-state and dynamic conditions.

Chapter 5 gives concluding remarks on how the findings of this thesis and their
implications contribute to the understanding of biological nitrogen removal from
wastewater and of the nitrogen cycle in general, concerning methodology, the fate of

nitrate and process evaluation.
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Chapter 2 N20 emission and anammox stoichiometry

2.0 Abstract

A continuously fed bubble column granular sludge anammox reactor was operated for
405 days to investigate the effect of organic matter on the reactor performance and
N20 emission. Results showed that influent COD improved the nitrogen removal of the
anammox reactor at low influent COD/TN ratios (ca. 0.1 g COD.g N'); however, a
concurrent increase in N20 emission was observed. The average N20 emission
increased by 2.5 times (p<0.05) with increasing influent COD concentration,
accounting for up to 0.46% of the incoming nitrogen load. A generalized method was
demonstrated and applied to derive the anammox stoichiometry from experimental
data for improved mass balance. Mass balance revealed that approximately 18% of
the nitrate produced from anammox conversion was reduced via heterotrophic
denitrification to nitrite, and 29% of this produced nitrite was further released as N:20.
In addition, it was found that the experimentally measured anammox biomass yield in
the overall metabolic reaction has been mistakenly used for the catabolic yield in many

modelling studies. Solutions were proposed.

Chapter redrafted after:

Jia, M., Castro-Barros, C.M., Winkler, M.K.H. and Volcke, E.Il.P. (2018) Effect of
organic matter on the performance and N20 emission of a granular sludge anammox

reactor. Environmental Science: Water Research & Technology 4, 1035-1046.
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2.1 Introduction

The discovery of anaerobic ammonium oxidization (anammox) has changed the
understanding of the global nitrogen cycle and revolutionized nitrogen removal from
wastewater. Anammox bacteria can autotrophically convert ammonium (NH4*) and
nitrite (NO2") to dinitrogen gas in the absence of oxygen (Strous et al., 1998). To
provide the nitrite needed by the anammox reaction, approximately half of the
ammonium in the wastewater is oxidized to nitrite by ammonium-oxidizing bacteria
(AOB), i.e., the so-called partial nitritation (PN) process (Van Dongen et al., 2001). The
other half of the ammonium can be subsequently oxidized with the converted nitrite by
anammox bacteria. The combined partial nitritation and anammox (PN/A) steps can
be achieved either in two consecutive reactors (two-stage PN/A) (Van Dongen et al.,
2001) or in a single reactor (one-stage PN/A) (Sliekers et al., 2003). Compared to the
conventional nitrification-denitrification process, the PN/A process requires up to 63%
less aeration energy, produces 70-80% less sludge, removes the need for external
organic carbon addition, and emits almost no CO:2 (Siegrist et al., 2008). It has thus
been widely studied and applied in treating ammonium-rich wastewaters with low
organic carbon to nitrogen ratios (COD/N) and elevated temperature, such as the side
stream generated from the reject water of anaerobically digested sludge (Lackner et
al., 2014). The implementation of anammox-based technologies in the mainstream of
WWTPs (i.e., mainstream anammox) is under investigation to transform wastewater
treatment into energy-neutral or even energy-generating (Jetten et al., 1997; Kartal et
al., 2010; Verstraete and Vlaeminck, 2011). For this purpose, two-stage PN/A systems,
where anammox process is achieved in a stand-alone reactor following a partial

nitritation reactor, are considered as a suitable configuration (Pérez et al., 2015).

One of the major challenges of mainstream anammox is the presence of organic matter
in most wastewater streams (Cao et al., 2017). The influent COD can stimulate the
growth of fast-growing heterotrophic denitrifiers, which compete with the slow-growing
anammox bacteria for nitrite, resulting in system failure, especially at high COD/N
ratios (Cao et al., 2017). On the other hand, heterotrophic denitrifiers may increase
nitrogen removal efficiency in anammox reactors under low COD/N ratios (Mozumder
et al., 2014; Winkler et al., 2012). This is due to the further reduction of accumulated
nitrate with organic carbon as electron donors by heterotrophs via denitrification (Ma
et al., 2017) and/or by anammox bacteria via dissimilatory nitrate reduction to
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ammonium (DNRA) (Winkler et al., 2012). However, the impact of COD in anammox
systems has not been evaluated in many anammox studies (Schielke-Jenni et al.,
2015) but might be important to thoroughly comprehend reactor performance. Simple
mass balance calculations offer a good tool to correct for the contribution of
heterotrophic denitrification and anammox in the nitrogen removal in anammox

reactors, as demonstrated in this contribution.

The accuracy of mass balances depends on the accurate knowledge of the involved
reactions and their stoichiometry. Different anammox stoichiometries were reported
diverging from the stoichiometry determined by Strous et al. (1998) (Eq. 2.1, Table
2.2), which is commonly used for mass balance, modelling and design of anammox
process. The stoichiometry of anammox process and the elemental composition of
anammox bacteria were identified again by Lotti et al. (2014b) in a nearly pure (ca.
98%) anammox culture (Eq. 2.2, Table 2.2). Despite a comparable biomass yield over
ammonium (0.066 vs. 0.071 mole C-x/mole NHs-N) obtained in both studies, the results
also highlighted substantial differences in terms of biomass composition as well as
stoichiometric ratios of consumed NO2-N to consumed NH4-N (ANO2/ANH4*) and
produced NOs3-N to consumed NH4-N (ANOs/ANHs4*). For example, the nitrate
production per mole ammonium consumed (ANO3/ANH4*) is 38% lower in Eq. 2.2 than
in Eq.1 (0.161 vs. 0.26, Table 2.2). To understand these significant inconsistencies
and to obtain a more reliable mass balance, a better understanding of anammox

stoichiometry is needed.

The presence of influent COD may also stimulate the formation of nitrous oxide (N20)
in anammox reactors. N20 is a potent greenhouse gas, with 297 times stronger global
warming potential than CO2 (IPCC, 2014). Even small amounts of N20O emission
contribute significantly to the carbon footprint of WWTPs, which is of increasing
concern in recent years (Kampschreur et al., 2009; Massara et al., 2017). Anammox
bacteria are lacking the genes to produce N20 (Strous et al., 2006) in which they differ
from heterotrophic denitrifiers that are capable of emitting N2O as an intermediate of
the denitrification process. Nevertheless, N2O emission can be expected in stand-
alone anammox reactors (as part of two-stage PN/A systems) when heterotrophic
denitrifiers are triggered by influent COD. Intensive studies have been carried out on

N20 emission from one-stage PN/A reactors (Ali et al., 2016; Li et al., 2017; Mampaey
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et al., 2016) and from stand-alone partial nitritation reactors (Mampaey et al., 2016).
Studies on N20O emission from stand-alone anammox reactors (as part of two-stage
PN/A systems) are rather limited, and the impact of influent COD on the N20O emission

from these reactors has not been investigated explicitly.

This contribution assesses the impact of influent organic matter on the overall
performance and N20 emission of a lab-scale granular sludge anammox reactor. The
nitrogen removal and N20 emission were measured without and with influent COD. A
general method to calculate the anammox stoichiometry corresponding with case-
specific experimental observations was applied and demonstrated. Mass balances
were further set up to quantify the contribution of heterotrophic denitrification and the
anammox process. Moreover, a commonly made mistake regarding the yield

coefficient of anammox bacteria in modelling and simulations was addressed.

2.2 Materials and methods

2.2.1 Reactor setup and operation

A lab-scale continuously fed bubble column reactor with a working volume of 6.5L (Fig.
2.1) was operated for more than 400 days. The inoculum for the granular anammox
sludge originated from the full-scale anammox reactor in the Dokhaven WWTP,
Rotterdam, the Netherlands (van der Star et al.,, 2007). The initial biomass
concentration in the reactor was 3.36 g VSS.L-'. The pH was maintained at 7.2 + 0.1
by dosing 1M hydrochloric acid and 1M sodium hydroxide. The temperature was
controlled at 30 + 1°C by using a heating water jacket connected to a circulating bath.
The off-gas, mainly N2 and COz2, was recirculated to suspend the biomass. The reactor
was kept anoxic by recirculating the off-gas at a constant flow rate of 1 L.min-". Besides,

N2 was added when the dissolved oxygen (DO) was higher than 0.05 mg O2.L-".
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Figure 2.1. Schematic representation of the lab-scale setup

Both inorganic and organic synthetic wastewater media were prepared. The inorganic
synthetic influent contained ammonium (in the form of (NH4)2S0Qa4), nitrite (in the form
of NaNOz2), and mineral medium, while organic synthetic wastewater was prepared by
adding sodium acetate (CH3COONa) to the inorganic synthetic wastewater. The
composition of the mineral medium was 0.41 mM MgSO4:7H20, 10 mM KHCOs3, 4.19
mM K2HPO4, 0.76 mM KH2PO4, and 1.25 mL.L™" of trace element solution | and trace
element solution Il (Van De Graaf et al., 1996). The trace element solution | contained
(9.L"): EDTA 5, FeSO4 5; the trace element solution Il contained (g.L™"): EDTA 15,
H3BO4 0.014, MnCl2-4H20 0.99, CuSO4-5H20 0.25, ZnS04-7H20 0.43, NiCl2:6H20
0.19, NaSeO4-10H20 0.21, NaMoO4-2H20 0.22. Before being fed, the medium was
adjusted to a pH of 7.0 £ 0.1 and flushed with N2 gas for 20min to remove the dissolved

oxygen in the medium.

The reactor was operated in four phases and was first fed with inorganic and then
organic synthetic wastewater (Table 2.1). In phase | (day 1-130), the influent
concentrations of NH4™ and NOz2™ were first increased progressively (50-550 mg NH4*-
N.L-' and 50-650 mg NO2-N.L-") to adapt the anammox bacteria to higher nitrogen
load (up to 1.2 kg N.m=3d-") and then gradually decreased. In phase Il (day 131-336),

26



Chapter 2 N20 emission and anammox stoichiometry

the reactor was fed with medium of constant NH4* and NOz2" concentrations to establish
a stable operation. In phase Il (day 337-383), the influent concentrations of NH4* and
NO2= were kept constant, while the influent COD concentration was increased
progressively (8, 12 and 20 mg COD.L™") to adapt the anammox biomass to influent
COD in the first 21 days (phase lll_1) and then fixed at 40 mg COD.L"" (phase Ill_2) to
study the effect of influent COD. Correspondingly, the ratio of COD from sodium
acetate over the incoming total nitrogen (COD/TN) varied from zero to 0.1 (g COD.g
N-"). In phase IV (day 384-405), following blocking of the reactor effluent on day 384,
the reactor was opened and cleaned for troubleshooting, resulting in unstable
operation and some biomass loss. The HRT was increased from 1 to 2 days to lower
the NLR and to enable the recovery of the anammox reactor. The reactor was stopped
on day 405.

Table 2.1. Operational conditions of the granular sludge anammox reactor

Influent (mg N or COD.L") HRT NLR

Phase Days -
Y NHe¢  NOr  CHsCOONa NOzN COD (q) (kg N.m3d)

INHeN /TN
| Startup  1-130 gg(') 50-650 0 1413 0 1 0.1-1.2
o Stable g 136 350 400 0 1.1 0 2 0.37
anammox
m COD 3371383 200 200 0-40 1 0041 1 0.4
addition
|y RECOVery sa/ 405 200 200 40 1 01 12 0.4-0.2

test

2.2.2 Analytical procedures

The biomass concentration was determined as total suspended solids (TSS) and
volatile suspended solids (VSS) according to standard methods (APHA, 1998). Liquid
samples were filtered through a 0.45um disposable Millipore filter. Ammonium, nitrite,
nitrate, and COD were determined with standard test kits (Macherey-Nagel, Germany).
However, the COD measurement showed uncertainty, as the carbon mass balance did
not always match up with the media composition, e.g., the effluent COD was higher
than the influent COD in some paired samples. It was thought that the elevated effluent
COD could be attributed to soluble microbial products (SMP) and decay released
substrate from the metabolism of anammox bacteria, as described in Ni et al. (2012),

where heterotrophs accounted for 23% of the total bacteria in an anammox biofilm
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without addition of external organic carbon. The potential SMP production in phase |l
in our reactor was calculated to be approximately 6.2 mg COD.L-! (corresponds to 2.5
mg DOC.L' if all SMP were assumed to be acetate), using the stoichiometric
coefficients for SMP production from anammox biofilm reported by Ni et al. (2012).
This SMP production is in the same range as average values in similar systems (6.6
mg DOC. L"in Ni et al. (2012) and 10.5 mg DOC.L"" in Zhang et al. (2016). However,
the calculated SMP concentration could not fully explain the higher COD in the effluent
compared to the influent in some cases, hence delineating the importance of
conducting the calculations as presented in this study. The concentration of N2O and
CO:z2 in the off-gas of the reactor were monitored on-line with a gas phase analyser (X-
STREAM, EMERSON, Germany). The one-way ANOVA method was used to
determine whether the differences of the measured N20 emission during different

phases were statistically significant (SPSS 24 software, IBM).
2.2.3 Calculation of the anammox reaction stoichiometry

This study presents a generalized calculation scheme for the determination of the
theoretical stoichiometry of anammox reaction with a general biomass composition
(CHxOyNz), following the generalized method of Kleerebezem and van Loosdrecht
(2010). This stoichiometry derivation method is a refinement of the electron-based
method developed by McCarty (1975) and Rittmann and McCarty (2001) and the
method based on degree of reduction and elemental balances described by Heijnen
(1999), as it 1) enables free definition of electron acceptors and donors in the anabolic
reaction equation, 2) does not use predefined reference states (e.g., carbon dioxide
for carbon) for any of the elements involved in the redox reactions, 3) is optimized for
straightforward implementation in a calculation procedure (e.g., spreadsheet)
(Kleerebezem and Van Loosdrecht, 2010). The complete metabolic reaction (Met) of
anammox process combines the catabolic (Caf) and anabolic (An) reaction.
Ammonium and nitrite are converted to nitrogen gas in the catabolic reaction, while the
anabolic reaction comprises biomass growth, reducing inorganic carbon with
nitrite/nitrate as the electron-donor couple and assuming ammonium as the N-source
(Lotti et al., 2014b; Strous et al., 1998). In the presented calculation scheme, the
stoichiometries of the catabolic and anabolic reactions were defined by closing the

elemental and charge balances of the electron donor and electron acceptor half-
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reactions. Catabolism and anabolism are linked through the measured yield: Y)ﬁvj‘;t

(mole C-x.(mole S)', where X represents biomass, S substrate and Met metabolism)
or, alternatively, the measured ratio of the consumption/production rate of two

compounds (Yl%ezt/,vm = ANO2/ANH4") participating in the reaction system. The overall

metabolic reaction equation of the anammox process was thus derived as a function
of the biomass composition (CHxOyNz) and the measured parameter (e.g., Y)ﬁ"},evtm or

ANO2/ANH4%). This method was documented in a stepwise manner (Section A2.1,

Appendix) and demonstrated in a spreadsheet (Spreadsheet A2.1, Appendix).
2.2.4 Mass balance for process rate estimation

Mass balances were applied to quantify the contribution of potential processes in the
granular sludge anammox reactor. The process rates concerning growth and decay of
anammox bacteria and denitrifiers were determined by balancing measured nitrogen
conversions (NH4, NO2 and NOs") and assumed COD conversions, following the

equation (Schielke-Jenni et al., 2015):
A-p=r

A denotes the matrix of the stoichiometric coefficients (Table A2.1, Appendix), p is the
vector of unknown process rates (g COD.m3.d", e.g., the p; is the process rate for
process j) and r groups the measured net conversion rates of compounds in the
reactor (g N or COD.m=3.d"", e.g., ryy4 is the net conversion rate of NH4-N expressed
as g NHs-N.m=3d"; r,\{m is the conversion rate of NH4-N in process j; r,\’,'m/r,\,H4 is the
contribution of process j in the net conversion of NH4-N). The procedure for the

derivation of this mass balance is documented in detail in the Appendix (Section A2.2
and Spreadsheet A2.2).

2.3 Results and discussion

2.3.1 Reactor performance without and with influent organic carbon

The overall reactor performance is displayed in Fig. 2.2. A high nitrogen removal
efficiency (NRE) was achieved when only ammonium and nitrite were fed (50-550 mg
NHa*- N.L-" and 50-650 mg NO2-N.L" in phase I; 350 mg NH4*-N.L-" and 400 mg NO>-

-N.L-" in phase II), with average removal efficiencies of 91.4 + 5.2%, 98.2 + 2.8% and
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86.1 £ 3.0% for NHs4-N, NO2-N and total nitrogen (TN), respectively. The measured
ratios of ANO2/ANH4+* and ANOs/ANH4* were 1.24 + 0.07 and 0.22 + 0.05,
respectively. They were both lower than the corresponding stoichiometric ratios
determined by Strous et al. (1998) (1.32 and 0.26, Eqg.1) and higher than those of Lotti
et al. (2014b) (1.146 and 0.161, Eq. 2.2). The reactor operation aimed at anoxic
conditions, given that anammox bacteria are sensitive to oxygen and can be
completely inhibited at a low DO concentration of 0.2 mg.L"' (Joss et al., 2011).
However, the DO was elevated for several cycles in phase | and Il due to issues in
reactor operation (e.g., day 131). A quick recovery was established within 24h by
temporarily lowering the nitrogen load and adding N2 gas (e.g., day 131), indicating

that the granular sludge anammox system was robust and of high resiliency.
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Figure 2.2. Effluent concentrations (‘eff’) and nitrogen removal efficiency (NRE)
of the granular sludge anammox reactor

Phase Il (200 mg NH4*- N.L-" and 200 mg NO2-N.L" in the influent) was divided into
two stages. In stage 1 the COD concentration was 8-20 mg COD.L"" which was raised
to 40 mg COD.L" in stage 2. The average removal efficiencies of NHs-N and TN were
80.9 £ 6.2 % and 81.53 = 3.4% in the adaptation stage (phase Ill_1), which slightly
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increased (81.6+ 4.1 % and 82.4 + 2.4 %) during the stable operation stage (phase
Ill_2), indicating that the increase of influent COD improved nitrogen removal
performance but not significantly. It is worth noting that the NRE is subject to the
influent composition and can be directly compared between different operation phases
only when the influent ammonium to nitrite concentration ratio is the same. Due to the
lower NO2-N to NH4*-N influent concentration ratio in phase lll than in phase | and Il
(Table 2.1), the NRE of phase Ill could not be compared to that of phase | and Il. On
the other hand, the measured ratios of ANO2/ANH4* and ANO3/ANH4" are directly
related to the stoichiometry of the actual conversions in the reactor and thus could be
used for direct comparison between different operation phases. The measured ratios
of ANO2/ANH4* and ANO3/ANH4* were 1.23 £ 0.02 and 0.21 £ 0.02 in phase Ill_1,
which decreased to 1.21 £ 0.06 and 0.20 £ 0.03 in phase Ill_2. The lower ANO3/ANH4*
ratio in phase Il compared to that of phase | & Il (without COD addition), indicates that
less NOs™ was accumulated per NH4* consumed, i.e., NOs™ produced in the anammox
reaction was partly reduced due to the influent COD addition. The even lower ANO3"
/ANH4* in phase 1ll_2 than in phase Ill_1 indicates that more NO3™ was reduced with
the increase of influent COD (see also Fig. A2.2), as confirmed in the decreased
effluent NOs™ concentration in phase Ill_2 (Fig. 2.2). Analogously, the lower ANO2
/ANH4* ratio in phase Ill than in phase | & Il indicates that more NH4™ was consumed
per influent NO2™ due to the influent COD addition as NO2" was the limiting substrate in
the influent and was nearly completely consumed throughout the first three phases
(mostly < 1 mg NO2-N.L" in the effluent, Fig. 2.2) . The interpretation of these

observations is further elaborated in Section 2.3.3.

The effluent of the reactor was blocked on day 384 and the reactor was thus opened
and cleaned, leading to air exposure (thus possible oxygen inhibition on anammox
activity) and to some biomass loss. Consequently, the nitrogen removal efficiency
sharply dropped at the beginning of phase IV, resulting in a high concentration of
ammonium and nitrite in the effluent (Fig. 2.2). Nevertheless, the reactor recovered
gradually by lowering the nitrogen load rate from 0.4 to 0.2 kg N.m-3d"" (Table 2.1), as
shown by the decreasing ammonium and nitrite concentration and increasing nitrate

concentration and nitrogen removal efficiencies (Fig. 2.2).
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2.3.2 Stoichiometry of the Anammox process
2.3.2.1 Application of general procedure — verification to literature reports

The anammox stoichiometry is crucial for the design, modelling and mass balancing of
anammox-based processes. Regarding the anammox stoichiometry, substantially
different results were reported in the literature (e.g., Eq. 2.1 vs. Eq. 2.2, Table 2.2).
Following the generalized method of Kleerebezem and van Loosdrecht (2010)
(detailed in Appendix, Section A2.1), the theoretical stoichiometry of the overall
anammox metabolism (Eq. 2.5, Table 2.2) was derived from the underlying catabolic
and anabolic reactions (Eq. 2.3 and Eq. 2.4, Table 2.2) as a function of biomass

composition (CHxOyNz) and the measured yield coefficient Y)ﬁ’}‘j\fm.

The theoretical anammox stoichiometry was calculated (as Eq. 2.5, Table 2.2) for the
measured biomass composition and yield from the studies of Strous et al. (1998) and
Lotti et al. (2014b) as Eq. 2.6 and Eq. 2.7 (Table 2.2), respectively. Comparison of the
original anammox stoichiometry reported by Strous et al. (1998) with the theoretical
one based on the experimental values from the same paper (Eq. 2.1 vs. Eq. 2.6, Table
2.2) shows a mismatch: the ANO2/ANH4* ratios diverge by 13.6% (1.140 vs. 1.32) and
the ANO3/ANH4* ratios by 42.7% (0.160 vs. 0.26). In contrast, the stoichiometry put
forward by Lotti et al. (2014b) perfectly matched the theoretical calculation in this study
(Eq. 2.2 vs. Eq. 2.7, Table 2.2).
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Table 2.2. Stoichiometry of the anammox reaction: general expression. Negative stoichiometric coefficients indicate consumption (for
substrates); positive stoichiometric coefficients are for products.

Source NH4* NO: HCOs H* CH,OyN; NOs N2 H20 Ejriabtle?“n
Strous et al.
iterature  (1998) -1.000 -1.32 -0.066  -0.13 0.066 0.26 1.02 2.03 Eq. 2.1
expressions (Lzoéﬂf)t clk -1.000 -1.146 0071 -0.057  0.071 0.161 0.986 2.002 Eq. 2.2
Catabolism -1.000 -1.000 1.000 2.000 Eq. 2.3
Generalized x—2y—37 iy sy
stoichiometry Anabolism -2 T -1.000  -(1-2) 1.000 R == Eq. 2.4
#
1 44+x-2y-32 1 4t x—2y—3 1 2-x—2 2
: - + — _ (1. x—2y-3z - 4+
Metabolism v —; v z)  -1.000 (1-2) 1.000 —— e z > e~ Eq.25
Calculation
based on atg%‘g etal. | 4000 1.140 0066 -0.056  0.066 0.150 0.990 1.095 Eq. 2.6
generalized
stoichiometry | ottj et al.
and 2014) -1.000 -1.146 -0.071  -0.057 0.071 0.160 0.986 2.002 Eq. 2.7
measured
values #  Thjs study -1.000 -1.240 -0.117  -0.093 0.117 0.263 0.977 2.003 Eq. 2.8

#Defined per mole C-x formed for a general biomass composition (CHxOyN:); #Calculated according to the generalized method while keeping the measured biomass
composition and yield as in the original articles, i.e., CH200.5No.15 and 0.066 mole C-x.(mole NH4-N)' for Strous et al. (1998) CH1.7400.31No.20 and 0.071 mole C-
x.(mole NH4-N)" for Lotti et al. (2014b)
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The reported stoichiometric ratios of ANO2/ANH4* (1.32) and ANO3/ANH4* (0.26) from
Strous et al. (1998) (Eq. 2.1, Table 2.2) were in many cases well in line with
measurements from other studies (Table A2.3). For example, the corresponding
values from the measurement in a full-scale anammox reactor were 1.31 £ 0.46 and
0.25 + 0.09, respectively (van der Star et al., 2007). These two ratios were thus often
used as operation indicators and design parameters of the upstream partial nitritation
process and the anammox process. Nevertheless, the accuracy of the anammox
stoichiometry defined by Strous et al. (1998) may have been compromised due to: 1)
the 50% uncertainty in the VSS measurement; 2) the incomplete (74%) enrichment
degree of anammox bacteria in the SBR reactor; 3) the significant error in the electron
balance of the measured conversion rates used for stoichiometric equation calculation
(Lotti et al., 2014b; Strous et al., 1998). On the other hand, the long-term steady-state
data set used in Lotti et al. (2014b) was statistically more stable than that of Strous et
al. (1998) as apparent from the deviations of the measured data set and the balanced
data set before and after applying data reconciliation (see Table A2.4) (Lotti et al.,
2014b).

The overall metabolic anammox stoichiometry and the biomass yield coefficient in this
study were also determined (Eq. 2.8, Table 2.2, detailed in Example 2 in Appendix)
from the measured ANO2/ANH4* (1.24) during the reactor operation without COD
addition (phase I&ll) and assuming the same anammox biomass composition
(CH1.7400.31No.20) as in Lotti et al. (2014b). The calculated yield coefficient (Yy)%,,) was
0.117 mole C-x.(mole NH4-N)-', which is in the range of previously reported values in
literature (0.066-0.146 mole C-x.(mole NHs-N)', Table A2.3). This yield coefficient
(corresponding to 0.301 g COD.g NH4-N") was further used in the mass balance

calculations in Section 2.3.3.

Noteworthy is that the generalized method demonstrated in this study can be easily
used to derive case-specific anammox stoichiometry for other studies with commonly
measured parameters.

2.3.2.2 Anammox stoichiometry expressed in ASM format

Mathematical models are powerful tools for process design and optimization. Based
on the concept of the Activated Sludge Models (ASMs) (Henze et al., 2000), the
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anammox process stoichiometry has been typically expressed as in Eq. 2.9 (Table 2.3)
(Hao et al., 2002a; Ni et al., 2012; Volcke et al., 2010). The state variables of the ASMs
are expressed in g COD.m and g N.m and the stoichiometric coefficients are defined
accordingly (Table 2.3). Unit conversion is thus required to compare these
stoichiometric coefficients with those expressed in mole.mole! (Table 2.2), as

demonstrated with an example in the Appendix (A2.3, Eq. A2.22).

The widely applied ASM-based anammox reaction stoichiometry (Eq. 2.9, Table 2.3)
can be divided into a catabolic and an anabolic reaction stoichiometry (Eq. 2.10 and
Eq. 2.11, Table 2.3). It thus becomes clear that NHs-N is consumed in both catabolic
and anabolic reactions (Eq. 2.10 and Eq. 2.11, Table 2.3) in the anammox process,
while the yield coefficient Y°4 (g COD.g NH4-N-") in the model only accounts for the
NH4-N consumed in the catabolic reaction. In practical experiments, the overall ratio of

biomass formed to NHs-N consumed is measured (defined as Yy/4, 9 COD.g NH4-N-

1), accounting for NH4-N consumed in both catabolic and anabolic reaction. Therefore,
the experimentally measured yield (Y}%fvt,’ﬂ) cannot be directly implemented as YM°4 in
Eq. 2.9 (Table 2.3). The yield for the overall metabolic reaction, experimentally
determined by Strous et al. (1998) (Y)ﬁ‘ffvt,’,4=0.066 mole C-biomass per mole NHs-N or

correspondingly 0.172 g COD.g NHs-N-') was mistakenly used in many simulation
studies (Hao et al., 2002a; Ni et al., 2012; Volcke et al., 2010) as if it were YM°4 (Eq.
2.9, Table 2.3). This is conceptually wrong and may induce systematic errors in

simulation studies.
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Table 2.3. Anammox stoichiometry expressed in ASM format

NH4-N NOz-N XAN NO3-N Nz-N Equation
Source
(g N.m?3) (g N.m?3) (g COD.m3) (g N.m?) (g N.m3) number
1 , 1 1 1 2
Met | -(5%a+ inxs) “(tea + 112 1 112 yMod Eq. 2.9
Literature 1 1 2
e.g., Volcke Cat ~ yifod — yitod Tifod Eq. 2.10
et al. (2010)
. 1
An - - 1 v Eq. 2.11
1 1 1 , 1 1
— —po— (] 2y —
Met werr G e NXB) 1 17 (,,%M ~vxB)  Eq.2.12
Alternative, 1 , 1 , o 1 ,
this study Cat '(m — inxs) '(% — inxp) 2 (m — inxs) Eq. 2.13
1 1
An —i —— 1 — Eqg. 2.14
NXB 1.14 1.14 i

Met = Cat + An; YM°? represents the biomass production per amount of NHs-N consumed in the catabolic reaction (g COD.g NH4-N"), which is the
yield coefficient used in many simulation studies; iyyp represents the nitrogen content of anammox bacteria (g N.g COD™"); Y)%t,’ﬂ represents the
biomass production per g NH4-N consumed in the overall metabolic reaction, i.e., the metabolic yield coefficient of anammox biomass over ammonium

(g COD.g NH4-N").
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Since the model yield YM°4 in Eq. 2.9 (Table 2.3) cannot be determined in a
straightforward way, we propose for use in an ASM modelling context an alternative
anammox stoichiometric equation based on the biomass yield per amount of NH4-N
consumed in the overall metabolic reaction, Yy/%,, as denoted in Eq. 2.12 (Table 2.3).
The underlying catabolic and anabolic reaction stoichiometries are given by Eq. 2.13
and Eq. 2.14 (Table 2.3), respectively. Alternatively, Eq.9 (Table 2.3) can be kept.
However, in this case, the Y™°? in the widely used anammox model needs to be

recalculated from the measured Yy37,, through Eq. 2.15.

yhoa _ 1 (2.15)
1 .
vietr - — INXB
X/NH4

The same modelling issue also arises for other bioconversion reactions in which the
substrate, relative to which the yield coefficient is defined, is consumed in both the
catabolic and anabolic reaction. For instance, aerobic ammonium-oxidizing
microorganisms (AOM, including ammonium-oxidizing bacteria/archaea and
comammox bacteria) consume ammonium as an electron donor to produce
nitrite/nitrate in the catabolic reaction and as N-source for biomass synthesis in the
anabolic reaction. Also in these cases, Eq. 2.15 can be used for the correction of yield

coefficient over ammonium while modelling of AOM in ASM format.

2.3.3 Process identification and quantification using mass balances

The anammox reactor was in anoxic operation and fed with ammonium, nitrite and
organic carbon. Therefore five processes were considered to possibly take place:
anammox conversion of NH4™ and NO2 to nitrogen gas and NOs (P1), decay of
anammox bacteria (P2), heterotrophic denitrification of NO2" to N20 or N2 (P3,
denitritation) and of NO3 to NO2" (P4, partial denitrification, i.e., denitratation) and
decay of heterotrophic denitrifiers (P5) (Fig. 2.3a). In order to identify which of these
five processes contributed to nitrogen and COD conversion and to quantify their
respective activities, mass balances were set up to describe phase Ill_2 in which the
COD concentration was the highest. In doing so, ingoing and outgoing component
concentrations were linked to the conversion rates (see Section 2.2.4 and Spreadsheet
A.2.2 in Appendix). In brief, four independent mass balances equations were set up

from the measured ammonium, nitrite, nitrate, and assumed COD conversions. The
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decay rate of anammox bacteria (p,) was calculated from the decay coefficient (Hao
and van Loosdrecht, 2004) and the measured biomass concentration in the reactor
(Spreadsheet A.2.2 in Appendix), reducing the number of unknown process rates from
5 to 4. The remaining four unknown process rates could thus be solved from four

independent mass balances.
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Figure 2.3. Possible processes in the anoxic granular sludge anammox reactor
(a) and calculated process rates (p) in terms of assumed influent COD
consumption (b).

Due to the large uncertainty in the COD measurement, mass balance calculations were
performed within a range of 0 to 80 mg COD.L".d! to estimate the actual COD
consumption and the resulting process rates (p) are presented in Fig. 2.3b. Positive
process rates were obtained for a COD consumption rate up to 22 mg COD.L"'.d"",
corresponding to a converted amount of influent COD equal to 22 mg COD.L"" (given
the HRT=1d,), which is lower than the applied influent concentrations (40 mg COD.L-
) . Overall, the calculated process rates (p) for the four processes were relatively
constant, and the influent COD consumption only strongly affected the process rate of
decay of heterotrophs (P5, Fig. 2.3b).

The contribution of the five processes in the conversion of each substrate was further
illustrated in Fig. 2.4. As expected, the anammox process (P1) was the dominant
process for ammonium conversion and all other ammonium conversion processes
were negligible (Fig. 2.4a). The nitrate produced from the anammox process (P1)

hardly varied with varying influent COD consumption (36.4-36.6 mg N.L"'d""). The
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mass balance revealed that approximately 18% of the produced nitrate was reduced
to nitrite by partial denitrification (P4) (Fig. 2.4b). The nitrite produced via partial
denitrification (P4) could be further reduced by the anammox process (P1) and/or
denitritation process (P3). The calculation shows that 53-72% of the produced nitrite
was converted by denitritation (P3) to nitrogen gas and/or N2O (P3 relative to P4, Fig.
2.4c). The remainder of the produced nitrite was converted by the anammox process
(P1). Regarding the COD conversion, partial denitrification (P4) and denitritation (P3)
almost equally contributed to COD consumption, whereas the predicted COD
production from the decay of heterotrophs (P5) decreased with increasing assumed
influent COD consumption (Fig. 2.4d) as together they were providing the COD for

consumption.
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Figure 2.4. Contribution of individual processes in the conversion of NH4-N (a),
NOs-N (b), NO2-N (c) and COD (d), as a function of influent COD consumption
rate (expressed as conversion rate r , positive values for production and
negative values for consumption)

The results from this study were in line with previous experimental (Kumar and Lin,
2010; Ni et al., 2012) and modelling (Hao and van Loosdrecht, 2004; Mozumder et al.,
2014) studies which showed that the availability of some influent COD can lower the
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effluent nitrate concentration due to heterotrophic denitrification and thus increase the
total nitrogen removal efficiency of anammox reactors. Another possible explanation
for the nitrate reduction is the dissimilatory nitrate reduction to ammonium (DNRA) by
anammox bacteria (Kartal et al., 2007). In the DNRA process, nitrate is first reduced to
nitrite (partial DNRA) and further reduced to ammonium, using organic carbon as an
electron donor. Partial DNRA by anammox bacteria was shown to be
thermodynamically favourable over heterotrophic denitrification under low COD/N
conditions, i.e., more Gibbs free energy production per unit of organic carbon in the
partial DNRA-anammox process (Castro-Barros et al., 2017). In our system, the
maximum nitrate production by normal anammox reaction in phase Il was 40 mg NOs-
N.L-, yielding a COD/NOs-N ratio of approximately 1 (g COD.g NOs-N-"), which might
have promoted the partial DNRA (NOs~ - NOz2’) by anammox bacteria (Winkler et al.,
2012). However, adding the partial DNRA by anammox bacteria to the current mass
balance equation system would result in an underdetermined equation system (i.e.,
the rank of the equation system is lower than the unknowns) and was therefore not

determined in this study.

In many anammox studies, the presence of heterotrophs was ignored and the COD in
the reactor was neither measured nor considered in mass balances (Schielke-Jenni et
al., 2015). Nevertheless, heterotrophic denitrifiers have been widely found in anammox
reactors and can account for up to 23% of the biomass in biofilm reactors even without
organic matter in the influent (Kumar and Lin, 2010; Ni et al., 2012). Besides, most
wastewater streams fed to anammox reactors contain certain amounts of organic
matter (Cao et al., 2017). Even though in two-stage PN/A systems most of the easily
biodegradable COD (e.g., acetate) is normally removed in the preceding partial
nitritation step, residual particulate COD could be hydrolyzed to volatile fatty acids due
to long retention time of the anammox granules (De Graaff et al., 2011). Besides,
organic carbon entering the anammox reactor can also be expected in alternative
process configurations, such as in the DEAMOX (DEnitrifying AMmonium OXidation)
process (Kalyuzhnyi et al., 2006) which consists of partial denitrification (nitrate to
nitrite) by heterotrophic denitrifiers followed by an anammox process and which is
applied for the treatment of nitrate-rich industrial wastewaters (Cao et al., 2016; Du et
al., 2017) or as an alternative way of implementing anammox in the mainstream (Ma

et al.,, 2017). In this process, the presence of the easily biodegradable COD (e.g.,

40



Chapter 2 N20 emission and anammox stoichiometry

acetate) is a prerequisite for nitrite production in the partial denitrification step. The
effluent of the partial denitrification reactor contains both nitrite and a small amount of
residual COD, which will then be fed together with the ammonium-containing stream
to the anammox reactor. Overall, it is clear that heterotrophs will be of importance to
anammox-based systems. The method demonstrated in this study can be easily used
to estimate the impact of heterotrophic denitrification in anammox reactors even

without COD measurement.

2.3.4 Impact of influent organic matter on N2O emission

The measured N20 concentration and calculated N20 emission factor (EF_N:20,
defined as the ratio of N20O-N over incoming nitrogen load) in the different operating
phases are displayed in Fig. 2.5. The average N20 emission factor was 0.13% in phase
[l without organic substrate in the influent. It increased significantly (p<0.05) to 0.17%
in phase Ill_1 with influent COD concentration of 8 mg COD.L-! (corresponds to
COD/TN~0.02). This trend further increased significantly (p<0.05) to 0.46% in phase
[1l_2 when the influent COD concentration was 40 mg COD.L"' (corresponds to
COD/TN~0.1). This emission factor in phase_Ill_2 (0.46%) was 2.7 times and 3.5 times
as high as in phase Ill_1 (0.17%) and phase Il (0.13%), respectively.

The N20 emission level (0.13-0.46% of the incoming nitrogen load) in this study was
comparable to the values reported in other studies concerning a granular sludge
anammox reactor following a partial nitritation stage. For example, the N2O emission
from the granular sludge anammox reactor was 0.36% of the nitrogen load in a full-
scale two-stage PN/A process treating reject water (Kampschreur et al., 2008) and
0.1% £ 0.07% of the nitrogen load in a lab-scale two-stage PN/A process receiving
inorganic synthetic wastewater mimicking typical sidestream conditions (Okabe et al.,
2011). The latter is close to that of phase Il in this study (0.1% vs. 0.13%) where no

organic matter was fed either.

Regarding the source of N20 production, since anammox bacteria are lacking the
genes to produce N20 (Strous et al., 2006), the relatively high N2O emission with
influent COD can be attributed to heterotrophic denitrifiers. Previous studies with
micro-sensors and isotopic analyses suggested that the N2O production in anammox

granular sludge originated from heterotrophic denitrifiers present in the inner part of
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the granules (Ali et al., 2016; Okabe et al., 2011). Our results from the mass balance
calculations showed that the denitritation process by heterotrophic bacteria increased
with increasing COD concentration (Fig. 2.4d). The concurrent increase in N20
emissions in phase Ill corroborates that the denitritation process contributed to N20
production. The N20 emission in phase Il (without COD addition) was most likely

generated by heterotrophs that grew on decay products.
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Figure 2.5. N20 concentration in the off-gas and emission factor of the granular
sludge anammox reactor. The error bar indicates standard deviations of the
measurements.

Mass balancing over N20 further revealed that the nitrogen released as N2O was 1.9
mg N20O-N.L-'d"" in phase Ill_2 (COD/TN~0.1), accounting for approximately 29% of
the nitrate being reduced by partial denitrification (P4 in Fig. 2.4b, i.e., 5% of the nitrate
produced by the anammox reaction (P1 in Fig. 2.4b)). This was most likely the result
of the carbon-limited condition in phase lll (the theoretically maximum COD/NOs-N
ratio was approximately 1 in phase lll, see paragraph 4 in Section 2.3.3), which is
known to favor N20O accumulation and emission during heterotrophic denitrification
(Kampschreur et al., 2009). The gas recirculation for mixing and suspension of
granules in this bubble column reactor may also facilitate the N20O produced to be
emitted into the gas phase. Besides, the CO2 concentration in the off-gas was also
measured and the CO2 emission increased concurrently with the increasing influent

COD (Fig. A2.3, Appendix). These results suggest that although small amounts of COD
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can increase nitrogen removal efficiency, the greenhouse gas emissions (and thus the

carbon footprint) will increase at the same time.

The N20 emission from an anammox reactor with COD present in the influent could be
potentially mitigated by several means: 1) by maintaining a low nitrite concentration in
the reactor as nitrite is known to increase N20 during denitrification (Kampschreur et
al., 2009), e.g., by keeping nitrite as the limiting substrate in the influent (De Graaff et
al., 2011); 2) by avoiding rapid changing process conditions (e.g., caused by varying
influent nitrite concentrations) (Law et al., 2012); 3) through selective removal of flocs
or smaller granules in the granular sludge anammox reactor as the fast growing
heterotrophs are reported to preferably grow in these forms (Laureni et al., 2015;
Winkler et al., 2011); 4) by lowering the gas flow rate and thus reduce stripping of
produced N20 — while keeping a minimum gas flow rate to ensure the mass transfer
(mixing) in the reactor and the shear force acting on granules; 5) by increasing the
availability of COD (higher COD/N ratio) as low COD/N conditions favor N2O emission
during heterotrophic denitrification (Kampschreur et al., 2009) — however, this may lead
to the proliferation of heterotrophs and thus the washout of anammox bacteria. Further
research is needed to evaluate the effect of COD on the nitrogen removal efficiency of
and N20 emissions from anammox reactor systems to ensure that the improvement of

effluent quality is not offset by increased greenhouse gas emissions.

2.4 Conclusions

The effect of influent organic matter on the performance and N20O emission of a lab-
scale granular sludge anammox reactor was investigated in this study. The
stoichiometry of anammox process and the contribution of processes potentially taking

place in the reactor were analysed through elemental and mass balances, respectively.

e The overall anammox stoichiometry was calculated as a function of the biomass
composition (CHxOyNz) and the measured yield coefficient, according to a
general procedure that can easily be applied for other experimental studies.

e The anammox biomass yield coefficient on the amount of ammonium consumed
in the overall metabolic reaction has been mistakenly used in many simulation
studies as if it were the yield coefficient relative to the ammonium consumed in

the catabolic reaction. Approaches for correction were proposed.
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e Small amounts of influent COD (COD/TN~0.1 g COD.g N") resulted in a lower
effluent nitrate concentration and thus slightly improved the nitrogen removal
efficiency of the anammox reactor.

e The average N20 emission in the granular sludge anammox reactor increased
by 2.5 times with increasing influent COD concentration and accounted for up
to 0.46% of the incoming nitrogen load (COD/TN~0.1 g COD.g N").

e Mass balance analysis revealed that approximately 18% of the nitrate produced
from the anammox conversion was reduced to nitrite by heterotrophic
denitrification and the nitrogen emitted as N20 could account for 29% of this
produced nitrite (COD/TN~0.1 g COD.g N").
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Appendix
A2.1 Calculation of the anammox reaction stoichiometry

This section presents a calculation scheme for the catabolic and anabolic reaction
stoichiometry of the anammox conversion, for a general biomass composition
(CHxOyNz). The catabolic and anabolic reactions were subsequently linked through a
general parameter to be determined in practice (yield or product ration), resulting in a
general reaction stoichiometry for the overall metabolic anammox reaction. The

generalized method of Kleerebezem and Van Loosdrecht (2010) was followed.

A2.1.1 Stoichiometry of the catabolism

To determine the stoichiometry of any other redox reaction, it is convenient to first
define the electron donor and electron acceptor half-reaction. Regarding the catabolic
reaction of the anammox process, the electron donor and acceptor reaction equations
(D and A) are:

D: NH4* — 1/2 N2 + 4 H* + 3e- (A2.1)

A:NO2 +4 H" +3e"— 1/2 N2 + 2 H20 (A2.2)
By balancing the electrons in Eq. A2.1 and Eq. A2.2, the overall stoichiometry of the

catabolism (Cat) is obtained as:

Cat: NO2" + NH4" — N2 + 2H20 (A2.3)

A2.1.2 Stoichiometry of the anabolism

The anabolic reaction describes the production of biomass from a carbon and a
nitrogen source. For the anammox process, the carbon source is bicarbonate (HCO3)
and the nitrogen source is ammonium (NH4*). Since the carbon source (HCO3") is more
oxidized than biomass, the half-reaction for anammox biomass production with a
general elemental composition (CHxOyNz) is an electron acceptor reaction and can be

written as:

A*:aHCO3 + b NHs* + c H* +d e” —» CHxOyNz + e H20 (A2.4)
where CHxOyN: represents a generalized elemental composition of anammox
biomass. Note that the stoichiometry of the anabolic reaction equation is defined per

C-mole of biomass (C-x) formed. The stoichiometric coefficients a, b, ¢, d and e are
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derived as a function of biomass composition (x, y and z), from the elemental and

charge balances, as follows:

(1) C-balance: a = 1

(2) N-balance: b=z

(3) O-balance: 3-a=y +e

(4) H-balance:a+4-b+c=x+2-¢€

(5) Charge-balance: (-1) ra+1-b+1:c+(-1):d=0

Solving these equations, the half reaction of anammox biomass production (Eq. A2.4)

becomes:

A*: HCO3 + z NH4" + (5+x-2y-4z) H* + (4+x-2y-3z) e™ —
CHxOyNz + (3-y) H20 (A2.5)

Example 1a: for an anammox biomass composition CH1.7400.31No.20 (Lotti et al.,
2014b), Eq. A2.5 becomes:

A*: HCO3 + 0.20 NH4* + 5,32 H* + 4.52 ¢~ —
CH1.7400.31No.20 + 2.69 H20 (A2.6)

The electrons needed in the anabolism reaction (Eq. A2.5) are obtained from nitrite
(NO2") as the electron donor, according to the following half-reaction for

electron donor (D*):

D*: NO2  + H20 — NO3z + 2 H* + 2e- (A2.7)
The overall stoichiometry of the anabolism of anammox process is obtained by

balancing the electrons in Eq. A2.5 and Eq. A2.7:

An: HCO3 + z NHs* + (1-2) H* + 222 NOy —
CH:OyN; + 222 N0y + 2222 H:0 (a2 )

To continue with the Example 1a, for a biomass composition of CH1.7400.31No.20, the

overall anabolism is:

An: HCO3 + 0.20 NH4* + 0.80 H* + 2.26 NO2> —
CH1.7400.31No.20 + 2.26 NO3 + 0.43 H20 (A2.9)
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A2.1.3 Stoichiometry of the overall anammox metabolism

The stoichiometry of the metabolic reaction (Met) can be defined as a linear

combination of the catabolic (Cat) and anabolic (An) reaction stoichiometries:

Met = Acat - Cat + Aan - An (A2.10)
As for the anabolic reaction equation, the metabolic reaction stoichiometry will be
defined per C-mole biomass formed, so Aan = 1. Thermodynamically, the multiplication
factor of the catabolism (Acat) can be regarded as the number of times the catabolic
reaction needs to run to generate sufficient Gibbs energy to produce one C-mol of

biomass.

Following Eq. A2.10, the metabolic reaction (Met) is expressed as a function of

biomass composition and the multiplication factor of the catabolism (ACat):

Met: HCO3 + (z+ Aca)) NHa* + (1-2) H* + (22222 4 Acar) NOZ — (A2.11)

CHxOyNz + Acat N2 + w NOs" + (2—x2+3z + 2Acar) H20

One stoichiometric coefficient that links the catabolism with the anabolism needs to be

determined experimentally in order to derive Acat and thus the overall metabolic
reaction stoichiometry. Typically, this stoichiometric coefficient is the biomass yield

coefficient Y,’(V}it (mole C-x/mole S), i.e., the biomass (X) production per unit of

substrate (S) consumed in the overall metabolic reaction (Met). For instance,
identification of the measured anammox biomass yield on ammonium, Y,ﬁ”}f\,tm (mol C-

x/mol NH4+, absolute value), with Eq. A2.11 results in:

1
Vil = ;37— (A2.12)

From Eq. (A2.12), the multiplication factor of the catabolism (ACat) follows as:

1

Aeat = = — 2
at = yawer (A2.13)

Substitution of Eq. A2.13 in Eq. A2.11 yields the stoichiometry of the overall metabolic
reaction for the anammox conversion, as a function of the biomass composition and

the biomass yield on ammonium:
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Met: HCOs™+ (;z— )NH B (D _)NOr+ (1) H - (A2.14)
Yx/NH4 Yy /NHa

4+x— Zy 3z 2—-x-2z

CHxOyN:z + (gz— — 2) Nz + NO3 + ( + —=—) H20

X/NH4— X/NH4

To continue with Example 1a, for a measured biomass composition of CH1.7400.31No.20

and a measured biomass yield Y{5,, of 0.071 mole C-x/ mole NH4* (Lotti et al.,

2014b), the multiplication factor (Ac4:) is calculated from Eq. A2.13 as:

1
—  — Z = m—OZO 13.9

A
and the overall metabolic reaction Eq. A2.14, expressed per C-mole biomass formed,

becomes:

Met: HCO3 + 14.08 NH4* + 0.80 H* + 16.14 NOy — (A2.15)
CH1.7400.31No20 + 13.88 N2 + 2.26 NO3™ + 28.20 H20

The overall metabolic reaction can also be defined per mole NH4+consumed:

Met: NH4* + 1.146 NOz + 0.071 HCOg3 + 0.057 H* — (A2.16)
0.071 CH1.7400.31No.20 +0.986 N2 + 0.160 NO3s + 2.002 H20

While Eq. A2.14 represents the overall metabolic anammox conversion stoichiometry
as a function of the biomass yield on ammonium, this stoichiometry can alternatively
be expressed based on the measurement of the rates of consumption or production of
any two compounds participating in the metabolic system. The determination of the
biomass yield on ammonium can be regarded as a specific case where the biomass
(X) production rate and a substrate (S) consumption rate were determined. In the case
of the anammox reaction, often the ratio of the consumption rates of nitrite and

ammonium in the overall anammox process is determined Y,%ezt/,vm, in mole NO2/

mole NHa4). By definition, the Y, ﬂge;/,m can be expressed from Eq. A2.11 as:

4+x—2y—3z
YMet Zy +Acat

NO2/NH4 = 7+ Acas

(A2.17)

The multiplication factor of the catabolism (Aca) is derived from Eq. A2.16 as:
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yMet Ly 4+x—2y—3z
NO2/NH4 -
Acat = T 2 (A2.18)
NO2/NH4

Example 1b: The stoichiometry of Lotti et al. (2014b) can also be expressed based on

the ratio of the measured consumption rates of nitrite and ammonium ( Y,\’,”’oez‘/,wq4 ),

namely 1.146 and the measured biomass composition of CH1.7400.31No.20. The

multiplication factor (Ac,:) is then calculated from Eq. A2.17 as

4+x—-2y—3z
. Yyoz/nua " % — 77— 1146 +0.20 — 2.26 _ .
car 1—Yet s T 1-1146 7

which is the same as the one calculated based on the measured biomass yield. The

corresponding overall metabolic stoichiometry is thus identical to Eq. A2.16.

Example 2: In our study, with the ratio of the measured consumption rates of nitrite

and ammonium ( y,y;;/,v,ﬂ ) amounted to 1.240. Assuming an anammox biomass

composition of CH1.7400.31No.20 (Lotti et al., 2014b), the A.,; is then calculated from Eq.
A2.18 as 8.4, yielding an overall metabolic reaction (per mole ammonium consumed)

of:

Met: NHs* + 1.240 NO> + 0.117 HCO3s + 0.093 H* — (A2.19)
0.117 CH1.7400.31No.20 + 0.977 N> + 0.263 NO3s + 2.003 H-0O

A2.1.4 Demonstration of the calculation scheme in a spreadsheet

The procedure to calculate the overall metabolic anammox stoichiometry was
implemented in a spreadsheet (Spreadsheet A2.1), following the general method of
Kleerebezem & Van Loosdrecht (Kleerebezem and Van Loosdrecht, 2010). This
procedure consists of the following steps (Fig. A2.1):

(1) Definition of the elemental composition and charge of all compounds
participating in the reactions. The anammox biomass composition (CHxOyNz)
may vary between different studies and needs to be set by the user;

(2) The anammox catabolic reaction (Cat) is determined by Eq. A2.3, closing

the elemental and charge balances for the electron donor (D) and electron
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acceptor (A) half-reactions; No user intervention is required when dealing with
the same catabolic reaction, in this case the anammox catabolic reaction.

(3) The anammox anabolic reaction (An) is determined by Eq. A2.8, closing
the elemental and charge balances for the electron donor (D*) and electron
acceptor (A*) half-reactions; This reaction stoichiometry depends on the user-
defined biomass composition.

(4) Definition of the parameter that links the catabolism and anabolism, e.g.,

Y)ﬂ’}‘fqtm or YNer /NHa» @ccording to case-specific measurement results;

(5) Calculation of the corresponding overall metabolic reaction stoichiometry.

The Spreadsheet A2.1 contains the implementation of this procedure for the
aforementioned examples. The stoichiometry of the anammox metabolic reaction was
defined both per C-mole biomass formed and per mole ammonium consumed. The
mass and charge balances were checked for all the reactions. Case-specific anammox

stoichiometry can be obtained by changing the corresponding yellow shaded values.

i
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Figure A2.1. Anammox stochiometry calculation procedure.
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A2.2. Mass balance calculations principles

The mass balance calculation used in this study is further demonstrated in
Spreadsheet A2.2 in the Appendix. For a reactor operated in steady state, the
difference between the ingoing and outgoing concentration of a component is related

to its conversion rate according to Eq. A2.20:

Q
(Ciput — Ciin) * v T (A2.20)
C;in and C;,, denote the measured concentrations of component i in influent and
effluent (g N or COD.m-3), V is the reactor volume (assumed constant, in m3), Q is the

influent flow rate (which equals the outgoing flow rate, in m3.d"), and r; is the net

conversion rate of component i in the reactor (g N or COD.m-3d"").

The conversion rate of component i is related to the process rates p; through the

stoichiometric coefficients 4;;:

T = ZAU’ *Pj (A2.21)
J

A;; represents the stoichiometric coefficient of compound i in process j. The

stoichiometric coefficients and the process rates considered in this study are

summarized in Table A2.1.

Example: following Eq. A2.21, the net conversion rate for soluble organic substrate

(Ss) in the reactor is obtained as :

rss=0*p1+(1—f1)*p2+<— - )*p3+(— : )*p4+(1—f1)*05
Yy no2 Yunos

The substrate conversion rate during heterotrophic bacteria growth on nitrite (process
3) is:

re =\ - ! * p3
58 YH,NOZ

So the contribution of this process (in %) to the Ss consumption amounts to

TS
C3 =—=%100
Tss
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Table A2.1. Stoichiometric matrix used for mass balance calculation

Ajj I_(,: omponent Ss SNH Sno2 Snos Sn2 Xan X X Process
j process | (gCOD.m3) (gN.m3) (gN.m3) (gN.m3) (GN.m%)  (gCOD.m?3) (gCOD.m3) (gCcOD.m?®)  rate
) L1 2]
1. Anammox G T e SMetr
conversion yMetr R £ 171.14 X/ 1 pl
X/NH4 — inxs an) lNXB_AN)

i.ngricrié?f 1-fi inxs_an - frina — (1-fi) inss -1 fi p2
s . 1 . . 1_YHN02 1_YHN02

3. Denitritation - -i +1/ YH,NoO2. iNss —— —_— 1 3

YH,NOZ NxB-H 171 YH,NOZ 1.71 YH,NOZ P

4. Partial 1 , . 1 — Yy no:

Denitrification Yinos “inxsn 1/ Yrnos. inss 1.14 Yy o 1 i

ﬁetl?a?gtarz;;s 14 s 1 - fi inoat — (1-fi) inss A f b5

gCOD/unit comp 1 0 -3.43 -4.57 -1.715 1 1 1

gN/unit comp iNss 1 1 1 1 iNXB iNXB iNXI
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Table A2.2. Stoichiometric parameters used for mass balance calculation

Parameter Definition Value Unit Source
Y¢/iha  Yield of anammox bacteria on ammonium  0.301 g COD.g N-! This study
YH, NO2 Yield of heterotrophs on nitrite 0.53 g COD.gCOD' (Muller et al., 2003)
YH, NO3 Yield of heterotrophs on nitrate 0.53 g COD.gCOD" (Muller et al., 2003)
INXB AN N content of Anammox biomass 0.077 g N.g COD! (Strous et al., 1998)
iNxB H N content of Heterotrophic biomass 0.083 g N.g COD! (Wiesmann, 1994)
iNXI N content of X 0.07 g N.g COD"! (Wiesmann, 1994)
iNss N content of Ss 0.03 g N.g COD! (Henze et al., 2000)
fi Fraction of Xi in decay 0.08 gCOD.gCOD" (Henze et al., 2000)
- _ produced NO3
ANOs/ANH,* consumed NH} l
0.30, .
0.25

0.20 0.22%021, T _
= 1 ' 1 o.zo?
0.15

0.10

0.05
0.00. “NoCOD -+ 8 mg COD/L o+ 40 mg COD/L

Figure A2.2. The ratio of nitrate produced to ammonium consumed with different influent COD concentration.
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Table A2.3. Overview of observed ratios of consumed nitrite and produced nitrate over consumed ammonium (ANO2/ANH4" and ANO3"
/ANH4") in anammox reactors

Enrichment . + ; + Yield
Reactor Scale Biomass degree of ANO;/ANH, ANO;/ANH, (mole C/mole Reference
(mole N/ mole N) (mole N/ mole N)
anammox NH4-N)
SBR lab-scale Granules 74% 1.32 0.26 0.066 (Strous et al., 1998)
SBR lab-scale Granules N.R. 128 0.26 N.R. (Dapengb'\gz)ra etal,
SBR lab-scale Granules 85% 1.32£0.05 0.23+0.05 N.R. (Lépez et al., 2008)
Gas-lifted lab-scale Suspended biofilm N.R. 1.1 0.2 N.R. (Dapeng—ol\gz)ra etal,
Gas-ifted  full-scale Granules NR. 1314046 0.25 £ 0.09 N.R. (van dezroﬁf)r etal,
MBR lab-scale Flocs 97.6% 1.1-13 0.1-0.25 NR. (Van D‘;ng etal,
MBR lab-scale Flocs N.R. 1.278 0.353 0.105 (Puyol et al., 2013)
MBR lab-scale  Suspended free cells 98.1% 1.21 £ 0.01 0.20 £ 0.01 0.071 £ 0.02 (Lotti et al., 2014b)
MBR lab-scale  Suspended free cells 98.1% 1.146 0.161 0.071 (Lotti et al., 2014b)
UASB lab-scale Granules N.R. 1.31 £ 0.03 0.23 £ 0.01 0.146 (Tang et al., 2011)
UASB lab-scale Granules N.R. 1.32 £ 0.06 0.25 +0.02 0.139 (Tang et al., 2011)
EGSB lab-scale Granules N.R. 1.31 £ 0.06 0.32 £ 0.01 N.R. (Puyol et al., 2013)
Bubble Colum lab-scale Granules N.R. 1.24 £ 0.07 0.22 + 0.07 0.117* This study

N.R.: not reported; *calculated from the generalized calculation scheme (Spreadsheet A2.1)
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Chapter 2 N20 emission and anammox stoichiometry

A2.3 Unit conversion of anammox biomass yield coefficient

The anammox biomass yield coefficient expressed in g COD biomass per g NH4-N
consumed, Y}}}%L} is related to the anammox biomass yield coefficient expressed in
C-mole biomass per mole NHa, Y}%M, by Eq. A2.22. Noteworthy, the right biomass

composition should be used in the unit conversion, as it correlates to the COD

equivalent of biomass.

yMetr _ yMet CODyg U Met .(4+x—2y—32)-8
X/NHS X/ Mypa—n X/NHa 14

(A2.22)

Where CODy, is the COD equivalent of one C-mole biomass (g COD/ mole CHxOyNz),
i.e., the COD equivalent of the electrons transferred to form one C-mole biomass (Eq.
A2.8), namely (4 + x — 2y — 3z) - 8 (g COD/ mole CHxOyNz) (Kleerebezem and Van
Loosdrecht 2010). Myy4—ny = 14 is the molar weight of nitrogen (g N/ mole N).

Table A2.4. Comparison of measured data set for the derivation of anammox
stoichiometry. SD=standard deviation; CV= coefficient of variation, i.e., the ratio of the
standard deviation (SD) to the mean.

Strous et al. (1998)* Lotti et al. (2014b)**
Compound (mmol.h") (mmol.L") CV_1/CV_2
Mean SD CV_1(%) Mean SD CV_2 (%)
NH4* 23.1 0.7 3.0 60 0.6 1.0 3.0
Influent
NO2 224 0.7 3.1 60 0.6 1.0 3.1
NH4* 4.6 0.6 13.0 10.56 0.12 1.1 11.5
Effluent NOz 4.7 0.3 6.4 10.34 0.12 1.2 5.5
Biomass 0.1 0.05 50.0 211 5 23.7 2.1

*Data from Table 2 in Strous et al. (1998); **Data from Table 2A in Lotti et al. (2014b) —
values before data reconciliation

CO2 concentration (ppm)
4360.76

2182.07

1300.32

II (no COD) I 1 (+8mg COD/L)

Operation phase

IIT 2 (+ 40mg COD/L)

Figure A2.3. Measured CO2 concentration in the off-gas of the reactor in this
study
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Chapter 2 N20 emission and anammox stoichiometry

Spreadsheet A2.1. Spreadsheet for deriving anammox stoichiometry from experimental data

Introduction:

Anammox metabolism: Ammonium is the electron donor in the catabolism and the anabolic N-
source. Nitrite is the electron acceptor in the catabolism and the electron donor in the anabolism.
Bicarbonate is the C-source.

All reaction stoichiometries have been derived in the same way: Based on the elemental
composition of the compounds involved in the reactions, the stoichiometric coefficients of the
electron donor and acceptor couples are identified (in red,postive for production and nagative for
consumption). The stoichiometric coefficients of H,O, H*' and Electrons are subsequently
calculated based on O, H and Charged balance, respectively. C, H, O, N, and Charge balance
are then checked. Based on the half reactions all other reaction stoichiometries are calculated.
The procedure was documented in stepwise in SI_Word_Anammox stoichiometry.docx.

Case-specific anammox stoichiometry can be obtained by changing the corresponding
yellow shaded values.

Symbol
Cat

Met

Acat
Y na

3
v NO2/NH4

Description

Vector describing the stoichiometry of the catabolic reaction per mol electron donor

Vector describing the stoichiometry of the anabolic reaction per mol biomass formed

Vector describing the stoichiometry of the metabolic reaction per mol biomass formed

Vector describing the stoichiometry of the electron donor reaction per mol electron donor
Vector describing the stoichiometry of the electron acceptor reaction per mol electron acceptor
Multiplication factor of the catabolism, i.e. the number of times the catabolic reaction needs to run to produce one C-mol of biomass

The biomass production per unit of ammonium in the metabolic reaction (mol C-x/mol NH4)

The mol ratio of nitrite and ammonium consumption in metabolic reaction (mol NO2/mol NH4)

Example 1a
Example 1b
Example 2

Measurement
Met
¥ KINH4
et
Y NOZ/NH4

Met
Y™ hoamng

Value
0.071
1.146
1.240

Unit Reference
mol C-x / mol NH4 Lotti etal , 2014
mol NO2 / mol NH4 Lofti et al | 2014
mol NO2 / mol NH4 This study

C; Acat Eq
139 Eq. 513
13.9 Eq. 517
84 Eq S17

. 4

Biomass composition X vy z
CH,O\N, 1.74 0.31 0.2] Step 1: Catabolism Step 2. Anabolism | Step 3: Metabolism (Example 1) | Step 3: Metabolism (Example 2) Step 3: Metabolism (Example 3)
‘ Corresponding equation in SI_Word_Anammox s v
Eq.S1 | Eq.S2 | Eq.S3 Eq. S5 Eq. S7 Eq. S8 Eq. S11 Eq. $16 Eq. S11 Eq. S16 Eq. $11 Eq. 19
Compounds Formula Cc H o] Ch D A Cat A" D" An per C-mol bi per mol NH4|per C-mol bi per mol NH4 | per C-mol bi per mol NH4
nitrite NO," 0 0 2 1 -1 0.00 -1.00 -1.00 0.00 -1.00 -2.26 -16.14 -1.146 -16.17 -1.146 -10.64 ~1.240
nitrate NO,™" 0 0 3 1 - 0.00 0.00 0.00 0.00 1.00 226 2.26 0.160 2.26 0.160 226 0.263
bicarbonate HCO," 1 1 3 0 -1 0.00 0.00 ).0( -1.00 0.00 -1.00 -1.00 -0.071 -1.00 -0.071 -1.00 -0.117
ammonium  NH," 4 0 1 1 -1.00 0.00 -1.00 -0.20 .00 -0.20 -14.08 -1.000 -14.11 -1.000 -8.58 -1.000
nitrogen N, 0 0 0 2 0 0.50 0.50 1.00 0.00 0.00 13.88 0.986 13.91 0.986 8.38 0.977
biomass CH,O\N, 1 1.74  0.31 0.2 0 0.00 0.00 0.00 1.00 1.00 1.00 0.071 1.00 0.071 1.00 0.117
water H,0 2 1 0 0 0.00 2.00 " 200 2.69 -1.00 0.43 28.20 2.002 28.25 2.002 17.20 2.003
proton H" 0 1 0 0 1 4.00 400 " o000 -5.32 2.00 -0.80 -0.80 -0.0567 -0.80 -0.057 -0.80 -0.093
electron e’ 0 0 0 0 -1 l 300 " .300 " o r as2 " 200 0.00 0.00 0.000 0.00 0.000 0.00 0.000
C-bal 0.00 0.00 0.00 i)
H-bal 0.00 0.00
bt::‘: nccke O-bal 0.00 0.00
N-bal 00 0.00
e-bal 00 0.00
References:

Lotti, T, et al. (2014). "Physiological and kinetic characterization of a suspended cell anammox culture.” Water Research 60(0): 1-14

Kieerebezem, R. and M. C. Van Loosdrecht (2010). "A generalized method for thermodynamic state analysis of environmental systems_" Critical Reviews in Environmental Science and Technology 40(1):
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Chapter 2 N20O emission and anammox stoichiometry

Spreadsheet A2.2. Spreadsheet for mass balance analysis

Step 1: Stoichiometric matrix of possible processes

Su Suar Sun Kis X, % Eraces rate A, I s, Sun S | S Su i X, % Proces rate
*T— [eNom] [e¥.m™] [eN.m™] [£COD. m'] |0, ECOD oD, m'd Parameter | Value Unit Source PR [£COD.or] [ENa?]|[eNn’]| [eNm] [feNom ][ ECOD: ® [[ECUTm=3 [eC0D: T
s Expression Expression Ty Expression | Expression | Expression 1 vk, 0.301 2CODg' N |This study| e = Value Value Value | Value | Value | Value Value Yalae | [ECOD w4
1
1. Anammox LRI 1 51 o S 053 |sCODs' COD| [4] 1. Anammox 3222 | 4122 | 0877 | 6451 1 sl
et a £ 02 ;A 053 |gCODs COD| [4] 2. Dacay of arammos 0920 0044 1 0080 22
snammon: 260D
3. Denitritation e 1 3 % ey | 0077 2 ﬁ 3. Denitritation 1887 0026 | -0519 0.519 1 3
ke 1 i 0.083 3 1 4. Partial Denitrif 1.887 0026 | 0778 | 0778 1 ot
e, 1 Pt ivEH ENg' COD [ Partial Denitrification -1 A - . 1
;Sl::::p‘: 1 -1 g o35 s 007 m 3. Decay of hatarotroghs 0.920 0.050 51 0080 o5
=COD/unit comp 1 457 1715 1 1 1 0.03 3] £COD unit comp 1 o 343 | 457 |15 1 1 1
Nanit comp e 1 1 1 1 oo i i 008 |.cop-copl [ | 20unit comp R 1 1 1 1 T S o
Step 2: Mass balance set-up and calculation
Process rate of decay of Anammox (p2) Reactor operation Measurement  AC® Unit AC*'QN Unit
Priacipak Measured VSS L7 EVSSL Q (m3d) 0.0065 12.0 [:COD.m-3] -12.00 [(COD.m-3.4-1]
Mass balances over measured NEAN, Unit convertion  3.60 £CODL V (m3) 0.0085 137.6 [eN.m-3] -137.60 [eN.m-3.d-1]
L EENGE S and I Sel L e b_AN 0.003 d-1 ERT:V/Q (d) 1.00 169 [N.m-3] -169.00 [£N.n-3.d-1]
aﬂ“"m"ﬂ"“ﬂ sz Proces rate 108 gCODm-3.4-1 _30.00 [N m-3] 30.00 [2N.n-34d-1]
p= ot AL we ™ = T ot 2383 3 ¥
A e e Nate: AC was taken from the average v from day 362-383. For COD. it should be if@he ranse of 0-40 meCODL.
costficients (Tabls S1), o is the vactor of
wnliown prosess rates (g CODm'd !, 2.2,
the p, is the Tate for proces: £, r— —— S
E;:B';d::égf)m‘d )”:::E:um Solution: Equation systems: ) "
measured net conversion rate of sibstrate r=A%p = -ACEQIV
in the reacter (s N 0r 0D’ ', o5, A o r 2=10.8 = ! .
Trgas e Bebcomtves aon e dEREL N 0.0000 ~1.3868 18868 0.9200 ol 21.936|Ss(COD) P = 10,0000 09200 18868 18863  0.9200 ol ~12.00|S5(COD)
expressed as g NH-N m? d; nfy is the
comversion rate of NELM in process 1: 33203 -0.0264 00264 o498 * ) = -138.073|NH4-N 33003 00438 00264 00264 00408 * o2 = -137.60|NH4-N
:&;;;;q‘ii";::‘:}’;’;;"\g Ermea 41225 05186 07779 0.0000 ot -169.000{NOZ-N 41225 0,0000 05186 07779 0.0000 o3 -168.00|NO:
= 087712 0.0000 07779 0.0000 o3 30.000|NO3-N 08712 0.0000 0.0000 -0.7779  0.0000 o 30.00|NO3N
The goal is to caculate the process rate (p;) ]
for each process in the table above. By To solve To check
setting up mass balances for NH4-N, NO2- AM)-1
¥, NO3-N and COD, we can get 4 ()
aquations with 3 waknown process rates 0.0146 -0.2605 00304 0.0656) -21.936]
(p;) of which the process rate for Decay of T T 16820 15178 138073
anammox{p;) can be first caculated, = T vy
ety . 00164 -0.3038 00444 13503 -169:000]
process rate (p,) fo slove. 09335 28333 5.5406  -5.5010) 30.000)
Step 3: Brief summary of the results
Process rates: e
unit P Anammox | P): Deray of snamma P3: Dentrit P4: Partial DEN _ P>: Decay of WEL v R G ool e Bl Sl L =
Process rate [¢COD.m-3.d-1] 4157 1030 AT 3 9.37 W P4: Partial DEN W P5: Decay of H Biomass
30
Conversion rates: - = I
- 0 —
SUM (- = - -
unit Pl: Ananmox _ P2: Decay of anamma P3: Denitrit P4: Partial DEN | P5: Decay of H|AC*QV s 30
Ss [eCODm3.d-1] 994 1438 1568 8.62 -12.00 BiE N,O
NH4 [eNm3d-1] 047 021 022 0.47 -137.60 gz
NO2 [ENm34d-1] 0.00 409 647 0.00) -169.00 £58 o
NO3 [eNm-3d-1] 0.00 0.00 647 0.00] 30.00 8
5 9 12 BRE_
o By ~
=150 NH* ™= 3
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Chapter 3

Elucidating the competition between heterotrophic

denitrification and DNRA using the resource-ratio theory

24
— o Where is nitrate going?
‘TZ 20 2
o COD/IN
816 | DNRA (>NH,*) Concentration
(& Dilution rate
2,1 Stoichiometry
O gt S~ Hmax
o R I I
t Coexistence (NH,* +
c (NOy)

1 10 100 1000 10000

Influent nitrate concentration (uM)

59



Chapter 3 Competition between denitrification and DNRA

3.0 Abstract

Denitrification and dissimilatory nitrate reduction to ammonium (DNRA) are two
microbial processes competing for nitrate and organic carbon (COD). Their competition
has great implications for nitrogen loss, conservation, and greenhouse gas emissions.
Nevertheless, a comprehensive and mechanistic understanding of the governing
factors for this competition is still lacking. We applied the resource-ratio theory and
verified it with competition experiments of denitrification and DNRA in the literature.
Based on this theory, we revealed how COD/N ratio, influent resource concentrations,
dilution rate and stoichiometric and kinetic parameters individually and collectively
define the boundaries for different competition outcomes in continuous cultures. The
influent COD/N ratio alone was found not sufficient for prediction as the boundary
CODIN ratio for different competition outcomes could change significantly with influent
resource concentrations. The stoichiometry of the two processes was determinative
for the boundaries, whereas the affinity for the resources (Ks), maximum specific
growth rate (umax) of the two species and the dilution rate had significant impacts as
well but mainly at low influent resource concentrations (e.g., <100 yM nitrate). The
proposed approach allows for a more comprehensive understanding of the parameters
controlling microbial selection beyond current approaches and explains apparently
conflicting experimental results. The results also provide testable hypotheses and tools
for understanding and managing the fate of nitrate in ecosystems and for other species

that compete for the same resources.

Chapter redrafted after:

Jia, M., Winkler, M.K.H. and Volcke, E.I.P. Elucidating the competition between

heterotrophic denitrification and DNRA using the resource-ratio theory. In preparation

60



Chapter 3 Competition between denitrification and DNRA

3.1 Introduction

Denitrification (DEN) and dissimilatory nitrate reduction to ammonium (DNRA, also
termed as dissimilatory/respiratory/nitrate ammonification) are two main microbial
processes competing for nitrate as an electron acceptor (Kraft et al., 2011). During
denitrification, nitrate is converted to nitrogen gas, thereby leading to nitrogen loss in
natural and manmade ecosystems such as wastewater treatment plants (WWTPSs).
Nitrous oxide, a potent greenhouse gas, can be emitted during this process, posing an
increasing concern (Canfield et al., 2010). In contrast, DNRA retains nitrogen locally
by converting nitrate to bioavailable ammonium, which may be beneficial for natural
ecosystems but unwanted for WWTPs (Van Den Berg et al., 2015). Besides, DNRA
seems not to contribute to N20 emissions (Kraft et al., 2011). Growing evidence
suggests that DNRA can be significant in both aquatic and terrestrial ecosystems
(Giblin et al.,, 2013; Rutting et al.,, 2011). Nevertheless, little is known about the
importance of DNRA and its relative contribution to global N-cycling (Burgin and
Hamilton, 2007; Kraft et al., 2011; Kuypers et al., 2018). Therefore, there is a pressing
need to better comprehend the factors influencing the competition between

denitrification and DNRA for nitrate.

Energetics and kinetics are the general physiological features of microorganisms that
explain and regulate the outcome of competition (Tiedje, 1988). Theoretically, the
catabolic reaction of the denitrification pathway yields more free energy per unit of
organic carbon oxidized (e.g., 802 vs. 505 kJ per mole acetate) whereas for the DNRA
pathway slightly more free energy is liberated per unit of nitrate reduced (505 vs. 501
kJ per mole nitrate with acetate as electron donor) (Strohm et al., 2007; Van Den Berg
et al., 2015). Moreover, the biomass yield per mole nitrate is 0.2-2 times higher from
the DNRA process than that of the DEN process (Strohm et al., 2007; Van Den Berg
et al., 2015). Therefore, from a thermodynamic standpoint, it can be justified that DEN
should occur under organic carbon-limiting conditions (i.e., low COD/N), while DNRA
is promoted under nitrate-limiting conditions (i.e., high COD/N) (Kraft et al., 2014;
Tiedje, 1988; Van Den Berg et al., 2015; Yoon et al., 2015a). In addition, Tiedje (1988)
proposed a theory that high labile carbon availability would favor organisms that use
electron acceptors most efficiently; DNRA transfers eight electrons per mole of nitrate
reduced, whereas denitrification only transfers five. According to this theory, DNRA

should be more efficient and abundant under nitrate-limiting conditions. Previous
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studies also suggest that DNRA bacteria generally have a lower maximum specific
growth rate but a higher affinity for nitrate compared to denitrifiers (Tiedje, 1988; van
den Berg et al., 2016). The higher affinity for nitrate may also explain the observed
dominance of DNRA over denitrification under nitrate-limiting conditions (van den Berg
et al.,, 2016). In opposition to the theoretical explanations that suggest DNRA
dominance under nitrate-limiting conditions, results have shown that high COD/N ratios
do not necessarily lead to a shift from DEN to DNRA (Behrendt et al., 2014; Sotta et
al., 2008).

Apart from energetics and kinetics, environmental conditions affect the biological
nitrate partitioning as well. There are multiple studies suggesting that the competition
depends on dilution or growth rate (Kraft et al., 2014; Rehr and Klemme, 1989) and
initial resource concentration (Tiedje, 1988). In addition, other studies conducted with
a pure culture that encompasses a dual pathway showed that COD/N ratio alone was
insufficient to explain pathway selection as at low resource concentrations the culture
disproportionately utilizes DNRA rather than denitrification (Vuono et al., 2019). These
results delineate that a comprehensive understanding of the factors that drive the
partitioning or coexistence of both pathways is lacking, and a mathematical approach

to explain competition outcome may be helpful.

Over the years, theoretical frameworks have been developed to predict the outcome
of interspecies microbial competition for the same resources. One example is the
resource-ratio theory, which describes the interactions between resources and growth
of two or more competing species and can predict the outcomes of microbial
competition for resources, in advance of actual competition experiments (Hsu et al.,
1981; Tilman, 1980; Wiliamson and MacArthur, 1974). This theory takes both
physiological properties and environmental conditions into account. It has been
successfully demonstrated in predicting the outcome of microbial competition for a
single nutrient (Hansen and Hubbell, 1980) as well as in an ecological competition
between algae for two resources (phosphate and silicate) (Tilman, 1976). The
analytical solutions of generalized competition scenarios in continuous systems (e.g.,
chemostat) have been investigated at steady state, and results revealed survival of
one or coexistence of both species at given circumstance (e.g., (Hsu et al., 1981;
Volcke et al., 2006)).
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This study investigates the potential of the resource-ratio theory in elucidating the
competition between denitrification and DNRA in continuous cultures. More
specifically, it is studied whether this mathematical approach can match and explain
the underlying principle for the conflicting measurements conducted at different COD/N
ratios. To this end, the resource-ratio theory was applied to predict the experimental
competition outcome of heterotrophic denitrifiers and DNRA bacteria in continuous
cultures (van den Berg et al., 2016; Van Den Berg et al., 2015). After verification, the
theory was used to test different conditions to understand what may drive pathway
partitioning or coexistence. The results highlight the impact of COD/N ratio, resource
concentrations, dilution rate, and microbial physiological properties on the competition
outcome. A generalized spreadsheet was created and supplied to ease the application

of this mechanistic theory to similar competition scenarios.

3.2 Materials and methods

After introducing the basics of the resource-ratio theory (section 3.2.1), this theory was
implemented to predict the competition outcome of heterotrophic denitrification and
DNRA (section 3.2.2). Its applicability was subsequently evaluated with experimental
data available from literature case studies (van den Berg et al., 2016; Van Den Berg
et al., 2015) (section 3.2.3).

3.2.1 Resource-ratio theory

The resource-ratio theory describes the interaction between resources and growth of
competing species and enables to predict the outcome of microbial competition for
shared resources, instead of or prior to actual competition experiments (Hsu et al.,
1981; Tilman, 1980). The growth of the microorganisms on the limiting resources was
assumed to follow Monod kinetics (Eq. 3.1) (Monod, 1950).

S

P = Hmax,im (3.1)

U

Where y; is the specific growth rate of species i (h™); tnay,; is the maximum specific
growth rate of species i (h™); K; is the half-saturation constant (i.e., affinity constant)

of species i for S (uUM); S is the concentration of resource S (UM).
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For every limiting resource in a continuous system, there is a subsistence resource
concentration at which the growth rate balances the dilution rate (D), which is defined
as the parameter Js (Eq. 3.2). Js also represents the concentration of resource S at
steady state (Hsu et al., 1977). Below this concentration, the net growth rate would be
negative, and thus, the species cannot sustain. If n species are competing for a single
limiting resource (S), the species i with the lowest subsistence resource concentration
Jsi can utilize the limiting resource to the lowest level at a given dilution rate and influent
resource concentration and thus is the only possible winner at steady-state. This has
been previously proven mathematically (Hsu et al., 1977) and experimentally (Hansen
and Hubbell, 1980).

D D
Isi :KSi';:KSi'

i Hmax,i — D

(3.2)

Where J,; is the subsistence concentration of growth-limiting resource S for species i

(UM); D is the dilution rate (h™"); r; is the intrinsic growth rate and equals to (ipay; — D)

(h);

The competition of two species (N1 and N2) for two resources (S and R) in a
continuous culture is illustrated in Fig. 3.1, following a graphical-mechanistic approach
that was developed to study the competition and predation in macroecology (Tilman,
1980). In this two resources plane (Fig. 3.1), for every species i, the so-called ‘Zero
Net Growth Isoclines’ (ZNGIs) are drawn, which are defined by the subsistence
resource concentrations (i.e. J parameter) for the two complementary resources. A
species i cannot survive outside the boundary ZNGils, i.e., for S < Jsi and/or R < Jri,
even in the absence of a competing species. Stable coexistence only occurs when the
ZNGls of the two species coincide (as in Fig.3.1), i.e. when each species has lower
subsistence concentration (J) for one of the two resources. If the ZNGls of two
competing species do not cross, it means one species must have lower J parameters
for both of the two resources, and as a result it would always win the competition (Hsu
et al., 1981; Tilman, 1980). Moreover, it is assumed that the growth is restricted by the
most limiting resource (i.e., the one that results in lower growth rate in Eq.3.1), as
described by Eq. 3.3 (Hsu et al., 1981). To maintain an equilibrium population, the
resource consumption rate must balance the resource supply rate. The consumption

vector (defined as Ci, Eq. 3.4 and in Fig. 3.1) and the ZNGls define the regions in which
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either one of the two dominates or two species coexist (Fig. 3.1). The model based on

this theory was further detailed in the Appendix (section A3.1).

_ s R

1i(S,R) = min (fmay i Ko tS' Umax,i m) (3.3)
Y

C=7" (3.4)

Where Ys;, Yri are the yield of species i per unit of resource S or R consumed (mole
biomass per mole S or R); therefore, Ci represents the ratio of the consumption of

resource R to resource S by species i (mole R per mole S).

R A /
s
)
C
Rt
//
/
2 3 /// 4
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///
Jey T C,‘ N2
1
Js, S

Figure 3.1. Graphical representation of resource competition of two species (N1
and N2) competing for two resources (S and R) at a specific dilution rate. The
solid lines labeled N1 and N2 are the Zero Net Growth Isoclines (ZNGls) for the
two species. The dashed lines are the consumption vectors for the two species,
with the slope of C1 and C2, respectively. The competition outcomes can be
predicted from the supply point (defined by the supplied concentration of
resource S and R in this S-R plane, e.g., points A, B, and C). Region 1, no
species can survive; Region 2, only species N2 can survive; Region 3, species
N2 outcompetes species N1, dynamic behavior (trajectory) governed by slope
C2; Region 4, the two species stably coexist; Region 5, species N1 outcompetes
species N2, dynamic behavior (trajectory) governed by slope C1; Region 6, only
species N1 can survive. The equilibrium points always fall on the ZNGls. Points
A’, B’, and C’ represent the corresponding equilibrium points of supply points A,
B, and C. Line A-A’ has the same slope as C2, whereas line B-B’ has the same
slope of C1. All supply points in region 4 would reach the same equilibrium point
C.
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Overall, with kinetic and stoichiometric parameters of the competing species (e.g.
Umax. KS and Y) and environmental conditions (e.g., influent resource concentration
and dilution rate), the resource-ratio theory enables to qualitatively and quantitatively
predict the competition outcomes, the status of the competing species and resources
(e.g., concentrations) at steady state (i.e., equilibrium points) and the dynamic (i.e. how

the steady state is reached).

3.2.2 Application of the theory for denitrification and DNRA

In this study, heterotrophic denitrification and DNRA were assumed to be carried out
by two distinct specialist species and directly compete for nitrate and organic carbon
(COD, e.g., acetate). Their competition in continuous cultures (i.e., chemostat) can be
regarded as a specific case of the general resource-ratio theory for two species
competing for two resources (Fig. A3.1). The kinetic and stoichiometric parameters
used in this study for the application of this theory are presented in Table 3.1 ( and
Table A3.2. in uM).

Table 3.1. Physiological parameters of heterotrophic denitrifiers and DNRA bacteria
used for the implementation of resource-ratio theory (at 20 °C)

Parameter Value* Unit* Source

uBEN 0.086 h' (Henze et al., 1999)

YREN 0.256 g COD.gCOD-" (van den Berg et al., 2016)
YPEN 1.034 g COD.gN"" (van den Berg et al., 2016)
KDEN 0.140 gN.m?3 (van den Berg et al., 2016)
KEEY 0.640 gCOD.m3 (van den Berg et al., 2016)
uBNRA 0.052 h? (van den Berg et al., 2016)
yoNRA 0.256 g COD.gCOD™" (van den Berg et al., 2016)
yoNRA 1.574 gCOD.gN"! (van den Berg et al., 2016)
KPIRA 0.028 gN.m?3 (van den Berg et al., 2016)
KENRA 0.640 gCOD.m?3 (van den Berg et al., 2016)

These values were used as the default (i) to verify the theory (section 3.3.1), (ii) to
analyze the impact of influent resource concentration and dilution rate on the boundary
CODIN ratios and thus the competition outcome (section 3.3.2 and 3.3.3), and (iii) to

study the dynamic system behaviour (section 3.3.5). To date, kinetic and stoichiometric
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parameters (e.g., Y, Umax, @and Ks) of heterotrophic DNRA microorganisms have only
been limitedly reported. Therefore, a local sensitivity analysis was performed to
investigate the potential impact of these parameters on the competition outcome
(section 3.3.4).

3.2.3 Experimental cases for theory verification

To verify the resource-ratio theory, two experimental studies on the competition
between heterotrophic denitrification and DNRA processes by van den Berg et al. (van
den Berg et al., 2016; Van Den Berg et al., 2015) were used. In these studies,
chemostat enrichment cultures were fed with different levels of acetate and nitrate
(COD/N=1.8-8.5 g COD g N-'), with an averaged dilution rate of 0.026 h'. The
experimental conditions and observed competition outcomes are summarized in Table
3.2. The measured biomass and resources (i.e., acetate and nitrate) concentrations

at steady state are available in Table A3.3.

Table 3.2. Experimental conditions and observed outcomes of competition between
heterotrophic DEN and DNRA in chemostat enrichment cultures

Influent Measured
Acetate Nitrate Ac/N ratio CODI/N competition
(UM) (UM) (mol.mol™") g COD.g N outcome
Case 22050 11790 1.87 8.5 DNRA dominance
1(van 17690 11790 1.50 6.9 DNRA dominance
gzrr]g 14500 11790 1.23 5.6 Coexistence
etal. 13680 11790 1.16 5.3 Coexistence
2016) 12730 11790 1.08 4.9 Coexistence
10960 11790 0.93 4.2 Coexistence
7780 11790 0.66 3.0 DEN dominance
Case 2616 6643 0.38 1.8 DEN dominance
2(Van 4356 5857 0.71 3.4 DEN dominance
gg:‘g 5125 5857 0.82 4.0 DEN dominance
etal, 6278 5857 1.00 4.9 DEN dominance
2015) 9866 5857 1.59 7.7 DNRA dominance
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3.3 Results and discussion

3.3.1 Verification of the resource-ratio theory

This study used the results from two previously published chemostat enrichment
cultures as case studies for theory verification (van den Berg et al., 2016; Van Den
Berg et al., 2015). Theses cultures were fed with different levels of acetate and nitrate
(COD/N=1.8-8.5 g COD g N, Table 3.2). It was concluded that denitrifiers dominated
under carbon-limiting (i.e., high COD/N) conditions, whereas DNRA bacteria
dominated under nitrate-limiting (i.e., high COD/N) conditions (van den Berg et al.,
2016; Van Den Berg et al., 2015). Moreover, the coexistence of denitrifiers and DNRA

bacteria was found for a wide range of intermediate influent COD/N ratios (Table 3.2).

Fig. 3.2 compares the measured and predicted competition outcomes at 12 conditions
tested in the case studies. The predictions agreed with the measurements under 11
conditions tested (Fig. 3.2). The only condition (influent 5857 uM nitrate and 6278 uM
acetate) where denitrification dominance was observed whereas coexistence was
predicted (Fig. 3.2), was close to the predicted boundary, and microbial community
analysis clearly evidenced the strong presence of DNRA bacteria at that point (Van
Den Berg et al., 2015), implying that steady state may not have been reached yet
experimentally at this point. Quantitatively, the predicted steady-state biomass
concentrations and abundance were in good agreement with the measurements under
all 7 conditions tested in case study 1 (Fig. 3.3A and 3.3B, where influent resource
concentrations were converted to COD/N ratio for simplicity). Overall, the predictions
of this study were both qualitatively and quantitatively in close alignment with the
measured data (Fig. 3.2 and Fig. 3.3). Therefore, the resource-ratio theory was
considered valid for predicting the outcome of the competition between heterotrophic

denitrifiers and DNRA bacteria in continuous systems.
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Figure 3.2. Predicted and observed outcomes of competition for nitrate and
organic carbon by heterotrophic denitrifiers and DNRA bacteria in continuous
cultures at a dilution rate of 0.026 h-'. Experiments (van den Berg et al., 2016;
van Den Berg et al., 2015) for which DEN was dominant are shown with green
squares; those for which DNRA was dominant are shown with blue triangles,
and those for which coexistence was observed are shown with red dots. The
borders and the meaning of the operating zones distinguished by the resource-
ratio theory are detailed in Figure 3.1. The consumption vectors (broken lines)
have a slope of Cpen (4.04 g COD g N-") for denitrifiers and Cpnra (6.15 g COD
g N-") for DNRA bacteria.
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Figure 3.3. Prediction versus measurement at steady state (case study 1 (van
den Berg et al., 2016)): (A) concentrations of heterotrophic denitrifiers and
DNRA bacteria; (B) relative abundance of DNRA bacteria (to the total of
denitrifiers and DNRA bacteria) and contribution of DNRA in nitrate partitioning
at different influent COD/N ratios (at influent nitrate concentration of 1000 uM).
The black triangles represent the measured DNRA biomass fraction (at influent
nitrate concentration of 11790 uM (van den Berg et al., 2016))

3.3.2 Impact of resource concentration on competition outcomes

The boundaries of the different regions in Fig. 3.2 can be expressed by the COD/N
ratio, which is often used in literature for competition and field studies (Kraft et al.,
2014; Rutting et al., 2011; Van Den Berg et al., 2015; Yoon et al., 2015a). Fig. 3.4
illustrates the influent COD/N ratios of the boundaries at different influent nitrate
concentrations. These boundaries COD/N ratios define the tipping point at which one
process prevails over or coexists with the other. For instance, the upper boundary of
the region for coexistence (i.e., region 4) represented the minimum influent COD/N
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ratio for DNRA dominance, whereas its lower boundary represented the maximum
influent COD/N ratio for DEN dominance (Fig. 3.4). Overall, the boundaries influent
CODI/N ratios changed significantly at low influent nitrate concentrations (e.g., < 100
pMM) and gradually stabilized at high influent nitrate concentrations (e.g., > 1000 pM).
With the increase of influent nitrate concentration, the region for coexistence (region
4) gradually widened and its upper and lower boundary influent COD/N ratios
asymptotically approached to the stoichiometric values of Conra (corresponds to
CODIN of 6.15) and Cpen (corresponds to COD/N of 4.04), respectively. The stabilized
boundaries at high influent nitrate concentration (Fig. 3.4) were also confirmed in Fig.
3.3B. Despite the large difference in influent nitrate concentration (1000 uM used for
prediction vs. 11790 uM in the experiments, Table 3.2), the predicted DNRA biomass
fraction agreed with the measurements (Fig. 3.3B). The trend also held for different
influent COD concentrations (Fig. A3.4)

D =0.026 h
24
20
‘Tz 16
o
a 2+3. DNRA
(o]
o 12
> N
Z 8 DN
Q ? I:z “OC" _____ (gj_ _______________________ C
8 4, Coexistence DNRA
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Influent nitrate concentration (uM)

Figure 3.4. The boundary influent COD/N ratios at different influent nitrate
concentrations. The regions correspond to the regions with the same numbers
in Fig. 3.2. Points a, b, ¢, and d are supply points with the same COD/N ratio but
different nitrate concentrations (detailed in Fig. A3.5).

Overall, the results clearly illustrate that, as a governing factor of the competition
between the two nitrate partitioning pathways, the boundary influent COD/N ratios
were not constant but could change significantly with influent resource concentrations.

At high influent resource concentrations, process stoichiometry (reflected in C;) of the
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two competing processes was the determining factor of the boundary influent COD/N
ratios, whereas kinetics (i.e., Ks and umax, reflected in Js and thus the ZNGils, Fig. 3.2
& Fig. 3.4) were important as well but only at low influent resource concentrations. This
implies that influent COD/N ratio alone is not sufficient to predict the competition
outcome of heterotrophic denitrification and DNRA. Different competition outcomes
(resource limitation) could occur at the same influent COD/N ratio but varying influent
resource concentrations (e.g., at the same influent COD/N ratio of 6.86, all four
possible competition outcomes could occur for points a, b, ¢, and d in Fig. 3.4, detailed
Fig. A3.5). In this theoretical study, the competition between DEN and DNRA is
determined by both stoichiometries and growth kinetics. The stoichiometries were
assumed to be constant. The change of the boundary COD/N ratio with influent nitrate
level was a result of the change of growth rate of two species and thus the contribution

of the two processes at different influent nitrate concentrations.

The result also raises the question of how to anticipate the threshold of resource
limitation in continuous cultures. Resource limitation is normally anticipated based on
the process stoichiometry; for instance, nitrate is expected to be the limiting resource
when it is lower than the stoichiometry would require in relation to COD (Vuono et al.,
2019). Our results show that this stoichiometry-based definition is inadequate. For
example, nitrate limitation (and thus DNRA dominance) would occur when the influent
CODIN ratio was above 6.16 (close to the DNRA stoichiometry) at influent nitrate
concentration of 1000 uM, whereas it would only occur with the COD/N ratio above

8.05 at influent nitrate concentration of 10 uM (Fig. 3.4).

The impact of resource concentrations on competition outcomes has significant
implications, as different ecosystems have various nitrate availability (i.e., influent
nitrate concentration) (Table 3.3) and, therefore, possibly different boundary COD/N
ratios for nitrate partitioning. High nitrate concentrations have been reported in some
ecosystems, for example, in groundwater at a nuclear waste site (up to 233mM
(Fortney et al., 2015)), in soil adjacent to bats guano caves (Pellegrini and Ferreira,
2013), and in coastal rockpools affected by gull guano where high level of ammonium
that can further result in high nitrate level due to nitrification was observed (e.g., 1600
MM (Loder et al., 1996)). However, the nitrate concentrations in natural aquatic and
terrestrial ecosystems are normally low (e.g., <100 uM, Table 3.3), at which the

boundaries of different competition outcomes changed dramatically (Fig. 3.4). Lab-
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scale competition studies often supply high concentrations of nitrate (> 1000 uM, e.g.,
in (Rehr and Klemme, 1989; Van Den Berg et al., 2015; Yoon et al., 2015a)) at which
the boundaries were rather stable and mainly defined by the stoichiometries of
denitrifiers and DNRA bacteria (Fig. 3.4). The thresholds obtained from these high-
nitrate environments were closely resembled with our model. However, litter
experimental data are available for environmentally relevant low influent nitrate
conditions. It would be interesting to design experiments to check the theory under

these conditions.

Table 3.3 Typical nitrate concentrations in several ecosystems

Ecosystems NO;" (uM) Source

Seawater <30 (Lam and Kuypers, 2011)
Groundwater < 806 (Spalding and Exner, 1993)
Surface water <161 (EC, 2018)

Marine sediments 3.7-17.8 (Bonin, 1996)

Terrestrial ecosystems?  0.01-4.96° (Ratting et al., 2011)
WWTPs <4200¢ (Henze et al., 2008)

a: Forest, grassland, riparian;

b: in yM /g soil

c¢: assuming all the influent ammonium is converted to nitrate for a medium strength municipal
wastewater

In the context of WWTPs, nitrate concentrations and COD/N ratios could change in a
wide range along the treatment line. DNRA bacteria were shown to be enriched from
activated sludge in chemostats with high COD/N ratio influent (Van Den Berg et al.,
2015) and coexisted with denitrifiers in wastewater treatment wetlands (Jahangir et al.,
2017; Rahman et al., 2019). Besides, the use of biofilm reactors is increasing, where
substrate gradients can be formed within the biofiilm and may thus create
microenvironments with high COD/N for DNRA to proliferate. The role of DNRA in
WWTPs needs to be further characterized.

Some of the seemingly conflicting results concerning the impact of COD/N ratio may
partially attribute to the type of system used for investigation, i.e., continuous (i.e.,
chemostat) versus batch cultures. In continuous cultures, the competition outcome is
determined by the subsistence concentration for the limiting resource (Js, Eq. 3.2), as
shown in this study. Stable resource limitation can be reached in continuous cultures
but not in batch cultures (Kuenen and Johnson, 2009; van den Berg et al., 2016). In

batch cultures, the competition outcome of different microorganisms is determined by
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their maximum growth rate (Veldkamp and Kuenen, 1973). Using both systems with a
dual-pathway pure culture, Yoon et al. (2014) suggested that the batch systems cannot
resolve the impact of COD/N ratio on pathways selection between denitrification and
DNRA. In a batch incubation system, the shift from DEN to DNRA with increasing initial
CODIN ratios, as expected in continuous cultures, was not established (Behrendt et
al., 2014). Fig. A3.6 demonstrates a straightforward comparison between these two
systems. With the same initial conditions (COD/N ratio of 6.86, same of amount of
DNRA and DEN bacteria), DNRA outcompeted DEN in a continuous culture at steady
state with nitrate being the limiting substrate, whereas the opposite competition
outcome was obtained in a batch culture(Fig. A3.6). Therefore, caution is required

when comparing the results obtained from batch and continuous cultures.

3.3.3 Impact of dilution rate on competition outcomes

In chemostats, the dilution rate (D) dictates the rate of resource supply and biomass
washout. A species cannot survive in chemostats above a certain dilution rate (lower
than its umax). The impact of D on single species has been well documented, for
instance, in Kuenen and Johnson (2009). The impact of D on the coexistence of two
species was thus focused. According to the resource-ratio theory, stable coexistence
is only possible when denitrifiers and DNRA bacteria each have lower subsistence
concentration for one of the two resources (i.e., JNo3PEN > JnosPNRA and JcopPEN <
JcopPNRA). A critical dilution rate (Dc = 0.0435 h™') for coexistence was thus calculated
as a function of the maximum growth rate and affinity constant for nitrate of the two
species (detailed in A3.7). Below Dc, all four possible competition outcomes could

occur, whereas above Dc, DNRA could not outcompete denitrification (Fig. 3.5A).

The boundaries of the region for coexistence (i.e., region 4 in Fig. 3.4) were used for
illustrating the impact of investigated factors on competition outcomes since it is the
conjunction region. Fig. 3.5B illustrates the impact of D on the boundaries of
coexistence when D was lower than Dc. Firstly, with the increase of D, the Js also
increased (Eqg. 3.2) and thus the minimum requirement for resources to sustain the
biomass. Secondly, the impact of D was marginal at high influent nitrate concentrations
(e.g., >1000 uM) but significant at low concentrations (Fig. 3.5B). At high influent
concentrations, the upper and lower boundary COD/N ratios were asymptotically

approaching the stoichiometric values of Conra and Coen, respectively. At low influent
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concentrations, the impact became increasingly profound as D was approaching the
critical dilution rate (Dc = 0.0435 h™', Fig. 3.5B). For instance, the boundary COD/N
ratios (g COD g N-") for coexistence were 4.3-6.4 and 7.8-9.6 for a dilution rate of 0.026
and 0.043 h™' (at influent nitrate concentration of 100 uM, Fig. 3.5B), respectively.
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Figure 3.5. Impact of dilution rate on (A) possible competition outcomes; (B) the
boundaries of coexistence.

Overall, the results highlight the importance of dilution rate on competition outcome,
especially at low resource concentration and/or at high dilution rate. The critical dilution
rate for coexistence (Dc) enabled to justify the measured competition outcomes by
Rehr and Klemme (1989). In mixed pure cultures of DNRA bacteria (Citrobacter
freundii) and denitrifiers (Pseudomonas stutzeri) competing for nitrate and lactate,
stable coexistence was obtained at low dilution rate (0.05 h-') whereas DNRA
bacterium started to be washed out at a dilution rate (0.1 h™') much lower than its pmax
(0.19 h'") (Rehr and Klemme, 1989). The results on the impact of dilution rate were in
agreement with the observations in environmental enrichments by Kraft et al. (2014)
where denitrifiers outcompeted DNRA bacteria at lower generation time (thus higher

dilution rate) even under nitrate-limiting conditions. Regarding the COD/N range for
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coexistence, van den Berg et al. (2016) suggested that it should be independent of the
dilution rate. Apparently, this only holds at high resource concentrations (as used in
their study) but not at low resource concentrations (e.g., < 1000 uM, Fig. 3.5B). In a
similar competition scenario, Tilman (1977) studied the impact of the ratio of two
nutrients on the competition outcomes of two algae species and found an apparent
curvature of the boundary between stable coexistence and one species dominance at

high flow rate (i.e., dilution rate), confirming the impact shown in Fig. 3.5B.

3.3.4 Impact of kinetic and stoichiometric parameters on competition

outcome

A sensitivity analysis was conducted to investigate the impact of kinetic and
stoichiometric parameters (i.e., Ks, umax, and Y) on the competition outcome (Fig. 3.6).
The default values of these parameters (Table S2) were used for the reference case.
These parameters are species-specific and may change between different denitrifiers
and DNRA bacteria. The fate of nitrate is therefore subject to the local communities in
an (micro-) ecosystem. The parameters for the same bacteria may also be affected by
the environmental conditions (e.g., temperature and pH). For instance, the pmax
increases with temperature within a certain temperature range. Consequently, the
difference between the pmax of DNRA and DEN may also increase due to global
warming and thus affect the fate of nitrate. The sensitivity analysis has the power to
unravel the trend in response to the variation of the parameters and can thus give

insight into their potential impact on the competition outcome.

3.3.4.1 Affinity constants for the resources

The ratio of the affinity constants of the two species for nitrate/COD was changed in
two magnitudes (Fig. 3.6A). Stable coexistence (i.e., O<fraction of DNRA<1) was only
possible when the ratio of the affinity constant for nitrate (i.e., Knos®NR?A/ KnosPEN) was
lower than 0.43 (Fig. 3.6A, section A3.8), indicating that a sufficiently higher affinity of
DNRA for nitrate relative to DEN is required. In contrast, the ratio of the affinity constant
for COD (i.e., KcooPNR#/ KcopPEN) had to be higher than 0.43 for coexistence (Fig. 3.6A,
section A3.8). This threshold (i.e., 0.43) was determined by the umax of the two species
and the D of the continuous culture (detailed in section A3.8). Regarding the absolute
values of affinity constants, with the simultaneous increase of Knos®RA and KnosPNRA

(at fixed KnosPNRA/ KnosPEN ratio), the pattern changed from DNRA-favored (reference
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case) to coexistence-favored and further to DEN-favored pattern (Fig. 3.6B). This
implies that the lower the affinity for nitrate of the two competing species, the lower the
threshold (minimum COD/N ratio) for DNRA dominance, especially at low nitrate

concentration.

Affinity for the competing resources are often used to predict competition outcomes
(Dimitri Kits et al., 2017; Straka et al., 2019b). The result demonstrated that the species
with higher affinity (i.e., lower Ks) for the limiting resources did not necessarily
outcompete other species in continuous cultures (e.g., when KnosPNRA/ KnosPEN= 0.2
and KcopPNRA/ KcopPEN=0.5, DNRA bacteria would have a higher affinity for both nitrate
and COD. Nevertheless, stable coexistence rather than the displacement of DEN was
possible (Fig. 3.6A)). This illustrates that affinity alone was not sufficient to predict the
competition outcome in continuous cultures. The umax and D need to be taken into
account as well, as expressed by Js parameter (Eq. 3.2) (Hansen and Hubbell, 1980;
Hsu et al., 1981; Winkler et al., 2017).

3.3.4.2 Maximum specific growth rate

The difference between the pmax of the two species (i.e., Agmax=pmaxPEN - pmaxPNRA) was
used for sensitivity analysis (Fig. 3.6C). The increase of Aumax led to no pattern change
but a higher threshold for coexistence, whereas the decrease of Aumax resulted in a
gradual shift towards the coexistence-favored pattern. This implies that the bigger the
difference between the pmax Of the two competing species, the more likely the
dominance of denitrification at low resource concentrations would be (i.e., the higher
the maximum COD/N ratio for DEN dominance). The constraint for umax to allow stable

coexistence was detailed in section A3.8.

3.3.4.3 Yield coefficient

Regarding the yield coefficient, the C criterion (i.e., the ratio of Ynos to Ycop, Eq. 3.4)
of the two competing species was used for sensitivity analysis (Fig. 3.6D). Results
show that it only affected the upper or lower limits. The higher the difference between
Conra and Coen (i.e., higher AC), the broader the region for coexistence (Fig. 3.6D).
This was in line with the observations of the two case studies used for theory
verification (Table S3). A lower AC was measured in case 2 (Van Den Berg et al.,
2015) relative to case 1 (van den Berg et al., 2016) and thereby a narrowed region for
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coexistence in case 2. Noteworthy, if Conra Were lower than Coen, stable coexistence
would no longer be possible (Hsu et al., 1981; Tilman, 1980), which in turn supported
the measured higher biomass yield over nitrate of DNRA bacteria than that of
denitrifiers (Strohm et al., 2007; Van Den Berg et al., 2015).

3.3.4.4 Summary of sensitivity analysis

The sensitivity analysis illustrated that kinetic and stoichiometric parameters (i.e., Ks,
Umax, and Y) affected both the possibility and the boundaries of stable coexistence of
denitrifiers and DNRA bacteria. When stable coexistence is possible, process
stoichiometries (i.e., consumption of COD per nitrate) of the two competing processes
were the determining factor of the boundary COD/N ratios at high influent resource
concentrations, whereas kinetics (i.e., Ks and pmax) had a significant impact on the
boundaries (pattern) and thus the competition outcome mainly at low influent resources
concentrations (e.g., <100 uM nitrate). The stoichiometries (reflected on C)) could shift
the boundaries across all concentration spectrum and had greater impact at high

influent resource concentrations than at low influent resource concentrations.
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Figure 3.6. Impact of microbial kinetics and energetics on the boundaries for coexistence: (A) the ratio of the affinity constants of the two
species for the same resource (conditions: influent COD/N=5.3 with 1000 uM nitrate and fixed affinity constants for denitrifiers); (B) affinity
for nitrate, expressed as KnozPNRA, with fixed KnosPNRA /KnosPEN; (C) maximum growth rate, expressed as Ay (i.e., dmaxPEN - umaxPNRA) and

(D) yield coefficient, expressed as AC (i.e., Conra-Cpen). The values in the box were default values at the reference case.
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3. 3.5 Dynamic system behaviour

Fig. 3.7 demonstrates the trajectories to stable coexistence at a steady state, with the
evolution of the two competing species and two resources in Fig. 3.7A and the
calculated growth rates (4, Eq.1&3) in Fig. 3.7B. In the dynamic system behaviour, four
phases could be distinguished based on the limiting resource for the growth of DNRA
(Fig. 3.7B).

In phase |, the growth of DNRA was limited by acetate (ubnra=pDNRAC, Fig. 3.7B). The
concentration of nitrate and acetate in the chemostat decreased with the growth of
denitrifiers and DNRA bacteria (Fig. 3.7A), which in turn resulted in their decreased
growth rates (Fig. 3.7B). By the end of phase |, nitrate concentration reached JnosPNRA
(< Jno3PEN), at which the growth rate of denitrifiers (upen) could not balance the loss
rate (upen<D, Fig. 3.7B) and the biomass concentration of denitrifiers thus decreased
(Fig. 3.7A). In phase I, the growth of DNRA was limited by nitrate (JonrRa=HDNRAN, Fig.
3.7B) and the low nitrate concentration favored DNRA bacteria, i.e., ypnrRa>pDeN (Fig.
3.7B). Meanwhile, acetate concentration decreased further and reached a point where
the growth of DNRA bacteria shifted to become acetate-limited again (UbNRA=MDNRA,C,
phase lll, Fig. 3.7B). In phase lll, yonra started decreasing with decreasing acetate
concentration, resulting in a lower nitrate consumption by DNRA bacteria.
Consequently, the nitrate concentration gradually recovered to reach JnosPEN.
Simultaneously, the acetate concentration further decreased to reach JcopPNRA
(>JnosPEN) by the end of phase Ill. From this point, the growth rate of the two competing
species became identical and equaled to the dilution rate of the chemostat and thereby

reached the steady state (phase V).

Noteworthy, both nitrate and acetate were limiting (i.e., dual limitation) in phase 11&lV,
with DNRA being acetate-limited (Jcon®NRA > JcopPEN) and DEN nitrate-limited (JnosPEN
> Jno3PNRA). Therefore, coexistence occurred at a steady state because each species
was limited by the resource for which its rival has the lower subsistence concentration
(Js) and thus competitive advantage, i.e., DNRA by acetate, whereas DEN by nitrate.
This is in line with the proposed theoretical condition for coexistence (Bader, 1978; Hsu
et al., 1981; Tilman, 1980) and observed competition behavior (i.e., dual-limitation of

acetate and nitrate at stable coexistence (van den Berg et al., 2016)).
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Figure 3.6. Trajectories of: (A) resources and species concentrations; (B)
calculated growth rate in a chemostat fed with acetate and nitrate at a COD/N
ratio of 5.3, under which stable coexistence of DEN and DNRA was observed
(van den Berg et al., 2016) and predicted (this study). The denitrifiers and DNRA
bacteria were initially equally presented in a chemostat.

3.3.6 Model limitations and their implications

In this study, denitrification and DNRA were assumed to directly compete for nitrate
and be carried out by two distinct specialist species. This section discusses the role of
nitrite, the potential difference between specialist and dual-pathway species and the
complexity of electron donor (organics), and their implications in predicting the
competition outcome.

Nitrite is the common intermediate and the branching point of the two pathways, and
both nitrate and nitrite can be the terminal electron acceptors in DEN and DNRA (Kraft

et al., 2011). However, there is still a lack of consensus about the role of nitrite in their
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competition. Kraft et al. (2014) found a shift from DNRA to DEN when nitrate was
replaced by nitrite in a continuously fed chemostat enrichment systems with marine
sediments and postulated nitrite as a determining factor in the selection of the two
pathways, suggesting that denitrifiers have a comparatively higher affinity for nitrite.
Yoon et al. (2015) showed the ratio of nitrite to nitrate was a determining factor in
pathway selection in a chemostat study with dual-pathway pure culture, with DNRA
dominated at higher nitrite/nitrate ratios. In contrast, van den Berg et al. (2017b)
demonstrated that nitrite does not generally control the competition between
denitrification and DNRA in chemostat enrichment cultures. In general, if there is nitrite
accumulation, there is no need to consider nitrite in the model. If the competition of
denitrification and DNRA only lies in the nitrite reduction, then the resource-ratio theory
could be easily implemented in the same way. However, the parameters related to
nitrite (e.g., Ks and yield) are still largely missing and need further determination. In
the case where nitrite accumulation is observed, the applicability of the resource-ratio
theory would be limited as it would be thus unable to describe DEN and DNRA as one-

step reactions.

Partial DNRA (nitrate to nitrite) can be an alternative pathway for nitrite supply to the
anammox conversion. Previous studies show that it can be coupled with anammox
process (i.e., Partial DNRA-Anammox, PDA, Chapter 1) in standalone anammox
(Chapter 2 and (Castro-Barros et al., 2017)) or integrated partial nitritation-anammox
systems (Winkler et al., 2012). By doing so, the nitrate produced from anammox
reaction could be reduced and thereby improve the nitrogen removal of these systems.
In fact, the combined partial DNRA-anammox reaction by anammox bacteria was
found thermophilically favourable at low COD/N ratio conditions (Castro-Barros et al.,
2017). Nonetheless, maintaining a low influent COD/N ratio is vital for this purpose as
heterotrophic denitrification and/or DNRA (nitrate to ammonium) would otherwise be
promoted at relatively high COD/N ratio conditions as shown in this chapter.

The possible difference between dual-pathway and specialist DNRA microorganisms

deserves further clarification. In dual-pathway microorganisms, the first step (i.e.,

nitrate reduction to nitrite) might be catalyzed by the same enzyme, and the

competition of the two pathways thus lies on nitrite. For example, the dual-pathway

Shewanella loihica PV-4 utilizes NapA and /. calvum utilizes NarG for nitrate reduction

(Vuono et al., 2019). This may explain the observed determining effect of nitrite on
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pathway selection in Shewanella loihica PV-4 (Yoon et al., 2015b) but not in the
enrichment cultures where different bacteria are responsible for denitrification and
DNRA (van den Berg et al., 2017b). Moreover, the competition between two species
could result in the displace of the rival, whereas competition of two pathways within the
same microorganism may depend on the maximum benefit (e.g., maximum energy

production or electron transfer) of the microorganism under certain conditions.

The results in this study confirmed the governing effect of COD/N ratio (i.e., electron
donor/acceptor) in the selection of denitrification and DNRA and revealed what
determined the boundary values, using a non-fermentative acetate as an example for
electron donor. However, the nature of the electron donors (i.e., organic carbon) can
be complex and have been shown to affect the competition outcome (Kraft et al., 2014;
Rehr and Klemme, 1989; van den Berg et al., 2017a). The presence of fermentative
organic carbon (e.g., lactate) may stimulate fermentative bacteria which can directly
compete for both nitrate and organic carbon through fermentative DNRA process
(Cole, 1996) and/or alter the organic carbon available for DNRA process (van den Berg
et al., 2017a). Previous study suggested that the nitrogen conversions in the oxygen
minimum zones (OMZs) of the ocean were likely regulated by organic carbon (Lam
and Kuypers, 2011). The composition and concentration of organic carbon can change
both spatially and temporally, and different organic compounds may have different
influences on various microbial processes (Kovarova-Kovar and Egli, 1998; Lam and
Kuypers, 2011; Muscarella et al., 2019). More detailed organic geochemical analyses
in different ecosystems and incorporation of fermentative bacteria in the DNRA

modelling are thus called for.

3.3.7 Potential application of the resource-ratio theory in other studies

One commonly accepted theory for interspecies competition for the same substrate is
the K/r strategist hypothesis (Andrews and Harris, 1986; Dorodnikov et al., 2009). With
the default kinetics currently available, DNRA resembles a K-strategist (species with
high substrate affinity and low umax) and DEN an r-strategist (species with low substrate
affinity and high pmax). According to this theory, DNRA would win the competition
against DEN when both organisms are subjected to low-nitrate conditions (i.e., high
CODI/N), which agrees with the prediction of the resource-ratio theory that was used

here (Fig. 3.4) and that are also confirmed experimentally (Rehr and Klemme, 1989;
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Van Den Berg et al., 2015). Nevertheless, the K/r strategist hypothesis only considers
one limiting substrate (nitrate or COD), whereas the resource-ratio theory
simultaneously takes both limiting substrates (and dilution rate) into account and is

thus more comprehensive.

In this study, the resource-ratio theory was applied to elucidate the competition
between denitrification and DNRA for nitrate and organic carbon. Nevertheless, the
conclusions and their implications can be extended to other similar competition
scenarios, for instance, the competition between ammonia-oxidizing bacteria (AOB),
archaea (AOA), and comammox microorganisms for ammonia and oxygen. As
demonstrated in this study and previously (Bellucci et al., 2015; Miller et al., 2005;
Smith et al., 1998), the resource ratio-theory offers mechanistic insights and
quantitative prediction of competition outcomes between microorganisms for common
resources. Despite its relatively easy implementation and great value, its application in
the microbial competition is still rather limited. To ease the application, a decision tree
(Fig. A3.2) and a spreadsheet model (Spreadsheet A.3.1, Appendix) were created and
provided for the generalized scenario where two species exploitatively compete for two

essential resources, as is the case for DEN and DNRA.

3.4 Conclusions

The resource-ratio theory was applied to elucidate the competition between
heterotrophic denitrification and DNRA in continuous cultures and verified with
experimental results. The results highlight the impact of resource concentrations,
dilution rate and microbial kinetic and stoichiometric parameters on the boundary
CODI/N ratios and thus the competition outcome. The COD/N ratio dictated the
competition between the two nitrate partitioning pathways; however, the boundary
values changed significantly with influent resource concentrations. At high influent
resource concentrations, the stoichiometries (i.e., consumption of COD per nitrate) of
the two competing processes was the determining factor of the boundary COD/N
ratios, whereas kinetics (i.e., Ks and pmax) was important as well but only at low influent
resource concentrations. The dilution rate became significant at low influent resource
concentration and/or high values close to the critical ones. At stable coexistence, the
growth of DNRA and DEN was limited by COD and nitrate, respectively. The results

also provide testable hypotheses concerning the nitrate partitioning at environmentally
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relevant low nitrate conditions for further research. The conclusions based on the
verified resource-ratio theory potentially have broad implications for similar competition
scenarios.
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Appendix

A3.1 The resource-ratio theory

A3.1.1 Model description though mass balances

The system under study consists of two species (N1 and N2) competing for two
essential resources (S, R), which can be described by the set of mass balances (Hsu
et al., 1981). When applied to the competition between heterotrophic denitrification
(DEN: NOs>N2) and DNRA (NO3s>NH4"), the subscripts 1 and 2 respectively denote
DEN and DNRA species, while S and R respectively denote the two shared resources,
namely nitrate and COD (Fig. A3.1).

NO;-(S) ?
COD (R)
NO,- + NH,*
04//]34
Wé) N H4+

Figure A3.1. Graphic representation of the continuous system under investigation
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S R

©i(S,R) = min (tmay i Ko tS uumax,im) (A3.1)
aX
M= [Ml(S;R) - D]XNl (A3.2)
dt
aX
dItV2 = [, (S,R) — D] Xy, (A3.3)
ds 1 1 (A3.4)
E = (So —-S)D — EH1(S;R)XN1 - EMZ(S;R)XNZ
dR 1 1
B Ry = $)D = o (S, RV X1 — = 112(S, R) X (A3:5)

where,

u; (S, R) is the actual growth rate of species with resources S and R;
Umax,i 1S the maximum growth rate of species i (h”");

Kj; is half-saturation constant of species i for S (uM);

Kpg; is half-saturation constant of species i for R (UM);

So is the influent concentration of resource S (UM);

S is the concentration of resource S (UM);

Ro is the influent concentration of resource R (UM);

R is the concentration of resource R (uM);

D is the dilution rate (h'");

Y is the yield coefficient of the species over resource S or R (mold X per mole S or R);
Xy1 is the biomass concentration of species N1;

Xy, is the biomass concentration of species N1;
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A3.1.2 Procedures for the application of the resource-ratio theory

To ease the application of the resource-ratio theory, a decision tree was made in

stepwise (Fig. A3.2), accompanied by a demonstration in Spreadsheet A3.1.

Species :Umax,i Ksi Kri Ysio Yri Blue-: Conditi_ops
System: D, S, R, Red: Competition outcome

Green: Equilibrium point

A 4

Calculate: JS,i: JRJ, Ci, Ti, T

v y v

T*<C,, C, C<T*<C, T>C,, C,

N,&N,
coexist

Figure A3.2. The decision tree for predicting the competition outcome of two
species competing for two essential resources using the resource-based
competition theory (Assumptions: So>Js1>Js2>0, Ro>Jr2>Jr1>0 and C1<C2. Es1
represents the equilibrium point where species 1 wins the competition and is S-
limited at steady state (Table A3.1)).

The J and C criteria are respectively defined in Eq. 2 and Eq. 4. Two new criteria are

introduced in this figure:

Ro = Jri
T, = A3.6
b So—Jsi ( )
T — Ro — Jr2 (A3.7)
So —Js1
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The biological meaning of the two criteria can be found in (Hsu et al., 1981). For
example, by comparing T1 with C1, we can determine whether species 1 is S-limited or
R-limited and thus the equilibrium point. For example, if T1>C1, then the growth rate of
species 1 is S-limited because S is supplied at a steady-state rate slower than R with
respect to the required consumption ratio for species 1. The analytical solutions of the
concentrations of the two species and two resources for each equilibrium point are

summarized in Table A3.1.

Table A3.1. The analytical solutions of status at the equilibrium points in Fig. A3.2,
derived from (Hsu et al., 1981)

Equilibrium Nitrate coD DEN DNRA Competition
point (S7) (R") (Ny) (N3) outcome
N; )
Eg Jo  Ro—— Ys1(So = Js1) 0 N1 wins
Yr1
Ny .
Epq So — y_ Jr1 Yr1(Ro — Jr1) 0 N1 wins
s1
N, .
Es, Is2 Ry —— 0 V2 (So — Js2) Nz wins
Yr2
N; .
Erz So - Ves ]RZ 0 YRr2 (Ro _]RZ) N2 wins
S
Sy — Cc,—-T* So — T —=C
E, Jan Jrz Vs1(So — J51) (G2 ) Ys2(So — Js1)( 1) Coexistence
CZ - Cl CZ - Cl

E, So R, 0 0 All washout
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A3.1.3 Mathematical conditions for each region in Fig. 3.1

The conditions with respect to the influent concentration of resource S and R for the 6

regions in Fig. 3.1 are given here.

R A /
s
p
C
Pt
//
/
2 |3 4
A® //
//
/
Jry T C,‘ N2
1
JSZ s

Figure A3.3. Graphical representation of resource competition of two species (N1 and
N2) competing for two resources (S and R) at a specific dilution rate (the same as Fig.
3.1)

* Region 1, no species can survive, i.e., all washout;
Conditions: So<Jsi or Ro< Jri

* Region 2, only species N2 (i.e., DNRA) can survive;
Conditions: Js2<So<Js1 and Ro>Jr2>JRr1

* Region 3, species N2 outcompete N1, i.e., DNRA outcompete DEN;
Conditions: So>Js1> Js2, Ro>Jr2>Jr1 and T*>C2>C+

* Region 4, species N1 and N2 can coexist, i.e., DEN and DNRA can coexist;
Conditions: So>Js1> Js2, Ro>Jr2>Jr1 and C1<T*<C2

* Region 5, species N1 outcompete N2, i.e., DEN outcompete DNRA;
Conditions: So>Js1> Js2, Ro>Jr2>Jr1 and T*<C+1<Cz2

* Region 6, only species N1 (i.e., DEN) can survive;

Conditions: So>Js1> Js2, JR1<Ro<Jr2
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Spreadsheet A3.1. Spreadsheet for outcome prediction of the competition between two species for two shared resources

Implementation of Resource-Ra

Graphical display

Isoclines
ZNGI_1Y
ZNGI_1X
ZNGI 2Y

ZNGI_2X

General  Definition DNRA (N2) Unit
Input Physiological Ysi Yield per mole nitrate (S) 0431 0.656 C-mol X/mol NO3
paramters Yri Yield per mole acetate (R) 0.488 0.488 C-mol X/mol Ac
pmax;i  maximum growth rate 0.086 0.052 b1
Ksi K_NO3, affinity constant 10.0 2.0 uM
Kri K Ac, affinity constant 10.0 10.0 M
System parameter D Dilution rate 0.026 h—1
Resource input S0 Influent nitrate con 11790.00 M
RO Influent acetate con. 15000.00 uM
Calculation |Criteria Jsi Subsistance con. for nitrate 4.333 2.000 M
Jri Subsistance con con. for Ac 4333 10.000 M
Ci consumption of R per § 0.883 1.344
Ti T parameter 272 1272
™ T* parameter 1272
Output Competition outcome Coexist
Equilibrium point:  |If N1 wins, check this Esl
I N2 wins, check this Er2
If coexist, check this Ec

Status of equilibrium point (Table A3.3)

Equilibrium point Esl Erl Ec Es2 Er2
S ™M 433 -5188.85 433 2.00 638.90
R M 4590.94 433 10.00 -846.16 10.00
N1 M 5079.62 7317.89 797.40 0.00 0.00
N2 M 0.00 0.00 6517.72 773293 7315.12

X ¥

M M
4333 4333
4333 50.000
4333 4333
50.000 4.333
2.000 10.000
2.000 50.000
2.000 10.000
50.000 10.000

Consumption vectors
(Js1,7r1) C1_line

C2_line

(Js2, Jr2)

X ¥

pM M
4333 10.000
50.000 50.333
4333 10.000
34.089 50.000

(Js1,

r2)

Ac/N
123

1.5

Assumptions check assumptions

OK 80=Js1>752>0
OK RO>Tr2>Tr1>0
OK C1<C2
50 -
40 -
& 30 A
&
@
<
=20 4
1 4
10 4 N2 -
N1
0 T
0 10 20 30 40 50
S (Nitrate)

Case study: van den Berg et al., 2016 (Example)

Criteria Predicted outcome Experiment Equilibrium point Nitrate (S) Acetate (R) DEN(N1) DNRA(N2)

COD/N M M M M
3.72 S0 11790.00 M C1<T*<C2 Coexist Coexist Ec 4.333 10.000 1263.209 4321.136
Dual-limit RO 14501.70 M
case Ti 1.230 1.2294

= 1.2296
6.86 S0 11790.00 M T*>C1,C2&  DNRA (N2) wins DNRA (N2) wins Es2 2.000 1838.836 0.000 7732928
N-limit RO 17685.00 pM T2>C2

Ti 1.500 14994

i 1.4997
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A3.2 Application of the theory for denitrification and DNRA

Table A3.2. Physiological parameters of heterotrophic denitrifiers and DNRA bacteria
used for the implementation of resource-ratio theory (in uM)

Parameter Value Unit Source

ubEN 0.086* h (Henze et al., 1999)

YOEN 0.488 mol Cx.mol' Acc  (van den Berg et al., 2016)
YPEN 0.431 mol Cx.mol'* NOs~ (van den Berg et al., 2016)
KQEY 10 uM (van den Berg et al., 2016)
KREY 10 uM (van den Berg et al., 2016)
pULNRA 0.052* h (van den Berg et al., 2016)
YONRA 0.488 mol Cx.mol'* Acc  (van den Berg et al., 2016)
YONRA 0.656 mol Cx.mol"* NOs~ (van den Berg et al., 2016)
KDIRA 2 uM (van den Berg et al., 2016)
KENRA 10 uM (van den Berg et al., 2016)

*Temperature dependent parameters (at 20 °C)

A3.3 Experimental cases for theory verification

To verify the resource-ratio theory, two experimental case studies on the competition
between heterotrophic denitrification and DNRA by van den Berg et al. (2016, 2015)
were used. The experimental conditions and observed competition outcomes are

further summarized in Table A3.3.

Table A3.3. Measured concentrations of biomass and resources at steady state

CODIN Measured competition Biomass concentration (uM)

(g COD.g N*) outcome DEN* DNRA* Total

Case 1 8.5 DNRA dominance 86 8465 8551
(‘E’g:gdgt” 6.9 DNRA dominance 87 8655 8742
al., 2016) 5.6 Coexistence 1510 4529 6039
53 Coexistence 2082 3396 5478

4.9 Coexistence 2965 3480 6445

4.2 Coexistence 4042 713 4755

3.0 DEN dominance 3601 0 3601

N.A., not available; * Calculated from the total biomass concentration and the relative abundance

obtained from cell counts of the FISH analyses (van den Berg et al., 2016).
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A3.4 Impact of resource concentration on competition outcome
Fig. A3.4 shows the impact of influent COD (acetate) concentrations on the boundaries

of different competition outcomes.

D=0.026 h-1
24

20

167 2+3. DNRA

172+ 1

_________________________ C
: DNRA
4. Coexistence

Influent COD/N (g COD g N)

1 10 100 1000 10000

Influent acetate concentration (M)

Figure A3.4. The boundary influent COD/N ratios at different influent acetate (COD)
concentrations. The regions correspond to the regions with the same numbers in Fig.
3.2 and Fig. 3.4.
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For a continuous culture with the same initial concentrations of DEN and DNRA
bacteria, different competition outcomes can occur when it was fed with the same
influent COD/N ratio but different influent resource concentrations, as demonstrated in

Fig. A3.5. This illustrates the impact of resource concentration on competition

outcomes.

>
3
w
&
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< g COD/N=6.86 —DNRA s COD/N=6.86 —DNRA
= Nitrate= 3 uM - - -Acetate = Nitrate= 6 uM - - -Acetate
S o Allwashout - - -Nitrate 5 10 DEN wins - = -Nitrate
? __________ Acetate _ _ “5 \ "_________________A_cgt_age_
S o4y o7 . = e .
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c .- c PP el ittt
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Figure A3.5. With the same influent COD/N ratio (6.86, i.e., Ac/N=1.5) at the
same dilution rate (0.026 h-') but different influent resources concentrations, all

four possible competition outcomes could occur (corresponding to the points a,
b, c, and d in Fig. 3.4)
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A3.5 Comparison between continuous and batch cultures

A chemostat and a batch system were compared to illustrate the different competition
mechanisms in these two systems. The chemostat was fed with an influent COD/N
ratio of 6.86 (g COD.g N-', 9000 uM acetate and 6000 uM nitrate, Fig. A3.6A), whereas
the same CODI/N ratio was applied as the initial conditions of the batch system (0.5d a
cycle with a fixed fraction of biomass removed each cycle, Fig. A3.6B). The initial
biomass concentration for DNRA and DEN was set the same (1000 pM, Fig. A3.6A
and A3.6B). DNRA outcompeted DEN in the chemostat at a steady state with the
nitrate being the limiting substrate (low concentration but not zero, Fig. A3.6A). This
outcompetition was due to the lower Js of DNRA for nitrate (i.e., JnosPNRA < Jno3PEN),
which translates to a higher growth rate of DNRA (upnra) at nitrate-limiting conditions
(Fig. A3.6C). On the contrary, DEN outcompeted DNRA in the batch culture after 20

cycles (Fig. A3.6B) due to the higher growth rate of DEN compared to DNRA at high
resource concentration (Fig. A3.6D).

A 10000 v - . B 10000 . . . .

Chemostat DEN Batchl . L1t
—_ R —_ SEERERE ria g i
< - - -Nitrat < R TR E LR LR
& 60001 rale S 6000 f g i mp Rl Ry
(= = Yo 1R b Dy 1 T i
9 i E ‘.I""':t:‘ .':.:hi:h’h'l?.‘rl:‘h
E 4000 E 4000 ":l;l:::h"'q 1 -t'f‘ ',llﬁ:: ‘Flu ::pl l::l
] 7] lll.,“l".hl_lﬁ A -""*“h' |,l|l_" |||1hI| 2y u-I'n
g (é ! e oy :. " "
8 2000 & 2000 A

0 ;
0 2 4 6 8 10

Time [d]
C o D o1
Batch
~—0.08 -:
= I
@ 0.06 !
E (!
- |
$0.04 |
© |
9 0.02 1
|
|
0 5 10 15 20 0 2 4 6 8 10
Time [d] Time [d]

Figure A3.6. The comparison between a chemostat and a batch system in terms

of the trajectories of resources and biomass (A vs. B) and the calculated growth
rates (C vs. D).
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A3.6 Conditions for stable coexistence

A3.6.1 Conditions for stable coexistence

According to the resource-ratio theory, for two species to stably coexist on two
resources, each species need to have a lower subsistence concentration for one of the
two resources (Hsu et al.,, 1981; Ledn and Tumpson, 1975; Tilman, 1980). This
condition sets the constraints for the parameters to allow stable coexistence (Eq. A3.8
and A3.9). When applied to the competition between heterotrophic denitrification
(DEN) and DNRA, the subscripts 1 and 2 respectively denote DEN and DNRA, and S

and R respectively denote nitrate and COD.

From JnosPEN > Jno3PNRA

D
KSl ) W——D > KSZ ' ,uglax——D (A38)
From JnosPEN < JcopPNRA
Kgr1 'W—_D < Kg, "ugmx—_D (A3.9)
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A3.6.2 What defines the COD/N ratio and patterns of the boundaries for

coexistence?

The boundary (expressed as COD/N ratio) for coexistence is constrained by the two
stoichiometric consumption vectors, with the slope of Coen and Conra, respectively.
DEN and DNRA can only co-exist at region 4 (Fig. 3.2 and Fig. A3.7).

COD (R) 20
Slope=C_DNRA + !
15
e<C_DNRA
10 5<C_DEN
5 p
DNRA (N2)
. . . . |
0 5 10 15 20
Nitrate (S)

Figure A3.7. Graphical representation of boundaries of coexistence of two
species (N1and N2, in this case, DEN and DNRA, respectively) competing for
two resources (S and R).

The two consumption vectors (Cpzy and Cpyr4) define the boundaries for coexistence.
e For supply point (So, Ro) on the consumption vector of DNRA (upper limit):

(RO _]RZ) — C
(So—Js1)  PNRA

When Ro >> Jr2 and So >>Js1,
COD _ Ry _ (Ro—Jr2)

— T
N S (So—Js) M
e For supply point (So, Ro) on the consumption vector of DEN (lower limit):

(RO _]RZ) =C
So—Js) "

When Ro >> Jr2 and So >>Js1,

€ob _Ry (Ro—Jra) _ .
N ~ Sy (So—Js1) PEN
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Therefore, the COD/N ratio in region 4 is bounded by Cpyra and Cpgy. The boundary
COD/N ratios of coexistence were always asymptotically approaching the
stoichiometric ratios Conra and Cpen with increasing nitrate concentrations (e.g., Fig.
3.4). The differences lay in how the boundary COD/N ratios approach these two ratios.
Theoretically, there are three possible patterns depending on the JcopPNRA/InosPEN in

relative to Conra and Coen (Fig. 3.6):

(1) If JcopPNRA/UNosPEN >Conra, then the upper limit >Conra and lower limit >Cpen
(reference case), termed as DNRA-favored pattern, under which the region for DNRA
dominance widened with increasing resource concentration, i.e., boundary COD/N for

DNRA dominance decreases;

(2) If Coen <JcopPNRA/UNo3PEN <Cpnra, then Cpen <boundary COD/N<Cponra, termed as
coexistence-favored pattern, under which only the region for coexistence widened with

increasing resource concentration;

(3) If JconPNRA/Ino3PEN <Cpen, then upper limit <Cpnra and lower limit <Copen (Fig. A3.4),
DEN-favored pattern, under which the region for DEN dominance widened with

increasing resource concentrations.
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A3.7. Impact of dilution rate on coexistence

The conditions for coexistence (Eq. A3.8 and Eq. A3.9, in section A3.6) set two
constraints for all the parameters. To determine the range of one (pair) parameter, one
can substitute the other parameters with their default values (Table A3.2). The range

of dilution rate to allow for coexistence can be thus calculated.

&—1D &max_ max A3.10
(G2 = DD > e — (A3.10)
R2 R2
K. K.
(K—S‘1 —~1D < K—Slué"“" —pu (A3.11)
S2 S2

Kri _ pi"** :
If < s @8 i the reference case, then
R2 2

K
R —
0<D< 7 = 0.0435 = D,
=51 1q
Ks,

Below Dc, stable coexistence is possible with sufficient influent resources, whereas
above Dc, DNRA would have higher J for both nitrate and COD and thus unable to

compete with DEN, i.e., no stable coexistence.

D

max max
250 KR1 u -

If 2— <= <=—— then
12 KRz uy =D
K, K.
T U — u R uger — e
R2 <D < 252
h -1 & -1
Kr> Ks;

Below the lower limit, DNRA would have lower J for both nitrate and COD and thus be
favored. Between the two limits, stable coexistence is possible, whereas above the

higher limit, DEN would lower J for both nitrate and COD, and thus be favored.
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A3.8. Sensitivity analysis

The conditions for coexistence (Egq. A3.8 and Eq. A3.9, in section A3.6) set two
constraints for all the parameters. To determine the range of one (pair) parameter, one
may substitute the other parameters with their default values (Table A3.2 and 0.026 h-

! for dilution rate).

A3.8.1 Sensitivity analysis for affinity constant (Ks)
From Eq. A3.8 and Eq. A3.9,

K2 w3 —D

Ker < W——D (A3.12)
Kro 03" =D
Ko > (A3.13)

For affinity for nitrate:

Ks, uy™ —D  0.052—0.026

< = = 0.433
K¢y u™* —D 0.086 —0.026

Analogously, for affinity for COD:

K max __
R B T 0433
Kpe  p™" =D

A3.8.2 Sensitivity analysis for maximum specific growth rate (umax)

From Eq. A3.12 and Eq. A3.13,

max Kr1 max
R2

max Ks1 max
S2

e 1)

52 =0.038

max
>
1253 &
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4.0 Abstract

Wastewater treatment plants of the future aim at energy autarky. This could potentially
be realized through a high-rate activated sludge (HRAS) process for organics
(expressed as Chemical Oxygen Demand, COD) redirection followed by a mainstream
partial nitritation-anammox (PNA) process for nitrogen removal. This combination of
processes was evaluated in this study through modelling and simulation. The impact
of operating conditions on the unit processes was investigated first. The operation of a
HRAS stage often implied a trade-off between maximizing the COD capture for energy
recovery and minimizing residual COD in the effluent fed to the subsequent autotrophic
PNA process. Moderate DO concentrations (0.3-0.5 g O2.m™3) and SRT (0.3-0.5 d)
were suggested to balance these needs, whereas maximizing settling efficiency in the
subsequent settler was always desirable. Regarding the mainstream PNA process, the
optimal DO setpoint corresponding with maximum nitrogen removal decreased with
increasing biomass concentrations. Anammox remained the dominating nitrogen
removal process during long-term dynamic simulations with fluctuating HRAS stage
effluent (1.3-4.3 g COD.g N*, 10-20°C), indicating the resilience and long-term stability
of the PNA process at mainstream conditions. Overall, plant-wide evaluations revealed
that the combined HRAS-PNA system could achieve a comparable effluent quality as
the conventional activated sludge (CAS) system, complying with EU regulations, while
allowing around 50% more influent COD to be redirected to the sludge line for energy
recovery and over 60% savings in aeration energy. This illustrates the potential of
being energy-neutral of the integrated HRAS-PNA system. However, the effluent
quality of the HRAS-PNA system was found less satisfactory under dynamic conditions

than under steady-state conditions.

Chapter redrafted after:

Jia, M., Solon, K., Vandeplassche, D., Venugopal, H. and Volcke, E.I.P. (2019) Model-
based evaluation of an integrated high-rate activated sludge and mainstream

anammox system. Chemical Engineering Journal, in press
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4.1 Introduction

Conventional municipal wastewater treatment plants (WWTPs) are typically designed
to obtain a high removal efficiency of organic matter (expressed as chemical oxygen
demand - COD) and nitrogen. This does not only require a large amount of aeration
energy but also leads to the loss of the energy present in COD as metabolic heat
(Jetten et al., 1997; McCarty et al., 2011). New configurations have been proposed to
shift from the current energy-inefficient WWTPs towards energy-neutral ones (Jetten
et al., 1997; Kartal et al., 2010; Verstraete and Vlaeminck, 2011), based on the AB
process already established in the 1970s (Boehnke, 1977). The first stage of such
energy-neutral (or even energy-positive) WWTPs utilizes a high-rate activated sludge
(HRAS) process, in which COD is concentrated and then redirected for subsequent
energy recovery or high-value end-products production through anaerobic digestion
(Kleerebezem et al., 2015). This stage is followed by a partial nitritation-anammox

(PNA) process for nitrogen removal (Fig. 4.1).

The HRAS process generally uses a higher food-to-microorganism (F/M) ratio, a
shorter sludge retention time (SRT < 2d), a shorter hydraulic retention time (HRT ~ 0.5
h) and a lower dissolved oxygen concentration (DO < 1 g O2.m), compared to
conventional activated sludge (CAS) process (Jimenez et al., 2015). These differences
indicate a less energy-intensive (lower aeration energy) and a more compact HRAS
system. They also affect the COD removal behaviour. For instance, due to the low SRT
in an HRAS process, fast-growing heterotrophic bacteria are selected, which are only
able to use the most readily biodegradable organics. As a result, part of the soluble
COD, which is treated as easily biodegradable in long-SRT (> 3d) CAS system should
be considered as inert in the short-SRT HRAS system (Haider et al., 2003). Therefore,
the impact of operating conditions on the COD conversions in the HRAS process needs

to be further explored.

The PNA process consists of two steps. During the partial nitritation step, about half of
the ammonium in the wastewater is oxidized to nitrite by ammonium-oxidizing bacteria
(AOB), while further oxidation to nitrate by nitrite-oxidizing bacteria (NOB) is prevented.
In the subsequent anammox conversion step, the remaining ammonium and the
produced nitrite are combined to form dinitrogen gas (N2), in the absence of oxygen

and using CO:2 as a carbon source (Strous et al., 2006). Compared to the conventional
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nitrogen removal processes based on nitrification-denitrification over nitrate, the PNA
process: (1) consumes up to 63% less aeration energy; (2) does not require external
COD for denitrification, which omits the need for chemical addition and at the same
time maximizes the possible use of the COD present in municipal wastewater for
energy production through anaerobic digestion; (3) produces less sludge and thus,
reduces costly sludge disposal and (4) emits less CO2 due to the autotrophic nature of
the process and lower energy requirements (Jetten et al., 1997; Siegrist et al., 2008).
The two steps of the PNA process can be realized in either two separate reactors or in
a single reactor. By 2014, there were already more than 100 full-scale PNA reactors in
operation. They were successfully applied to treat various types of warm wastewater
with high ammonium concentrations, such as reject water originating from anaerobic
digestion (i.e., sidestream treatment) (Lackner et al., 2014). More than 80% of them
were single reactor systems, as will be considered in this study. Moreover, granular
sludge systems were put forward because of its high volumetric conversion rate and

biomass retention (Kartal et al., 2010).

The current challenge is in applying the innovative PNA process for the treatment of
municipal wastewater in the mainline of the WWTP (i.e., mainstream anammox) (Kartal
et al., 2010). The major issues in this respect are the low temperature and low
ammonium concentration of municipal wastewater, combined with the presence of
COD, which may stimulate the growth of heterotrophs, outcompeting the slowly
growing anammox bacteria (Agrawal et al., 2018; Cao et al., 2017). The feasibility of
PNA under mainstream conditions has been demonstrated in several laboratory and
pilot-scale studies (De Clippeleir et al., 2013; Laureni et al., 2016; Lotti et al., 2014a).
Nevertheless, these studies also point out that the long-term stability of PNA process
(i.e., maintaining high process rate and low effluent nitrogen concentration) under
varying temperature (especially low temperature) and loading rates (e.g., COD and
ammonium) in full-scale WWTPs should be further evaluated (Cao et al., 2017,
Hoekstra et al., 2019).

Sufficient COD removal in the HRAS stage is crucial for avoiding the proliferation of

heterotrophs and, thus, for a successful PNA stage. However, a higher COD removal

in the HRAS stage does not necessarily mean a higher energy recovery (Jimenez et

al., 2015; Nogaj et al., 2015). While the HRAS process has already been successfully

applied at full-scale in the past to maximize energy recovery from the influent COD, as
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the first step in a conventional AB process (Boehnke et al., 1997), the additional
challenge for it nowadays is to simultaneously achieve a sufficiently high COD removal
efficiency in order to meet the influent requirements (i.e., low COD/N) of the
downstream PNA stage. Therefore, to comprehensively assess the combined HRAS-
PNA system, a plant-wide perspective is needed, as applied in the past for the

evaluation of sidestream anammox processes (Volcke et al., 2006).

Model-based investigations are useful for fast and rigorous assessment of the
performance of WWTPs, in particular, to analyse the interrelations among unit
processes. As such, they can also be utilized for feasibility studies of leading-edge
technologies and their integration with other wastewater treatment unit processes. Up
until now, the HRAS-PNA system and/or similar systems (e.g., bioflocculation and two-
stage PNA) have only been evaluated via rough mass and energy balance calculations
(Siegrist et al., 2008) and steady state simulations (Bozileva et al., 2017; Fernandez-
Arévalo et al., 2017; Khiewwijit et al., 2015). A few studies applied life-cycle analysis
for environmental assessment of systems with PNA in the mainline (Besson et al.,
2017; Schaubroeck et al., 2015). However, the feasibility and long-term stability of the
HRAS-PNA system under dynamic conditions (e.g., temperature, hydraulic load and

substrate concentrations) remain to be evaluated.

In this contribution, the feasibility and long-term stability of the HRAS process for COD
removal and capture, combined with a granular sludge PNA reactor for nitrogen
removal, was evaluated through dynamic modelling and simulation. The effect of
operating conditions (e.g., SRT, DO, and biomass concentration) on the individual
HRAS and PNA processes was investigated first, followed by steady-state and
dynamic evaluations of the combined HRAS-PNA system in a plant-wide context.
Finally, the latter system was compared against a conventional activated sludge (CAS)

system in terms of effluent quality and operational costs.

4.2 Materials and methods

4.2.1 The integrated HRAS-PNA system

The integrated HRAS-PNA system (Fig. 4.1) was put forward as proposed by Kartal et
al. (Kartal et al., 2010). In this system, the HRAS stage is mainly responsible for organic

carbon removal and redirection, whereas the PNA stage is mainly responsible for
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nitrogen removal. For the latter purpose, a compact granular sludge reactor was
considered (Kartal et al., 2010). The sludge line (i.e., thickener, anaerobic digester,
dewatering unit, and storage tank) was also included for a comprehensive plant-wide
evaluation and was modelled as in the Benchmark Simulation Model no. 2 (BSM2)
(Gernaey et al., 2014). The BSM2 offers a benchmark for the evaluation of process
performance and control strategies in a typical WWTP based on conventional activated

sludge process (Gernaey et al., 2014).

EFFLUENT
INFLUENT HRAS PARTIAL NITRITATION-
HIGH-RATE ACTIVATED SLUDGE (HRAS) CLARIFIER ANAMMOX (PNA)
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Figure 4.1. Schematic plant layout of the integrated HRAS-PNA system

4.2.2 High-rate activated sludge (HRAS) stage model

The possible biological COD conversions in an HRAS process are illustrated in Fig.
4.2. The short SRT in an HRAS system compared to a CAS system results in different
COD removal behavior, which requires system-specific modelling assumptions. The
widely-used Activated Sludge Model no. 1 (ASM1) which focuses on long-SRT (> 3d)
activated sludge systems (i.e., CAS system), is not directly applicable without
considering new physical-chemical processes or at least an adequate settler model for
the modelling of a short-SRT HRAS system, as clearly stated by the authors
themselves (Henze et al., 2000) and demonstrated by Nogaj et al. (2015).

The HRAS stage was modelled through an adapted ASM1, according to the approach
by Smitshuijzen et al. (2016). In this approach, the efficiency of adsorption/
bioflocculation (r9 in Fig. 4.2) in the HRAS unit and the efficiency of liquid/solid
separation in the subsequent clarifier are lumped into a single parameter, fsettier, which

represents the fraction of particulates removed and is estimated from plant data
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(detailed in A1.2). All particulates are assumed to adsorb and settle equally well. The
stoichiometric matrix and process rate expressions of the HRAS unit model are the
same as the ASM1 implemented in the Benchmark Simulation Model no. 2 (BSM2)
(Gernaey et al., 2014) and are detailed in Table A4.1 and A4.2, respectively. The

associated parameter values of the HRAS unit model are detailed in Table A4.3.

The HRAS stage is composed of the HRAS unit and the subsequent clarifier (Fig. 4.1).
The HRAS unit was modelled as five completely mixed aerated reactors in series to
simulate a pseudo-plug flow configuration as typically done in practice (De Graaff et
al., 2016). The total volume of the HRAS reactors was calculated to be 2500 m?3, based
on the mass concentration of mixed liquor suspended solids (MLSS) that was expected
in the reactors. As the key operating parameters in the HRAS process, the SRT was
controlled by manipulating the waste sludge flow rate (detailed in A1.2), while the DO
was controlled at a setpoint of 0.5 g O2.m at the 4" bioreactor by applying a closed
control loop (Smitshuijzen et al., 2016). The same oxygen transfer coefficient (K, a) in
the 4" reactor was then applied to all other bioreactors in the model. The model was
implemented in Matlab & Simulink® (version R2016b).

4.2.3 Partial nitritation-anammox (PNA) model

The granular sludge PNA reactor was modelled as 1-D biofilm based on Mozumder et
al. (2014), including four bacterial groups: ammonium-oxidizing bacteria (Xaos), nitrite-
oxidizing bacteria (Xnos), anammox bacteria (Xan) and heterotrophic bacteria (X+). The
effect of temperature was taken into account (Table A4.7) according to the approach
in Hao et al. (2002b). The stoichiometric matrix, process rates, and associated

parameter values of the PNA model are detailed in Table A4.5-A4.7.

The granular sludge PNA reactor has a fixed total volume (granules + bulk liquid) of
2500 m3. This was determined based on the biomass concentration (4 kg VSS.m3)
and specific nitrogen loading rate ( 0.125 kg N.kg VSS-'.d"") derived from a pilot-scale
granular sludge PNA reactor treating real HRAS stage effluent (Lotti et al., 2015b) and
the influent of the PNA stage (i.e., effluent of the preceding HRAS stage) (detailed in
A2.2). The granules were assumed to be of equal size with a radius of 0.75 mm. The
bulk DO concentration was controlled by a constant set-point, and the biomass
concentration was manipulated by changing the number of granules in the reactor. The
PNA model was implemented in AQUASIM v2.1 (Reichert, 1994).
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4.2.4 Plant-wide comparison with conventional activated sludge (CAS)

system

The behavior of the HRAS-PNA system was compared with the one of a conventional
activated sludge (CAS) system. The latter was simulated using the closed-loop
configuration of BSM2 (Fig. A4.4, (Gernaey et al., 2014)). The BSM2 CAS system also
includes a primary clarifier, a thickener, an anaerobic digester, a dewatering unit and
a storage tank for the reject water, allowing for plant-wide evaluation in terms of effluent
quality, operational cost and energy recovery potential (Gernaey et al., 2014). The
constant and dynamic influent datasets from BSM2 were used for steady-state and

dynamic simulations, respectively, for both systems.

4.2.5 Evaluation criteria for plant-wide comparison

The influence of operating conditions on the HRAS and the PNA stages was evaluated
by analysis of the COD distribution and nitrogen removal efficiency, respectively. As
for the comparison between the HRAS-PNA and CAS systems, this study used the
default evaluation criteria of BSM2, which provide a simple and objective means for
comparison and have been developed specifically for comparing dynamic responses
(Gernaey et al., 2014). The evaluation criteria consist of the effluent quality index (EQI,
in kg pollution units.d~") and operational cost index (OCI) (detailed in A3.2). The EQlI
is a weighted average of relevant effluent concentrations (e.g., total nitrogen (TN),
COD and TSS). The OCl is calculated as a weighted sum of different costs, including
aeration energy, pumping energy, mixing energy, sludge production for disposal,
external carbon addition, methane production, and the heating energy. The aeration
energy in the HRAS stage was calculated in the same way as for the CAS system in
BSM2, whereas the aeration energy in the PNA reactor was calculated based on the
oxygen consumption and a typical engineering approach related to the SOTE
(standard oxygen transfer efficiency, kg O2.kWh') (detailed in A3.3). The evaluation

period considered was the last 364 days of the dynamic simulations.

4.2.6 Simulation strategies

The influence of operating conditions on the individual HRAS and PNA stages was
investigated first, followed by a plant-wide evaluation of the combined HRAS-PNA

system. Finally, the latter system was compared to a CAS system in terms of effluent
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quality and operational costs. An overview of the simulation strategies is summarized
in Table 4.1.

Table 4.1. Overview of simulation strategies

Seonario cobin  TNin ﬁ\Rl_TIR as DO T f_settler Dlomass
g COD.m? gN.m? day gO2m? °C - kg VSS.m-3

HRAS stage(")

Reference case 593 55 0.3 0.5 15 0.984 -

Fastors hfluencing 593 55 012 012 1030 0851 -

PNA stage®

Reference case 50 46 - 1 15 - 4

Effect of biomass

concentration and 50 46 - 0.5-2 15 - 2-12

DO

Plant-wide: HRAS-PNA vs. CAS®*)

Steady state(") 593 55 04 0.5 15 0.984 8

Dynamic® variable variable 0.4 0.54) variable 0.984 8

(MBSM2 constant influent; @Effluent of the HRAS stage at reference scenario; ®BSM2 dynamic influent;
The CAS system was controlled as in the closed-loop BSM2 (Gernaey et al., 2014); ®The same DO
was applied for the HRAS and PNA reactors

The influent dataset of BSM2, which consists of both constant influent and full dynamic
influent data (609 days), was used as input for the simulations. The constant influent
file contains the average values of one full year dynamic data that represents the
influent of the municipal wastewater treatment plant in BSM2. The average influent
COD and TN concentrations are 593 mg COD.L"" and 55 mg N.L", respectively, with
an average flow rate of 20 648 m3.d-! (Table 4.1, detailed in Table A4.4).

For the HRAS stage, the effect of the operating conditions (DO, SRT and temperature)
and combined adsorption/bioflocculation and settling efficiency (fsetter) on the
performance was evaluated through steady-state simulations. For the PNA stage, the
individual and combined influence of biomass concentration and bulk DO
concentration on nitrogen removal was evaluated through steady-state simulations
(Table 4.1). The effluent of the HRAS stage at reference scenario was used as the
influent of the PNA stage for these simulations. For steady-state simulations, the HRAS
stage model (in Matlab & Simulink) was run with the constant influent data (Table A4.4)
for 500 days, while the PNA stage model (in AQUASIM) was run with the effluent from

the HRAS stage under reference case for 4000 days to ensure steady state was
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reached. The behaviour of the HRAS-PNA system under dynamic conditions was
evaluated using the full 609-days dynamic influent data. The last 364 days (i.e., day

245-609) of the dynamic simulation were used for performance evaluation.

4.3 Results and discussion

4.3.1 HRAS stage for COD redirection

The HRAS models available in the literature are reviewed first, detailing and motivating
the model structure adopted in this study. Subsequently, this HRAS model was applied

to study factors influencing COD redirection.
4.3.1.1 Modelling the HRAS stage

The biological conversions of COD and nitrogen in wastewater treatment systems are
presented in Fig. 4.2. The shorter SRT and HRT in an HRAS system compared to a
CAS system results in different COD removal behaviour in the two systems, which

requires system-specific modelling assumptions.
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Figure 4.2. The biological COD and nitrogen conversions in a high-rate
activated sludge (HRAS) system. The state variables and processes with solid
lines (r1-r8) are included in the model used in this study (i.e., ASM1 (Henze et
al., 2000) and Smitshuijzen et al. (2016) — see Table A4.1 and Table A4.4). The
state variables and processes with dashed lines (r9-r11) are additionally
included in the model of Nogaj et al. (2015).

Xyo Particulate biodegradable organic N,/

r5 Decay of
Autotrophs

Xy Ordinary heterotrophs

X,  Nitrifiers

The readily biodegradable COD (Ss) is modelled as a single substrate with a single
kinetic for CAS systems (i.e., ASM1) (Henze et al., 2000). However, the low SRT in

the HRAS process favours fast-growing bacteria, which are only able to use the most
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readily biodegradable organic, i.e., part of the Ss in ASM1 (Haider et al., 2003; Nogaj
et al., 2015). Therefore, the effluent of an HRAS process often has a higher soluble
biodegradable COD fraction compared to a CAS process (Haider et al., 2003). To
describe this, three different approaches (S1-S3) have been proposed in the literature:
(S1) split the Ss into fast and slow fractions (i.e., dual soluble substrate) and model
them separately (Haider et al., 2003; Nogaj et al., 2015); (S2) distribute a part of Xs to
Ss (Smitshuijzen et al., 2016) and (S3) increase the half-saturation constant Ks for Ss
(Haider et al., 2003).

The difference in modelling the removal of suspended COD (particulate COD (Xs) and
colloidal COD) lies in whether one needs to model the adsorption/bioflocculation
process explicitly. Suspended COD needs to be adsorbed by active biomass before
being hydrolyzed and oxidized. The adsorption of suspended COD is a fast process
and is considered instantaneous in ASM1(Henze et al., 2000). However, due to the
short HRT (i.e., contact/reaction time) in the HRAS process, only a part of the
suspended COD can be enmeshed by biomass (Jimenez et al., 2005). To model the
adsorption/ bioflocculation process, two different approaches (X1-X2) have been
proposed: (X1) integrate the production of extracellular polymeric substances (EPS),
storage compounds (r10, Fig. 4.2) and adsorption of colloidal COD (r9, Fig. 4.2) into
the ASM1 (Jimenez et al., 2005, Nogaj et al, 2015) and (X2) Ilump
adsorption/bioflocculation and settling efficiency into a single parameter (fsetter, detailed
in A1.2) that can be identified with routinely measured data in WWTPs (Smitshuijzen
et al., 2016).

Regarding the nitrogen conversions in the HRAS model, for reasons of simplicity,
nitrification in the HRAS model was described as a single-step process, following the
ASM1. This implies the assumption that the conversion by AOB is rate-limiting, which
is reasonable at the prevailing low temperature (15°C). In any case, the low SRT (<1
day) that is typically applied for HRAS (De Graaff et al., 2016; Jimenez et al., 2015) is
not sufficient to sustain AOB nor NOB (the minimum SRT (Henze et al., 2008) to
sustain AOB would be 1/(umax, AoB-baos) = 1.8 days at 15°C, Table A4.7). In addition,
the high CODIN ratio in the HRAS reactors also makes nitrification less likely to take
place (Smitshuijzen et al., 2016). The simulation results confirmed that no nitrification

took place in the HRAS stage.
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Currently, there are only a few dedicated models available for the HRAS system. Nogaj
et al. (2015) presented a mechanistic model (Approach S1&X1), in which new state
variables (e.g., colloidal COD) and processes (e.g., r9-r11, Fig. 4.2) were added to
ASM1. Despite its potential advantage of revealing more insights into the underlying
processes, the introduction of new state variables and kinetic parameters requires an
additional set of measurements (e.g., influent colloidal COD) that are usually not
available for parameter estimation and model calibration. In contrast, Smitshuijzen et
al. (2016) presented a simpler model adaptation of ASM1 (Approach S2&X2) by
implementing the combined adsorption/bioflocculation and settling efficiency (fsettier)
and applying influent COD fractionation. Even though the general applicability of the
lumped fsetter parameter may require further validation when applied to other WWTPs,
its simplicity allows for easier integration of the HRAS process model in plant-wide
models. For this reason, the modelling approach of Smitshuijzen et al. (2016) was

implemented in this study.
4.3.1.2 Factors influencing COD redirection

The influent COD entering the HRAS system can go into three possible routes: (1) loss
due to mineralization (i.e., oxidation of COD to CO2 by biomass, r1-2, Fig. 4.2); (2)
ends up in the HRAS effluent and fed to the PNA stage; (3) captured in the sludge and
fed to the anaerobic digester for energy recovery. The COD distribution between these
routes is crucial in determining the energy recovery potential and performance of the
downstream autotrophic N removal process. A high COD capture in sludge is preferred
for energy recovery, while a low effluent COD (i.e., low COD/N ratio) is required for
subsequent mainstream PNA. The COD distribution was influenced by DO, SRT and
temperature (T) as key operational parameters as well as by the combined adsorption
and settling efficiency (characterized by the parameter fsetter), as summarized in Fig.
4.3. For the reference case, 22% of the influent COD was mineralized, 14% was in the
effluent and 64% was captured in sludge, with an effluent COD/N ratio of 2.4 (g COD.g
N-1) (Fig. 4.3).
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Figure 4.3. Model predicted COD distribution (as a fraction of influent COD) and
effluent COD/N ratio with different (A) DO, (B) SRT, (C) temperature and (D)
fsetter in the HRAS stage. Influent COD=593 g COD.m=3, of which Xs=218 g
COD.m=3and Ss=204 g COD.m=. The reference case (SRT=0.3 d; DO=0.5 g
02.m3; T=15 °C; f_settler=0.984) is marked with a dashed box.

For DO concentrations lower than 0.5 g O2.m3, the effluent COD concentration
decreased sharply with increasing DO concentration while the COD mineralization and
COD capture in the sludge increased accordingly (Fig. 4.3A). The lower effluent COD
concentration was mainly attributed to the improved soluble biodegradable COD
removal at higher DO concentration (r1 in Fig. 4.2). However, further increase of the
DO concentration (>0.5 g O2.m3) only had a marginal effect on influent COD
distributions (Fig. 4.3A), indicating that DO was no longer the limiting factor for COD
removal in an HRAS process operated at the prevailing SRT (0.3 d) and temperature
(15 °C). Noteworthy, the impact of DO on the COD distribution could be more
pronounced if a higher SRT (or temperature) than the reference case was applied (e.g.,
0.5d vs. 0.3d). This trend is in line with the findings of the pilot-scale study from Nogaj
et al. (2015) and the full-scale investigations from de Graaff et al. (2016). The results
imply that moderate DO setpoint (0.3-0.5 g O2.m3) should be applied in the HRAS

113



Chapter 4 Model-based evaluation of the HRAS-PNA system

stage for sufficient COD removal and COD redirection for energy recovery while

avoiding unnecessary aeration cost.

With increasing SRT, the effluent COD concentration decreased while the
mineralization of influent COD increased (Fig. 4.3B). Concerning the COD capture in
the sludge, it first increased (SRT of 0.1-0.3 d) and then decreased gradually (SRT of
0.3-2d). The SRT determines the period during which particulates/biomass are
retained within the system and was regulated by changing the waste sludge flow (Qw)
in this model. At a low SRT (0.1 d), the biomass concentration was too low, and the
removal of Ss was therefore limited, resulting in a high effluent COD (40%, Fig. 4.3B).
With increasing SRT, the Ss removal increased and so did the mineralization of influent
COD. So less COD ended up in the sludge (Fig. 4.3B). A similar trend was observed
by Jimenez et al. (2015) in a pilot-scale HRAS system, for which COD directed to
sludge peaked at a SRT of 0.3 d in the tested range of 0.1-2 d. The results imply that
a high SRT is desired to minimize effluent COD while a moderate SRT (e.g., 0.3 d) is
required to maximize the COD redirection for energy recovery. A SRT of 0.3-0.5 d

seems advisable to balance these two needs.

With increasing wastewater temperature, the effluent COD concentration and COD
capture in the sludge decreased while the COD mineralization increased (Fig. 4.3C).
Higher temperatures improved biomass activities and overall process rates. This led
to increased COD removal (low effluent COD) and mineralization through heterotrophic
growth (r1-2 in Fig. 4.2). The hydrolysis of Xs and biomass decay (r7 and r4-5 in Fig.
4.2) would be enhanced as well. Consequently, the COD capture in the sludge
decreased. These results imply that higher temperatures may be favourable for COD
removal in the HRAS stage but not necessarily beneficial for energy recovery.
Decreasing the SRT might help reduce the mineralization of influent COD and thereby
counterbalance the effect of increased temperature. In regions that experience large
(seasonal) temperature variations, this could have a significant effect on the system
performance throughout the year. Low temperature (e.g., in winter) may result in
insufficient COD removal in the HRAS stage and thus affects the autotrophic nitrogen
removal in the subsequent PNA stage, as observed at the WWTP Dokhaven during
winter (Hoekstra et al., 2019). However, temperature depends on environmental
conditions and cannot be easily or economically manipulated in full-scale WWTPs,
which limits its potential use as a control strategy.
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One of the most important parameters of the HRAS model adapted in the present study
is the combined adsorption/bioflocculation and settling efficiency (fsettier). By definition
(detailed in A1.2), the removal of particulate COD increases with increasing fsettier. The
effluent COD decreased accordingly, while the mineralization of influent COD
remained unaffected (Fig. 4.3D). The higher the fsetter, the better the energy recovery
is. Therefore, more effort is required on improving the adsorption/bioflocculation in the
HRAS unit (e.g., by adding chemicals or pretreatment with chemically enhanced
primary treatment) and the settling efficiency in the subsequent settler (e.g., by

applying coagulation or use of dissolved air flotation).

Overall, the operation of an HRAS stage aims at maximizing COD capture in the sludge
for energy recovery and minimizing effluent COD for the subsequent nitrogen removal
in PNA. A trade-off was observed for the selection of SRT and temperature while
improving the efficiency of adsorption/bioflocculation and settling was always
desirable. Moderate DO concentrations (0.3-0.5 g O2.m-3) and SRT (0.3-0.5 d) were
suggested for operating the HRAS stage.

4.3.2 The partial nitritation anammox (PNA) stage for nitrogen removal

4.3.2.1 Factors influencing nitrogen removal

Aiming at a high and stable N removal, the influence of several influent characteristics
and operating conditions on the N removal of granular sludge one-stage PNA reactors
has been reported in the literature (Table 4.2). For instance, an increasing influent
ammonium concentration (i.e., load) results in a gradual decrease in N removal at a
fixed DO concentration (Wan et al., 2019), while an increasing temperature improves
N removal (Lotti et al., 2014a; Wan et al., 2019). The N removal first increases with
increasing influent COD (or COD/N) and then declines as it further increases (Liu et
al., 2017; Mozumder et al., 2014), which is also observed for bulk DO concentrations
(Nielsen et al., 2005; Volcke et al., 2010). Aeration pattern influences the N removal
as well, with continuous aeration leading to higher N removal than that of intermittent
aeration (Corbala-Robles et al., 2016). A minimum residual ammonium concentration
in the PNA reactors is found necessary for NOB repression and therefore affects the
N removal (Pérez et al., 2014). Granule size and its distribution have also been shown

to affect the N conversions as well as operational windows of other parameters (e.g.,
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DO) for optimal N removal (Vlaeminck et al., 2010; Volcke et al., 2012). The balance
of microbial communities and their activities is crucial for a stable and efficient PNA
process. The AOB, NOB and heterotrophic bacteria preferentially grow in small
granules and flocs, which leads to another control strategy in granular sludge PNA
reactors, being selective removal of small granules and flocs (Han et al., 2016b;
Hubaux et al., 2015). Besides these influencing factors already reported in the
literature, the biomass concentration is also likely to interact with other operating
parameters and determine the reactor performance. However, its potential impact has

not yet been studied for granular sludge PNA reactors.
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Table 4.2. Overview of factors influencing the N removal from granular sludge one-stage PNA reactors reported in the literature.
The second to the last column schematically shows a mini-graph (where applicable) representing how N removal reacts to
changes of the influencing factors

Factors Conditions Approach Graphic Reference

T (°C) NH.-Nin CODin representation

(g N.m%) (g COD.m"?)

Influent NH_4-N 30 100-800 0 Simulation \ (Wan et al., 2019)
concentration /load
Influent COD 30 300 0-1000 Simulation (Mozumder et al., 2014)
gf’gggmatm" Nload 18+3 190 25-100 Experiment /\ (Winkler et al., 2012)

- 50 5-150 Simulation (Liu et al., 2017)
T 10-20 60/160 0 Experiment (Lotti et al., 2014a)

20-35 300 0/300 Simulation f (Wan et al., 2019)
DO 30 131,6 0 Experiment /\ (Nielsen et al., 2005)

30 300 0 Simulation (Volcke et al., 2010)
Aeration pattern 20/30 1850 600 Simulation (Corbala-Robiles et al., 2016)
Residual NH4 10 70 0 Simulation (Pérez et al., 2014)

20/30 1850 600 Simulation (Corbala-Robles et al., 2016)
Granule size and its 30 300 0 Simulation (Volcke et al., 2010)
distribution 3035  250-350 200 Experiment (Vlaeminck et al., 2010)

30 300 0 Simulation (Volcke et al., 2012)
Co-existing flocs 19-21 24 24-72 Experiment (Han et al., 2016b)

30 300 10-400 Simulation (Hubaux et al., 2015)
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4.3.2.2 Effect of biomass concentration

The impact of biomass concentration on the steady-state performance of the
mainstream granular sludge PNA reactors was first investigated at a fixed DO
concentration (Fig. 4.4). The interaction between the biomass and DO concentration

was subsequently assessed (Fig. 4.5).
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Figure 4.4. Influence of biomass concentration on the steady-state performance
of the mainstream PNA process at a fixed DO concentration (1 g O2.m=3): (A)
particulate mass fractions, nitrogen removal efficiency and DO concentration at
the center of the granules; (B) bulk concentrations of ammonium (syg), nitrite
(syo2), nitrate (syp3) and nitrogen gas (sy3).

With increasing biomass concentration, the N removal efficiency first increased and
then decreased (Fig. 4.4A), as also reflected in the N2 production (Fig. 4.4B). At low
biomass concentrations (< 4 kg VSS.m3), ammonium conversion was still largely

incomplete (33 g NH4*-N.m remaining, 26.7% conversion). At intermediate biomass
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concentrations (4-8 kg VSS.m3), the anammox fraction in the granules increased (Fig.
4.4A) and N2 became the primary nitrogen compound (Fig. 4.4B). As the biomass
concentration further increased, the DO concentration at the center of the granules
increased (Fig. 4.4A), which reflects the elevated oxygen penetration in the granules.
Consequently, the NOB activity increased while the anammox activity got inhibited, as
confirmed by the change in the corresponding biomass fractions (Fig. 4.4A) and the
shift of the dominant nitrogen compound from N2 to nitrate (Fig. 4.4B). Noteworthy,
nitrite accumulation was observed at intermediate biomass concentrations (Fig. 4.4A),
implying an overcapacity of nitrite producer (AOB) over nitrite consumers (NOB,

anammox and heterotrophic bacteria) at these conditions.
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Figure 4.5. The optimal bulk DO concentrations at which maximum nitrogen
removal was obtained in granular sludge PNA reactors with different biomass
concentrations.

The increased DO penetration depth with increasing biomass concentrations (Fig.
4.4B) could be explained by the lower substrate (e.g., NH4*) surface loads, as
increasing biomass concentrations imply a higher biofilm surface. Previous studies
have shown that ammonium surface load can inversely affect the oxygen penetration
in granular sludge PNA reactors at sidestream conditions (Volcke et al., 2010). The
influence of bulk DO concentration on the mainstream PNA reactor was evaluated as
well and the results (Fig. A4.3) were consistent with previous studies (Table 4.2). The
interaction of COD in the HRAS effluent with the PNA performance is discussed in
Section 4.3.3.3.
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The combined influence of biomass concentration and DO was studied by identifying
the optimal bulk DO concentrations, corresponding with maximum N removal at
different biomass concentrations (Fig. 4.5). Overall, the optimal bulk DO concentration
for maximum N removal decreased with increasing biomass concentration. N removal
efficiencies higher than 90% could be achieved with biomass concentrations above 6
kg VSS.m and DO concentrations lower than 0.75 g O2.m3. The higher N removal
efficiency as compared to if there would only be anammox process for N2 production
(89%, according to the anammox stoichiometry (Strous et al., 1998)) was a result of
the positive interaction between anammox bacteria and heterotrophic denitrifiers under
the tested scenarios (COD/N ~1, Table 4.1). This was confirmed by labeling and
tracking the N2 production in the model which is consistent with previous observations
(Jenni et al., 2014; Liu et al., 2017; Mozumder et al., 2014).

Biomass concentrations of 25-35 kg VSS.m have been applied in full-scale granular
sludge PNA reactors for reject water treatment (Lackner et al., 2014). Therefore, the
biomass concentrations used for scenario analysis (2-12 kg VSS.m3) should be
practically feasible to maintain. The results from this study indicate that a lower DO
setpoint could be applied for mainstream granular sludge PNA reactors with higher

biomass concentrations.

4.3.3 Plant-wide comparison of the HRAS-HRAS and CAS system
4.3.3.1 Steady-state COD and N mass balances

The steady-state simulation results for the combined HRAS-PNA system and the CAS
system were summarized in terms of plant-wide mass balances for COD and total
nitrogen (TN) (Fig. 4.6&4.7). With a comparable effluent COD (which reflects COD
removal) in both systems (Fig. 4.6A), the HRAS-PNA system resulted in a lower COD
mineralization and significantly more influent COD redirected to the anaerobic digester
for energy recovery, compared to the CAS system (50.8% vs. 34.9%, Fig. 4.6A). As
illustrated in Section 4.3.1.2, this was mainly due to the low SRT and DO applied to
the HRAS stage. Moreover, less excess sludge was produced in the HRAS-PNA
system, even though more sludge was directed to the anaerobic digester, indicating
that the sludge from an HRAS process was more biodegradable than that of CAS

system.
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Figure 4.6. Plant-wide steady-state simulation results — comparison between
HRAS-PNA system and CAS system in terms of: (A) fate of influent COD and
(B) fate of influent TN. (conditions: HRAS: SRT=0.4 d, DO=0.5 g O2.m3; PNA:
Biomass concentration=8 kg VSS.m=3, DO=0.5 g O2.m3; CAS: closed-loop
BSM2)

As for nitrogen, the HRAS-PNA system had a higher TN removal (92%) than that of
the CAS system (80%) at the tested conditions (Fig. 4.6B). No noticeable nitrogen
removal was found in the HRAS reactors according to the mass balance (Fig. 4.7),
indicating that there was no significant nitrification and, consequently, no nitrite/nitrate
for heterotrophic denitrification at the tested HRAS stage conditions (i.e., SRT=0.4 d
and DO=0.5 g O2.m3). Despite the low volumetric fraction (0.5%) of the reject water
from the sludge line (sidestream), it accounted for a significant part (ca. 35%) of the
nitrogen load to the PNA stage (Fig. 4.7).

The steady-state effluent COD (63.6 g COD.m=3), TN (4.6 g N.m3) and TSS (27.6 g
TSS.m3) concentrations of the HRAS-PNA system were well below the limits for urban
wastewater treatment (EU council directive 91/271/EEC, Fig. 4.9A), demonstrating the

feasibility of this system, which was further assessed with dynamic simulations.
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Figure 4.7. Process flowsheet including flow and mass (COD, TN) balances for
the HRAS-PNA system at steady-state. (Conditions: HRAS: SRT=0.4 d, DO=0.5
g O2.m3; PNA: Biomass concentration=8 kg VSS.m=3, DO=0.5 g O2.m"3)

4.3.3.2 Dynamic performance — overall effluent quality and operational costs

The dynamic simulation results of the HRAS-PNA system and CAS system are
summarized in Fig. 4.8 with respect to the effluent quality and operational cost index
(OCI). The yearly average effluent concentrations of COD, TN, and TSS of the HRAS-
PNA system were all below the EU limits (Fig. 4.8A), agreeing with the results obtained
from the steady-state simulations. It should be noted that the effluent TSS (averaged
at 30.5 g TSS.m3) was achieved without a secondary settler (after the granular sludge
PNA reactor)). As a safety factor, one could add a secondary settler that is normally
present in a CAS system or incorporate a settler within the PNA reactor (Lackner et
al., 2014). The simulated effluent concentrations of the full-scale HRAS-PNA system
were close to experimentally measured results from lab- or pilot-scale mainstream
anammox reactors. For example, average effluent TN concentration below 10 g N.m-3
was also achieved in two long-term lab-scale mainstream anammox reactors treating
pre-treated sewage (Laureni et al., 2016). The average effluent TSS in a pilot-scale

granular sludge PNA reactor treating real HRAS stage effluent was 30 g.m (Lotti et
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al., 2015b). However, the effluent quality under dynamic simulations was less
satisfactory than that under steady-state simulation (Fig. 4.8A), implying the need for

performing dynamic simulation for feasibility analysis of a novel system layout.
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Figure 4.8. Comparison of dynamic simulation performance of the HRAS-PNA
and CAS systems in terms of effluent quality and operational cost index (A3.2
and Table A4.11). HRAS-PNA_SS and HRAS-PNA_DYN represent the results
of steady-state and dynamic simulations, respectively. The limits are set
according to the EU council directive 91/271/EEC.

In terms of operational costs, the HRAS-PNA system has a 107% lower OCI than the
CAS system (-667 vs. 9447, Fig. 4.8B). The significant reduction was mainly due to a
52% higher methane production (thus energy production), no carbon source dosage,
and 64% lower aeration energy consumption in the former system (Fig. 4.8B and
detailed in Table A4.11). The higher methane production was a result of the higher
COD captured in the HRAS stage (Fig. 4.6A), while the savings on carbon source
dosage was due to the autotrophic nitrogen removal in the PNA stage. As for the lower
aeration energy, it was a combined effect of the lower DO concentration in the HRAS
stage (i.e., less mineralization, Fig. 4.6A) and lower oxygen consumption in the partial
nitritation pathway in the PNA stage compared to the full nitrification pathway in the
CAS system. With respect to energy, the energy consumption in the HRAS-PNA
system for aeration, pumping, mixing and heating (anaerobic digester) could be
compensated by the energy production from methane, with a net production of 4918
kWh.d", in contrast to a net consumption of 3179 kWh.d" in the CAS system (Table
A4.12). Even though the OCI does not consider all WWTP energy consumptions
exhaustively (e.g., building energy requirements), this result illustrates the great
potential of the HRAS-PNA to be energy-neutral or even energy-positive. Besides, due
to the short HRT in the HRAS reactors and the high biomass concentration of the
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granular sludge PNA reactor, the HRAS-PNA system has a much lower footprint than
the CAS system (e.g., 5000 m3vs. 12000 m? for bioreactors in this study).

Overall, the HRAS-PNA system could achieve an effluent quality that complies with
EU regulation with a significantly lower operational cost and footprint, compared to the
CAS system.

4.3.3.3 Dynamic performance- feasibility of PNA process under dynamic

mainstream conditions

To investigate in detail the feasibility of the PNA process under dynamic mainstream
conditions, the profiles of the influent temperature, COD/N ratio and effluent TN
concentration during the dynamic evaluation period (364 days) were zoomed in and
plotted in Fig. 4.9. It seems clear that low temperature had a negative impact on the N
removal (shown as effluent TN) of the HRAS-PNA system (Fig. 4.9A). However, when
it comes to the impact of the influent COD/N ratios, it is not straightforward to interpret
from the dynamic profiles (Fig. 4.9A&B). Therefore, correlation analysis was performed
to further gain insight into the relationship between fluctuations of influent
characteristics on the COD removal in the HRAS stage and N removal in the
subsequent PNA stage (Table 4.3).

The COD removal (%) in the HRAS stage during the dynamic simulations was found
positively correlated with influent temperature (9.5-20.5 °C, R=0.16), as observed
before in steady-state simulations of the individual HRAS stage (Fig. 4.3C).
Consequently, the COD/N ratios of the HRAS stage effluent (i.e., PNA stage influent)
was negatively correlated with the influent temperature (R=-0.47). The N removal in
the PNA stage was positively correlated with temperature (R=0.47) but was negatively
correlated with the COD removal (R=-0.28) and effluent COD/N ratios (R=-0.35) of the
preceding HRAS stage. Concerning the impact of the influent characteristics of the
integrated HRAS-PNA system, the influent COD/N ratios were found rather
unimportant for the COD removal in the HRAS stage (R=0.04) and therefore

unimportant for the N removal in the PNA stage and the overall performance.
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Figure 4.9. Dynamic profiles during the evaluation period (364 days) of: (A)
influent temperature, effluent TN concentration of the HRAS-PNA system (blue
line) and the CAS system (black line); and (B) influent (i.e., effluent of the HRAS
stage) COD/N ratios of the PNA stage.

The results indicate that temperature could directly affect the PNA process and
indirectly affect the PNA stage by influencing COD removal in the preceding HRAS
stage. This implies that a high effluent TN and thus poor reactor performance could
be expected for PNA reactors at low temperatures (e.g., winter), as reported in a pilot-
scale reactor by Hoekstra et al. (2019). Furthermore, the results also indicate that high
influent COD/N ratios (1.3-4.3 g COD.g N-") could be problematic for the PNA stage,
which is in line with observations in previous experimental studies (Han et al., 2016a;
Winkler et al., 2012). Organic matter can stimulate the growth of heterotrophic bacteria
that compete with AOB for oxygen and with anammox bacteria for nitrite and thus
affects the N removal. On the other hand, low influent COD/N ratios (e.g., <0.5 g
bCOD.g" N) could also help improve the nitrogen removal in anammox reactors (Jia
etal., 2018; Liu et al., 2017; Winkler et al., 2012). Moreover, stronger correlations were
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found between the bCODI/N ratios and all N-related parameters than that of COD/N
ratio (Table 4.3), illustrating that the bCOD/N ratio could be a better indicator for
predicting N removal in PNA reactors and for clarity when comparing results from

different studies on the impact of organic matter.

Table 4.3. Pearson correlation analysis between influent characteristics, COD
removal, nitrogen removal and effluent concentrations of the HRAS-PNA system
during the 364 days dynamic evaluation period

Influent HRAS effluent
T OLRin NLRin COD/Nin |C removal OLR NLR COD/N bCOD/N
HRAS Cremoval || 0.16 0.73 0.67 004 100 | 051 0.64 [I 029 | 001
eff  cop -0.10 0.25 [ -0.02 0/59 0.25 0.24 0.28 D-o.m 0.17
COD/N -0.47 0.08 0.12 |] -0.06 [I 020 030 H-om 1.00 0.79
bCOD/N -0.47 0.48 042 0.04 0.64 035 079 100

0.47[' -0.62[' -0.59 0.16 [I -0.28 3-0.73 [l -0.59 D -0.35 [I -0.62
0.28 |] -0.21 U -0.18 0.05 0.10 [I -0.32 [| -0.12 [l -0.44

PNA N removal

eff  Con AN -0.59
TNeff -0.57 040 1022 0230 [l023 Fos3 g4 [o12  [039
CODeff 022 0.19 ﬂ -0.07 053 [lo2z  [lo22 0.28 D-0.13 | 0.02
TSSeff 0.29 000 [J 017 0.55 0.10 0.16 022 || -010 0.05

Note: All correlations are significant at the 0.01 level (2-tailed). N=34944. Green and red for positive
and negative correlation coefficients (R), respectively. OLR represents organic loading rate (kg COD.d-
); NLR represents nitrogen loading rate (kg N.d-'); bCOD is the sum of Ss and Xs; Con_AN denotes
the contribution of anammox bacteria in N removal (%).

Anammox process was found to be the primary process responsible for nitrogen
removal in the PNA stage throughout the whole evaluation period, accounting for 75-
95% of the nitrogen removal (Fig. A4.5). This implies that despite a negative impact of
the influent COD/N ratios (1.3-4.3 g COD.g N-', corresponding to 0.5-2.4 g bCOD.g""
N) on the nitrogen removal of the PNA process, the heterotrophic bacteria cannot
outcompete anammox bacteria, indicating the resilience of the PNA system under

fluctuating mainstream conditions.

The effluent quality of this combined HRAS-PNA system was shown to adequately
comply with the current EU regulations for yearly average (Fig. 4.9A), despite the
variations of influent characteristics. However, the effluent TN concentration could
violate the regulations on a daily basis during the low-temperature period (Fig. 4.9A).
Moreover, the N removal in the HRAS-PNA system appears more sensitive to
temperature compared to the CAS system (Fig. 4.9A). This raises questions on the

long-term reliability of the combined system for municipal wastewater treatment;
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therefore, active real-time control would be needed to achieve a more stable and

reliable system performance.

Temperature and influent COD/N ratios of the PNA stage (i.e., effluent COD/N ratios
of the preceding HRAS stage) were determined crucial for good system performance.
Temperature is not an easily/economically manipulated variable but rather a
disturbance variable in large scale applications; therefore, the COD/N ratios of the
HRAS effluent (i.e., COD removal in the HRAS stage) should be the focus for potential
control strategies. This can be tackled in two ways: 1) proactive management of COD
removal in the HRAS stage; 2) reactive/counteractive control in the PNA stage while
receiving influent with high COD/N ratios. In this regard, many control strategies have
been proposed or tested for the PNA process for both sidestream (high-strength) and
mainstream (low-strength) applications (Corbala-Robles et al., 2016; Wu, 2017).
However, control strategies for HRAS system are still largely lacking (Miller et al.,
2017). As SRT and DO were shown to be important operational parameters, a real-
time control strategy which can adjust the SRT (e.g., via MLSS control and waste
sludge flow) and/or DO (e.g., aeration intensity) in accordance with the HRAS effluent

CODI/N ratio would be most desirable.

4.3.4 Model limitations and their implications

The model simulation results of this study do not only give insights into integrated
process performance but also reveal some model implications. The results showed
that the integrated HRAS-PNA system was capable of municipal wastewater treatment
and producing effluent that adequately complies with the current EU regulations, with
a much lower operational cost compared to the CAS system. The advantages of the
HRAS-PNA system were found less pronounced under dynamic conditions than under
steady-state conditions (e.g., effluent quality, Fig. 4.8A). The COD removal in the
HRAS stage and N removal in the PNA stage were both reduced during the low-
temperature period (Fig. 4.3C and Fig. 4.9A). Moreover, the dynamic simulations also
highlighted that the N removal in the HRAS-PNA system was more sensitive to
temperature compared to the CAS system (Fig. 4.9A). Therefore, it is important to use
dynamic influent when evaluating the feasibility and performance of certain processes
via modelling, as they can reproduce the behaviour of real influent and their effects on

the effluent and sludge characteristics (Bisinella de Faria et al., 2015).
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Concerning the HRAS stage model, the combined adsorption/bioflocculation and
settling efficiency, fsettier, is @ simple parameter to model the redirection of influent COD
to the sludge line. However, it should be noted that in reality, the removal of particulate
COD through adsorption/bioflocculation is affected by the SRT and DO (Jimenez et al.,
2015; Nogaj et al., 2015). By lumping the efficiency of these two processes into a single
parameter (fsettler), the general trend of the modelling results agrees with findings of
experimental studies whereas the effect of SRT and DO on the
adsorption/bioflocculation process cannot be fully reflected via this model. Given the
importance of SRT and DO, a real-time control strategy that can adjust the SRT and/or
DO in accordance with the effluent COD/N ratio would be most desirable. However,
more research is needed to understand the fundamental mechanisms of the
bioflocculation processes and thus the influence of operating conditions. Moreover,
influent COD fractionation would also affect the COD distribution in the HRAS stage
(Fig. A4.2 and (Smitshuijzen et al., 2016)) and the model outcome. Dedicated influent
characterisation is needed in this respect for the modelling of the HRAS process (Solon
et al., 2019).

It should be noted that the optimization of the two systems (e.g., maximal COD or N
removal) was not the purpose of this study. Therefore, the operational conditions used
in the simulations for comparison were not the optimal but the commonly applied
conditions in practice for each system. Even though the results should not be
interpreted in a fully quantitative way, they nevertheless provide a valuable indication
of the potential and shortcomings of the conceptual HRAS-PNA system, from an

integrated system perspective.

4.4 Conclusions

The performance of a promising combined HRAS-PNA system was evaluated through
modelling and simulations, both on a unit process level and from a plant-wide
perspective. Simulation results showed that the operation of a HRAS stage (i.e.,
manipulating the SRT and temperature) often implies a trade-off between maximizing
the COD capture in the sludge for energy recovery and minimizing the effluent COD
for the subsequent PNA process. For this purpose, moderate DO concentrations (0.3-
0.5 g O2.m3) and SRT values (0.3-0.5 d) were recommended. For granular sludge

PNA reactors, a higher biomass concentration required a lower DO set point for
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maximum nitrogen removal. The anammox process remained the dominant process
for nitrogen removal throughout the one-year evaluation period with varying influent
CODIN (1.3-4.3) and temperature (10-20 °C), indicating the resilience and long-term
stability of the PNA system at mainstream conditions. However, both COD removal (in
HRAS) and N removal (in PNA) were compromised at low-temperature conditions.
Overall, steady-state and dynamic simulations showed that the integrated HRAS-PNA
system could achieve an effluent quality that complies with EU regulations with a

significantly lower operational cost, compared to the CAS system.
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Appendix

A4.1: High-rate activated sludge (HRAS) stage model
A4.1.1 Bioconversions in HRAS stage

Table A4.1. Stoichiometric matrix of the HRAS stage model (ASM1 (Henze et al., 2000))

A; |icomponent —

Ss So SNH Sno Xs Xu Xa Xp Snp Xnp

j process | [g COD.m?] [g O2.m7] [g N.m-3] [g N.m™] [g COD.m?] [gCOD.m?] [gCOD.m3] [gCOD.m?] [gN.m? [g N.m]

r1. Aerobic growth of 1 1-Yy _ 1
—— — - ixs
heterotrophs Y, Y,

r2. Anoxic growth of 1
heterotrophs -

- ixs

r3. Aerobic growth of 457Y, L 1

autotrophs 72 - IxB — Ya Y, 1

r4. Decay of
heterotrophs
r5. Decay of autotrophs 1-fp -1 fo

1-fp -1 fe ixg — fr¥ixp

ixg — fP*ixp
r6. Ammonification of
soluble organic nitrogen 1 -1

r7. Hydrolysis of
biodegradable 1 -1
particulate organics

r8. Hydrolysis of
particulate organic 1 -1
nitrogen
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Table A4.2. Process rate expression of the HRAS stage model

Process

Process rate

r1. Aerobic growth of
heterotrophs

r2. Anoxic growth of
heterotrophs

r3. Aerobic growth of
autotrophs

r4. Decay of heterotrophs

r5. Decay of
autotrophs

r6. Ammonification of
soluble organic Nitrogen

r7. Hydrolysis of
entrapped organics

r8. Hydrolysis of
entrapped organic
nitrogen

'uH ._So . _Ss | SNH .
max H H H
Kp,+So Kg+Ss Kyyg+Sne

Xu

T Sno ,_Ss ,__SNH |
H
max kHo+sno KH+ss kHy+snu

Xy
bH .XH

bA .XA

ko Snp * Xn

Xs/Xn So

: L, kb
Ky + Xs/Xy KK+ S,

Kl + 5o

. SNO .
Ko + Sno

Mh ) Xy
Xnp

X5 Ky + Xs/Xy

Xs/Xu So

( Kg,
K&+ S,

K&+ S,

. SNO .
H
Kyo + Sno

+ M )

Xy

131



Chapter 4 Model-based evaluation of the HRAS-PNA system

Table A4.3. Stoichiometric and kinetic parameters of the HRAS model

Parameter Description Value Unit Reference
Stoichiometric parameters

Ya Yield coefficient for autotrophs 024 gCOD.g N (Henze et al., 2000)
A Aerobic yield coefficient for Xn 050 g COD.g COD" glg%%?yashi etal.,
Yh.NO Anoxic yield coefficient for X« 053 g COD.gCOD"' (Muller et al., 2003)
iNXB Nitrogen content of biomass 0.07 gN.g COD- %‘?Z;‘mder etal.,
iNX Nitrogen content of X; 007 gN.gCOD- (2|\(/)I<1342f;1mder etal.,
inss Nitrogen content of Ss 0.03 gN.g COD-" (Henze et al., 2000)
f, Fraction of X; in biomass decay 0.08 gCOD.gCOD-" (Henze et al., 2000)
fo Fraction of Xp in biomass decay 0.08 gCOD.gCOD"' (Henze et al., 2000)
Kinetic parameters (at 15°C)

U o Maximum growth rate of autotrophs 0.5 d! (Henze et al., 2000)
ult Maximum growth rate of Xn 424 d7 (Henze et al., 2000)
ba Decay rate coefficient of autotrophs 0.05  d-! (Henze et al., 2000)
bH Decay rate coefficient of Xn 0.35 d! (Henze et al., 2000)
K&, Soy affinity constant for autotrophs 0.3 g O2.m3 (Wiesmann, 1994)
Kk, Soz affinity constant for Xn 0.2 g O2.m?3 (Henze et al., 2000)
Ky Swi affinity constant for Xa 1.1 g N.m-3 (Wiesmann, 1994)
Ki, Sww affinity constant for Xu 0.02 gNm? %?Z;deer etal,
Ki Swno affinity constant for Xy 0.3 g N.m3 (Hellinga et al., 1999)
KA Ss affinity constant for Xy 4 g COD.m-3 (Henze et al., 2000)
K r';';('f;;‘;‘f;?”"” coefficient for 0.03 gXs(gXew)'  (Henze etal, 2000)
ks Ammonification rate 0.05 md3(gCOD.d)" (Henze et al., 2000)
Kn Maximum specific hydrolysis rate 3.0 %éﬁ)(g))fH (Henze et al., 2000)
NH Anoxic reduction factor for Xw 0.8 - (Henze et al., 2000)
M Anoxic hydrolysis correction factor g g - (Henze et al., 2000)
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A4.1.2 Implementation of sludge retention time (SRT) and definition of fy. jer

The flow scheme of the HRAS stage, which consists of a HRAS reactor and a settler,
is depicted in Fig. A4.1.

Qin Qin"' Qr HRAS Qout= Qin' QW
T HRAS X settler
Xrw
Qr
Recirculation Excess sludge
v QW

Figure A4.1. The HRAS stage flow scheme with variables for flow rates (Q) and
biomass concentrations (X) for each flow, according to Smitshuijzen et al.(2016)

The SRT in the HRAS system is defined as the quantity of solids maintained in the
reactor divided by the quantity of solids coming out of the reactor (Eq. A4.1).
X *V

SRT = .
Qw * er + (Qin - Qw) * Xout (A4 1)

where:

- V: the volume of the HRAS reactor (m?), measured or designed

- Qin: the influent flow rate (m3.d-"), measured

- Qu: the flow of the excess sludge (m3.d")

- X: the biomass concentration in the HRAS reactor (g COD.m3), measured or
estimated

- Xmw: the biomass concentration in return sludge in the HRAS stage (g COD.m3)

- Xout: the biomass concentration in the HRAS stage effluent (g COD.m™3),

measured

In practice, the SRT is set by adjusting the waste sludge flow rate (Qw), which is

obtained by rearranging Eq. A4.1.

The parameter fsetter was defined as the separation efficiency of the settler, i.e., the
fraction of the incoming particulate mass that is retained in the settler underflow. (Eq.
A4.2).
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(Qr + Qw) * Xiw

fsettler = (Qin n Qr) + X (A42)
_ Xout * Qout
1- fsettler - (Qin + Qr) % X (A43)

From Eq. A4.2 and A4.3, given a constant settling efficiency, the biomass

concentration Xrw and X, can be calculated by Eq. A4.4 and A4.5, respectively.

— (Qin + Qr) * X fsettler

X
W Qr + Quw

(A4.4)

Xout _ (Qin + Qrg* )i*Q(]- - fsettler) (A45)

The actual hydraulic retention time (HRT), taking into account dilution because of the

recirculation flow (Q,), is defined in Eq. A4.6.

HRT = —— A4.6
Qr + Qin ( )
The recirculation flow rate (Q,) can be derived From Eq. A4.6 as Eq. A4.7 or measured
in practice.
= v A4.7

By substituting X (Eq. A4.4) and X, (Eg. A4.5) in Eq. A4.1, the Q,, is obtained as a
function of the SRT, the fraction of solids removed (f;ct11er), the volume of the HRAS
reactors (V), the influent flow of the HRAS stage (Qin) and the recirculation flow (Qr)
(Eq. A4.8).

Qr
fsettler -1 (A4.8)
f -1+ .
settler SRT = (Qin + Qr)
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A4.1.3 Characteristics of influent used for simulations

The influent dataset of BSM2 (Gernaey et al., 2014), which consists of both constant

influent and full dynamic influent data (609 days), was used as input for simulations.

The constant influent file contains the average values of one full year dynamic data

that represents the influent of the municipal wastewater treatment plant in BSM2 and

is presented in Table A4.4.

Table A4.4. Influent characteristics for steady state simulations.

Variables Description Unit Plant influent* PNA stage
BSM2 influent**

Si Inert soluble COD g COD.m3  27.2262 29.0892

Ss Biodegradable soluble COD g COD.m?3 58.1762 11.2415

Xs Slowly biodegradable g COD.m?  363.9435 28.6234
particulate COD

Xi Inert particulate COD g COD.m3  92.499 9.8234

Xp Inert particulate COD from gCOD.m3 0 0.18565
biomass decay

XBH Heterotrophic biomass g COD.m? 50.6833 6.7003

SNH Ammonium gN.m?3 23.8595 40.7155

Snp Biodegradable soluble organic g N.m?3 5.6516 2.9671
nitrogen

XnD Biodegradable particulate g N.m3 16.1298 1.2777
organic nitrogen

Sno Nitrite + nitrate gN.m?3 0 0

So Dissolved oxygen g O2.m-3 0 0.5

Q Flow rate m3.d-"! 20648.361 20640.271
Temperature °C 14.8581 14. 8581

*used for steady-state simulations of the HRAS stage (Section 4.3.1) and plant-wide HRAS-PNA
system (Section 4.3.3.1);

**the effluent of the HRAS stage at reference scenario (Table 4.1), used for steady-state simulation of
the PNA stage (Section 4.4.3.2)

135



Chapter 4 Model-based evaluation of the HRAS-PNA system

A4.1.4 Influence of influent COD fractionation on COD redirection

The figure below illustrates the influence of influent COD fractionation between Ss and
Xson COD distribution in the HRAS stage. With more Xs distributed to Ssin the original
BSM2 constant influent, the COD capture in sludge for energy recovery decreased

while the COD mineralization increased.

A Sludge = Effluent Mineralization B i R - "
100 B Alnf Ss xInf Xs <Eff Ss OEIMf Xs
e 11 15 ~ 400
14 ; 22 o 35
S 80 1 14 g 3%
X 14 T
= 14 8 300
= .
g 601 O 250
] & 200 A
S 40 A = .
a é 150 A
Q g 100 A
o 201 E 50
[-F) - § [m]
0 g 04 & g : 9
T T T o
Influent fractionation (Ss + %Xs) Influent fractionation (Ss + %Xs)

Figure A4.2. Influence of influent COD fractionation between Ss and Xs on: (A)
COD mass balance of HRAS stage and (B) influent and effluent Ss and Xs
concentrations (conditions: reference case of the HRAS model, Table 4.1)

A4.2: Partial nitritation-anammox (PNA) stage model

A one-dimensional biofilm model, only considering radial gradients in spherical
biomass particles, was set up to describe the autotrophic and heterotrophic interaction
in a granular sludge reactor. Spherical biomass particles (granules) were grown to a
predefined steady-state granule radius, rp, of 0.75 mm. Besides, the biofilm porosity
was assumed constant (ew = 0.75). The density of granules was set to 60000 g
VSS.m™3, corresponding to 80000 g COD.m™3 (for a typical conversion factor of 0.75 g
VSS.COD™). The density of the heterotrophs was taken as 20000 g VSS.m™3, which
is equivalent to 26666 g COD.m™3 (Mozumder et al., 2014).

A4.2.1 Bioconversions in PNA stage
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Table A4.5. Stoichiometric matrix of the PNA stage model (according to Mozumder et al.(2014))

A;; | i component

— Ss SNH Sno2 Snos Soz Sn2 XaoB XnoB Xan Xu X
jprocess | [g COD.m™] [g N.m?] [g N.m?] [g N.m?] [g 0..m3] [g N.m?] [gCOD.m?] [gCOD.m? [gCOD.m?® [gCOD.m?® [gCOD.m%]
AOB
1. Growth -1/YnoB - iNxB 1/Y noB 3 431/-YAOB 1

inxs - fi -inxi —
2. Decay 1-fi (1-f) -inss -1 fi
NOB
3. Growth -inxs -1/YnoB 1/YnoB 1 141/_YNOB 1
inxs - fi -inxi —
4. Decay 1-fi (1) inss -1 fi
Anammox
5. Growth ANan-ie AN 11.14 2/Yan 1
) (1/1.14) :
inxg - fi -inxi —
6. Decay 1-fi (1-f) -inss -1 fi
Heterotroph
7. Aerobic growth -1/YH -inx+1/YH "inss 1-1/YH 1
8. Anoxic growth on 1 -inxg+1/Yn noz 1~ YuNo, 1 Yo, ]
I"Iltrlte YH,NOZ 'iNSS 1'71YH,N02 1'71YH,N02
9. Anoxic growth on 1 -inxg+1/Yunos L~ Yuno, 1 —Vuwo, 1
nitrate YH,N03 "iNss 1'14YH,N03 1'14YH,N03
inxs - fi -inxi —
10. Decay 1-fi (1-6) inss -1 fi
Composition matrix
gCOD/unit comp 1 0 -3.43 -4.57 -1 -1.71 1 1 1 1 1
gN/unit comp iNss 1 1 1 0 1 iNXB iNXB iNXB iNXB iNXI
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Table A4.6. Kinetic rate expressions of the PNA stage model

Process Process rate
1. %\rggth Of AOB . SOZ . SNH 'XAOB
K53" +S0; K" +Su
2. decay of
AOBy bAOB XAOB
3. growth of NOB Soz . S noa X Snu X
max NOB
NOB K(])\IZOB + S()Z K]\]\J/gZB + SN()2 K}}\YSBH + SNH
4. decay of
NOBy bNOEXNOB
AN
5. growth of luAN . Ko, . Sm ) Syo .
max AN AN AN AN
anhammox Koy +80, Ky Sy Kyor +Syo
6. decay of
anammox buX
7. aerot::]c . o S, S,, S
rowth o max : :
geterotrophs K§'+Ss Koot Spn K™ +Sus "
8. anoxic "
growth of ﬂH M Ko ) S oz ) S oz ) Ss ) Sy
max INO2 H H H NOBH H
gﬁtﬁrggophs Koy +S0: Kyor +Syor Snox ¥Sv0s K5 +85 Ky + Sy
9. anoxic "
growth of ,UH m Ko, . S yo3 . S o . Ss . Sy
max INO3 g H H NOBH H
gﬁtﬁrggophs Koy + S0, Kyos +Snos Snox +Sw0s Ks +S85 Ky + Sy
10.decay of
heterotrophs b, X,
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Table A4.7. Stoichiometric and kinetics parameters of the PNA stage model

Parameter Definition Value Unit Source
Stoichiometric parameters

Yaos Yield coefficient for AOB 0.20 g COD.g N (Wiesmann, 1994) ()
Ynos Yield coefficient for NOB 0.057 g COD.g N (Wiesmann, 1994) ()
Yan Yield coefficient for Anammox 0.17 g COD.g N (Strous et al., 1998) @
Yh, 02 Aerobic yield coefficient for Xn 0.67 g COD.g COD' (Henze et al., 2000)
Yh, NO2 Anoxic yield coefficient for X 0.53 g COD.g COD' (Muller et al., 2003)
Yh, NOS Anoxic yield coefficient for X 0.53 g COD.g COD' (Muller et al., 2003)
iNXE Nitrogen content of biomass 0.07 g N.g COD-" (2|\6|<13‘21;deer etal,

inoa Nitrogen content of X 0.07 gN.g COD" (Zh(/)l?z;mder etal,
inss Nitrogen content of Ss 0.03 g N.g COD"’ (Henze et al., 2000)
fi Fraction of X; in biomass decay (.08 g COD.g COD' (Henze et al., 2000)
Kinetic parameters (at 15°C)

QAo Maximum growth rate of AOB 0.58 g (Hao et al., 2002b) @
uNoB Maximum growth rate of NOB 0.5 d-’ (Hao et al., 2002b) @
uay Maximum growth rate of Anammox 0.017 d-’ (Hao et al., 2002b) @
ull Maximum growth rate of Xu 4.24 d-’ (Henze et al., 2000)
baos Decay rate coefficient of AOB 0.031 d-’ (Hao et al., 2002b) @
bnos Decay rate coefficient of NOB 0.024 d-’ (Hao et al., 2002b) @
ban Decay rate coefficient of Anammox 0.0006 d-’ (Hao et al., 2002b) @
br Decay rate coefficient of Xn 0.35 d-’ (Henze et al., 2000) ¥
K498 So2 affinity constant for AOB 0.3 g O2.m?3 (Wiesmann, 1994)
K)08B So2 affinity constant for NOB 1.1 g O2.m3 (Wiesmann, 1994)
KAY iggmmt&l}tmg coefficient for 0.05 g O2m3 (2|\(/)I$:;deer et al.,
K So2 affinity constant for Xy 0.2 g O2.m3 (Henze et al., 2000)
K{oB Snw affinity constant for AOB 1.1 g N.m3 (Wiesmann, 1994)
KNosH aNH affinity constant for NOB and 0.02 g N.m3 (;él;az;mder et al.,
KGN Snna affinity constant for Anammox  0.03 gN.m?3 %?ﬁ;’mder etal,
KNSE Snoz affinity constant for NOB 0.51 g N.m3 (Wiesmann, 1994)
K3, Swoz affinity constant for Anammox 0.005 g N.m3 (2|\(/)I$:;deer etal,
K, Snoz affinity constant for Xu 0.3 g N.m3 (Hellinga et al., 1999)
ki, Snos affinity constant for X 0.3 g N.m3 (Hellinga et al., 1999)
K Ss affinity constant for Xn 20 g COD.m3 (Henze et al., 2000)
MNO2=MNO3 Anoxic reduction factor for Xy 0.8 - (Henze et al., 2000)
Mass transfer

Divie Diffusivity of NHa in water 15x104  me.d (Williamson and

McCarty, 1976)
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(Williamson and

. P . -4 2 A-1
Dnoz2 Diffusivity of NO2 in water 1.4x10 m?2.d McCarty, 1976)
e . 4 9 11 (Williamson and
Dnos Diffusivity of NOs in water 1.4x10 m-2.d McCarty, 1976)
Doz Diffusivity of Oz in water 22x104  m2.d" (1%';'70)@3”“ etal,
e . 4 9 11 (Williamson and
Do Diffusivity of N2 in water 2.2x10 m-2.d McCarty, 1976)
e . 4 9 41 (Hao and van
Ds Diffusivity of COD in water 1x10 m?2.d Loosdrecht, 2004)
(1) After unit conversion, using a typical biomass composition of CH1.800.5No.2, corresponding with

2)
)

“4)

1.3659 g COD.g"!

After unit conversion, using an anammox biomass composition of CH200.5No.15 (Strous et al.,
1998) corresponding with 36.4 g COD.mole"' or 1.51 g COD.g""

Conversion of values given by Hao et al.(2002) at 20°C to 15°C using the relationship
proposed by these authors (written for Xaos, analogous for Xnos and Xan)

EAOB'(T_T )
AOB1 AOBI a ref
7] T)=u T .)-ex :
mar (1) e (ref) P R-T-Tref

(0} () AN
with B2*®=68 kJ.mole' ; E'”" =44 kJ.mole'; E"* = 70 kJ.mole-" [10]; R=8.31 J.mole-".K".

Conversion of ASM1-values given by Henze et al.(2000) at 10°C and 20°C to 15°C using
temperature relationship proposed by these authors (ASM3).

Tr = Tyo3 " €xp [07(T — 293)]

In(rry/7r2)
or = T1 -T2

Where rris the reaction rate at temperature T, rog; is the rate at the standard temperature (293

K), T is the temperature (K), and &is the temperature coefficient (1/K).
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A4.2.2 Calculation of the PNA reactor volume

The volume of the PNA reactor in this study was calculated as:

v=_—2_.g (A4.9)

B SNLR - X

where V is the volume of the reactor (m3), NLR is the nitrogen loading rate (g N.d"),
SNLR is the specific nitrogen loading rate (g N.g VSS-'.d"), X is the biomass
concentration (g VSS.m3), and S is a safety factor (5=1.25).

The nitrogen loading rate (NLR) is defined as:
NLR = Qinr % Cins (A4.10)

where Qinf is the flow rate (m3.d"") and Cinf is the concentration of total nitrogen (g N.m-

3) in the influent of the PNA reactor.

The specific nitrogen loading rate (SNLR) is defined as the NLR per amount of biomass
and was calculated from the values reported by Lotti et al. (2015b) for a pilot-scale

granular sludge mainstream PNA reactor (Table A4.8)

Table A4.8. Calculation of the PNA reactor volume

Variable Unit Value Source

Qinf m3.d-" 20640 This study (Table A4.4)
Cinr g N.m?3 45 This study (Table A4.4)
NLR g N.d* 928800 Qint % Cinf

X kg VSS.m=3 4 (Lotti et al., 2015b)
SNLR g N.g VSS.d 0.125* (Lotti et al., 2015b)

v m3 2500# This study

*Calculated from the NLRp, = 2 kg N.d"*, V, =4 m3 and X, = 4 kg VSS.m-3 for the pilot scale reactor in
Lotti et al. (2015b); # after rounding.
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A4.2.3 Influence of bulk dissolved oxygen (DO) concentration on N removal

The influence of bulk DO concentration on the mainstream PNA reactor was evaluated
with scenario analysis and summarized in Fig. A4.3. The results showed that the
nitrogen removal efficiency first increased (< 1 g O2.m) and then decreased (below
40% at 2 g O2.m3, Fig. A4.3) as the bulk DO concentration increased. This is consistent
with earlier modelling and simulation studies which focused on sidestream PNA with

planar biofilm or granules (e.g., (Hao et al., 2002b; Mozumder et al., 2014)).

mm AQOB NOB =—TAN Heterotrophs Inert —s—NRE

Biomass fraction

N remoavl efficiency (NRE, %)

| m m B
0.75 1 125 15 1.75 2
Bulk DO concentration (g0,.m3)

Figure A4.3. Influence of bulk DO concentration on the steady-state
performance of the PNA process with a fixed biomass concentration (4 kg
VSS.m-3)
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A4.3: Plant-wide comparison of the HRAS-PNA and CAS system
A4.3.1 Plant layout of the conventional activated sludge (CAS) system
The plant layout of the conventional activated sludge (CAS) system in the BSM2 was

used for the comparison with the HRAS-PNA system in terms of effluent quality and

operational cost.
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Figure A4.4. Plant layout of the CAS system used in this study (BSM2)
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A4.3.2 Evaluation criteria for plant-wide comparison

The evaluation criteria used for comparison of the HRAS-PNA and CAS system under
dynamic conditions are the effluent quality index (EQI) and the operational cost index
(OCI) as defined in the Benchmark Simulation Model No. 2 (BSM2) (Gernaey et al.,
2014), and detailed below.

o Effluent Quality Index (EQI)

The EQI (kg pollution units.d") reflects the amount of pollution discharged into surface
waters. The EQI is calculated as a weighted sum of the effluent concentrations of total
suspended solids (TSS), COD, Kjeldahl N (NKj), nitrate and nitrite nitrogen (NO) and
BODs, averaged over the period (Eq. A4.11).

Ad.11)

EQl = —— [rend (ﬁTss *TSSe(2) + Beop * COD () + B * Snk;, (£) + (

tobs 1000 “Estart

Bno * Sno, () + Beops - BODse(t)) “Qe(t) - dt

The subscript e denotes the effluent. Table A4.9 lists the values for the weighting
factors B; , which convert concentrations of individual components into general

pollution units.

Table A4.9. Values of the EQI weighing factors (f;)

Weighing factors Brss Bcop Bny; Bno Bsops

Value (g pollution unit.g™") 2 1 30 10 2
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e Operational Cost Index (OCl)

The OCI is an overall operating cost measure, which is calculated as a weighted sum
of aeration energy (AE, kWh.d"") , pumping energy (PE, kWh.d""), mixing energy (ME,
kWh.d""), sludge production for disposal (SP, kg SS.d"), external carbon addition (EC,
kg COD.d"), methane production (MP, kg CH4.d"") and the required heating energy for
the anaerobic digester heating energy (HE, kWh.d™", if the heat generated by the gas

motor (7MP) is higher than HE then no external energy is required).

OCI = AE + PE + fsp - SP + fzc - EC + ME — fyp - MP + max (0, HE — 7MP) (A4.12)

The calculation of the individual cost factors is detailed in (Gernaey et al., 2014).
Weighing factors, f; (Table A4.10, BSM2) are introduced to express all cost factors in
kWh.d-'.

Table A4.10. Values of the OCI weighing factors (f;)

Weighting factors fsp fEc fwp

Value 3 3 6
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A4.3.3 Aeration energy calculation in the PNA stage

The aeration energy (AE) is part of the operational costs considered in the evaluation
criteria of BSM2. The AE in the PNA stage was calculated following the method in
Rittmann & McCarty (2001) and Gernaey et al. (2014). The calculation procedure is

summarized in steps (1) to (6).

(1) Oxygen demand (OD) in the PNA reactor
The oxygen was consumed by AOB, NOB and heterotrophs (H) in the PNA
reactor. To model the granular sludge reactor, the granules were divided into 50
layers. By summing up the oxygen demand by the three groups of bacteria in
each layer, the oxygen demand of a granule was calculated. Subsequently, the
overall oxygen demand (OD, kg O2.d"") was calculated as:

0D =n*YZ3°V; - (ODRyop; + ODRyop i +ODRy ;) (A4.13)

Where,

OD = overall oxygen demand of the granular sludge reactor (kg O2.d"")
n = the number of granules in the reactor

Vi = the volume the layer i in the granules (m3)

ODR,op,; = oxygen demand rate of AOB in layer i (kg O2.m3.d"")
ODRyop,; = oxygen demand rate of NOB in layer i (kg O2.m=.d"")

ODRy ; = oxygen demand rate of heterotrophs in layer i (kg O2.m=3.d"")

(2) Oxygen transfer rate (OTR)
OTR = Kya - (S§% — Sp)/1000 (A4.14)

Where,

OTR = oxygen transfer rate per unit volume of reactor for clean water (kg O2.m"
3.d)

K, a = volumetric mass transfer rate coefficient (d)

5% = liquid phase oxygen concentration in equilibrium (mg L)

S, = liquid phase bulk oxygen concentration (mg L")

(3) Correction factors (clean water to wastewater, temperature)

_ Kpa (wastewater) (A4.15)
*= K;a (clean water)
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« : varies from 0.3 to 1.1 for mechanical aeration

5= S§% (wastewater) (A4.16)
S&% (clean water)

B : avalue of 0.95 is often assumed for municipal WW
K.a (T) = K,a (15) - 1.0247-15 (A4.17)

OTRc (T) = a K a(T) - (B S§% — Sp) (A4.18)

OTRc (T) = the OTR after correction for wastewater and temperature (kg O2.m=3.d-
1, with T in °C)

(4) Standard oxygen transfer efficiencies (SOTE)
SOTE = 1.8 kg O2.kWh' (@ 15°C, BSM2)

(5) Field oxygen transfer efficiencies (FOTE)

FOTE (T) = SOTE -% = SOTE - 1.0247715 . ¢ ﬁs“;éz;__(fo (A4.19)
Where FOTE (T) = the field oxygen transfer efficiencies for wastewater at T (kg
O2.kWh-)

a=0.7,=0.95andS, =05mgL" eg.,atT=14.9°C:

FOTE (14.9) = 1.12 kg Oz per kWh

(6) Aeration energy (AE, kWh.d"') in the PNA reactor

0D (A4.20)

AE = 5678 ()
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A4.3.4 Calculated EQI, OCI and energy balance

The evaluation criteria used for comparison of the HRAS-PNA and CAS system under

dynamic conditions are the effluent quality index (EQI) and the operational cost index

(OCI) (A3.2). Table A4.11 summaries the calculated EQI and operational cost index

for both HRAS-PNA system and CAS system.

Table A4.11. Comparison of dynamic simulation performance of CAS and HRAS-PNA
systems in terms of effluent quality and operation cost

Variable Unit cas  MRAS- regﬂfa‘itiz -
Effluent quality related variables
TSS concentration (limit = 30 g SS.m3) g SS.m? 15.2 30.5 N
Kjeldahl N concentration g N.m-3 25 7.9 -
Total N concentration (limit = 18 g N.m=3) g N.m= 13.5 8.8 Y
Total COD concentration (limit = 100 g COD.m-3) g COD.m3 49.0 75.2 Y
BODs concentration (limit = 10 g.m3) g COD.m-3 2.7 6.5 Y
Effluent quality index (EQI) kg poll units.d! 5574 8177 -
Operation cost related variables Change
Aeration energy kWh.d" 4223 1502 -64%
Pumping energy kWh.d-" 445 482 +8%
Carbon source dosage kg COD.d"* 800 0 -100%
Mixing energy kWh.d" 768 489 -36%
Heating energy kWh.d" 4225 2435 -42%
Methane gas production (1 kg = 13.8928 kWh) kg CHa.d"! 1085 1645 +52%
Total Operational Cost Index (OCI) 9447 -667 -107%

Table A4.12. Energy balance of the CAS and HRAS-PNA systems during the

evaluation period (dynamic simulation)

Variable Unit CAS HRAS-PNA Change

Energy related variables

Aeration energy kWh.d"’ 4223 1502 -64%
Pumping energy kWh.d-! 445 482 +8%
Mixing energy kWh.d-! 768 489 -36%
Heating energy kWh.d-! 4225 2435 -42%
Methane gas production to energy* kWh.d"’ -6482 -9826 +52%
Net energy consumption kWh.d! 3179 -4918

*calculated as methane gas production (kg CHa.d-!, Table A4.11)* 13.8928 (kWh. kg-')*0.43

(BSM2)
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A4.3.5 Additional result from the dynamic simulations

Fig. A4.5 shows the contribution of anammox process (Con_AN) in the N removal of
the PNA reactor during the dynamic evaluation period. It was found that the anammox

process was the primary process responsible for N removal, contributing to 75-95% of
the total N removal.
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Figure A4.5. Contribution of anammox (Con_AN) in the nitrogen removal in the
PNA reactor during the evaluation period (364 days) (dynamic simulation)
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Chapter 5

General conclusions and perspectives

The focus of this thesis is on microbial interactions in biological nitrogen
transformations, featuring the fate of nitrate and the evaluation of anammox-based
processes from both individual and plant-wide systematic perspectives. The applied
methodology concerns lab-scale experiments and mathematical modelling and
simulations. This chapter gives concluding remarks on how the findings of this thesis
and their implications contribute to the understanding of biological nitrogen removal
from wastewater and of the nitrogen cycle in general, concerning methodology

(Section 5.1), the fate of nitrate (Section 5.2) and process evaluation (Section 5.3).
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5.1 Methodology

5.1.1 Stoichiometry matters

Stoichiometry gives quantitative insights into processes. This thesis illustrates the
importance of stoichiometry in mass balance and modelling of anammox process

(Chapter 2) and microbial competition for shared resources (Chapter 3).

5.1.1.1 Mass balance and modelling of anammox process

The accuracy of mass balances depends on the accurate knowledge of the involved
reactions and their stoichiometry. In Chapter 2, the substantial differences in anammox
stoichiometry reported in the literature were highlighted. For example, the nitrate
production per mole ammonium consumed (ANOs3/ANH4*) is 38% lower in the
stoichiometry determined by Lotti et al. (2014b) than in the most widely used one from
Strous et al. (1998) (0.161 vs. 0.26, Table 2.2). This implies that significantly different
interpretations may occur with respect to the contribution of individual processes in
nitrogen conversions in anammox-based processes (e.g., anammox and denitrification
in N removal), depending on the anammox stoichiometry used. Subsequently, a
general anammox stoichiometry was presented as a function of biomass composition
(CHxOyNz) and the measured vyield coefficient (e.g., ANO2/ANH4*), following the
generalized method of Kleerebezem and van Loosdrecht (2010). The approach was
demonstrated with a spreadsheet that can easily be applied for other experimental
studies (Spreadsheet A2.1, Chapter 2).

The anammox stoichiometry corresponding with our experimental measurements of
ANO2/ANH4* in a granular sludge reactor was calculated with the general approach in
Chapter 2. It should be noted; however, that other populations than anammox bacteria
are likely to be present in granular sludge and biofilm reactors, which may affect
ammonium and nitrite consumption and nitrate production and thus disturb the
determination of the anammox stoichiometry based on the measured ANO2/ANH4".
Only in case there are no significant side reactions affecting the concentration of the
compounds used for yield calculation, in this case ammonium and nitrite, the yield

coefficient obtained from this approach represents the intrinsic yield.

Further investigation of anammox stoichiometry in the literature found that the

experimentally measured anammox biomass yield for the overall metabolic reaction

152



Chapter 5 General conclusions and perspectives

has been mistakenly used as the catabolic yield in many modelling studies (Chapter
2), for example in Chapter 4 of this thesis. This is conceptually wrong and may induce
systematic errors in modelling and simulation studies. For instance, with the
stoichiometry used in the past, slightly more ammonium is needed to form one unit of
anammox biomass (e.g., +1.1% with Y=0.17 g COD.g N-! and inxe=0.07 g N.g COD",
(Strous et al., 1998)). Therefore, in terms of stoichiometry, anammox was
weakened/underrepresented in previous simulation efforts. Even though the induced
systematic errors are relatively small, it is important to rigorously distinguish between
metabolic and catabolic yields. The same modelling issue could arise for other
bioconversion reactions in which the substrate, relative to which the yield coefficient is
defined, is consumed in both the catabolic and anabolic reaction. For example, aerobic
ammonium-oxidizing microorganisms (AOMs, including AOB, AOA and comammox
bacteria) consume ammonium as an electron donor to produce nitrite/nitrate in the
catabolic reaction and as N-source for biomass synthesis in the anabolic reaction.
Therefore, the overall impact of the erroneous use of yield coefficient in a model with
both anammox and AOMs is less straightforward and may require more direct

modelling studies. Solutions were proposed to address this modelling issue.

In the dynamic simulations of the PNA process in Chapter 4, the yield coefficient of
anammox bacteria was assumed constant under different temperatures. Previous
study indicates that the dominant anammox species may switch at different
temperatures (De Cocker et al., 2018). Consequently, the yield and probably the whole
set of kinetic parameters of anammox bacteria may need to be made temperature-

dependent to account for this.

5.1.1.2 Microbial competition for shared resources

Chapter 3 takes a mathematical approach by applying the resource-ratio theory to
unravel the competition between heterotrophic denitrification and dissimilatory nitrate
reduction to ammonium (DNRA) for nitrate and organic carbon in continuous cultures.
The results revealed that the boundary influent COD/N ratios for different competition
outcomes at high influent resource concentrations were mostly determined by the
stoichiometry (i.e., consumption of COD per nitrate, Yxnos/Yxicop) of the two
competing processes, whereas kinetics (i.e., Ks and pmax) became important as well at

low resource concentrations.

153



Chapter 5 General conclusions and perspectives

The implications of these results are not limited to denitrification and DNRA but can
potentially be used for any case where multispecies compete for two limiting essential
resources. For further elucidation of the competition between denitrification and DNRA,
the stoichiometry of the often-overlooked DNRA process still needs to be further
determined, especially if nitrite instead of nitrate serves as the terminal electron

acceptor.

5.1.2 Resource-ratio theory for interspecies competition studies

The resource-ratio theory was established in the early 1980s for ecology studies (Miller
et al., 2005; Tilman, 1980). It describes species interactions based on the use of shared
resources and enables to predict the outcomes of interspecies competition in advance
of actual competition experiments (Hsu et al., 1981; Tilman, 1980). Mathematical
models based on this theory were applied to reveal the competition between
denitrification and DNRA for nitrate and organic carbon in continuous cultures and were
proven valid with experimental data from the literature (van den Berg et al., 2016; Van
Den Berg et al., 2015) (Chapter 3).

The same approach can be extended to other similar competition scenarios, for
instance, the competition between ammonia-oxidizing bacteria (AOB), archaea (AOA)
and comammox microorganisms for ammonia and oxygen. As demonstrated in this
study and before (Bellucci et al., 2015; Miller et al., 2005; Smith et al., 1998), the
resource-ratio theory offers mechanistic insights and quantitative prediction of
competition outcomes between microorganisms for shared resources. Despite its
relatively easy implementation and great value, its application in the microbial
competition is still limited. Apparently, there is still a gap between the research fields
of microbiologists and modellers in this respect. To facilitate the application, a decision
tree and a spreadsheet model were provided for the generalized scenario where two
species exploitatively compete for two essential resources (Chapter 3), as is the case
for denitrification and DNRA.

5.2 Fate of nitrate during biological nitrogen conversions

Nitrate can be reduced through denitrification and DNRA processes (Kraft et al., 2011).
During denitrification, nitrate is sequentially converted to nitrite, NO, N20, and nitrogen

gas and thereby leading to nitrogen removal in natural and engineered systems such
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as WWTPs. N20, a potent greenhouse and ozone-depleting gas, can be emitted during
this process, posing an increasing concern (Canfield et al., 2010). In contrast, DNRA
retains nitrogen locally by converting nitrate to nitrite and further to bioavailable
ammonium, which may be beneficial for natural ecosystems but unwanted for WWTPs
(Van Den Berg et al., 2015). Besides, partial denitrification/DNRA (i.e., nitrate reduction
to nitrite) can supply nitrite for anammox, enabling the synergy with anammox. In this

thesis, the fate of nitrate was dealt with in Chapter 2 and Chapter 3.

Chapter 2 focused on nitrate produced during the anammox conversion in standalone
anammox reactors fed with ammonium and nitrite (with and without acetate). The
produced nitrate limits the nitrogen removal of anammox process and needs to be
further polished if stringent nitrogen effluent thresholds (e.g., low effluent TN) hold. The
hypothesis was that a small amount of COD in the anammox reactors could trigger
nitrate reduction through denitrification and/or DNRA and thus (partly) remove the
excess nitrate. This was indeed observed in the experiments (Chapter 2). At influent
COD/TN ratios of 0.1 (g COD.g N"), approximately 18% of the nitrate produced from
anammox conversion was reduced, and the resulting N20O could account for 29% of
the reduced nitrate (further elaborated in Section 5.2.2), indicating that nitrate was most

likely reduced through denitrification.

Chapter 3 elucidated the fate of nitrate in the competition between heterotrophic
denitrification and DNRA in continuous cultures. The resource-ratio theory was applied
for this purpose, following its validation with experimental data in the literature. The
results highlight the impact of influent COD/N ratio (g COD.g NOs-N-1), resource
concentrations, dilution rate (D) and microbial physiological features (i.e.,
stoichiometry, umax and Ks) on the competition outcome, revealing how they jointly
determine competition outcomes. The DNRA process was favored at high COD/N ratio
conditions while denitrification was favored at low COD/N ratio conditions, which is in
agreement with the previous studies. However, the results also challenge currently
prevailing perceptions in several aspects: (1) The influent COD/N ratio alone is not
sufficient to explain the competition outcome of denitrification and DNRA, as the
boundary values (e.g., the threshold of high COD/N ratio) change with influent resource
concentrations. Different competition outcomes (also resource limitation) can occur at
the same influent COD/N ratio if the influent nitrate concentration varies. (2) The impact
of influent resource concentrations on boundaries and thus the competition outcomes
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has great implications, as different ecosystems have various nitrate availability (Table
3.3) and therefore possibly different boundary COD/N ratios triggering their perspective
pathway selection. (3) Affinity for the competing resources are often used to predict
competition outcomes (Dimitri Kits et al., 2017; Straka et al., 2019b) . The result
demonstrated that the species with higher affinity (i.e., lower Ks) for both of the two
shared resources (i.e., nitrate and COD) did not necessarily outcompete other species
at low concentrations in continuous cultures, illustrating that affinity alone was not
sufficient to predict the competition outcome in continuous cultures. The umax and D
need to be considered as well, as expressed by the J parameter (Eq. 3.2) (Hansen
and Hubbell, 1980; Hsu et al., 1981; Winkler et al., 2017). (4) In addition, the results
show that the dilution rate that allows for the coexistence or outcompetition of the two
competing species was not determined by the umax alone but also influenced by the Ks
for one of the shared resources (i.e., nitrate). The results also provide testable
hypotheses with respect to the nitrate partitioning for further research, such as the shift
of the boundary influent COD/N ratios for different competition outcomes at

environmentally relevant low nitrate concentrations.

In the context of wastewater treatment plants, the typical influent COD/N ratio is 8-12
(g COD.g NHs-N'). Results of Chapter 3 show that DNRA could take place
simultaneously with denitrification at COD/N ratios of 4.04-6.15 (g COD.g NO3-N-")
and completely outcompete denitrification at COD/N ratios above 6.15 (g COD g NOs"
-N-1) at high nitrate concentrations (e.g., > 100 yM or 1.4 mg N.L"). The nitrate
concentration and COD/NOs3™-N ratios can change in a wide range along the treatment
line and in different streams in WWTPs. In general, partial DNRA (nitrate to nitrite) is
beneficial for nitrogen removal, whereas full DNRA (nitrate to ammonium) is often
unwanted. Full DNRA may occur where nitrate from the internal recirculation stream is
mixed with COD-rich influent, in the bottom of secondary settler, and also some nitrate
may enter the anaerobic digester. In PNA systems, the influent COD/N ratio is typically
low, but full DNRA may still be possible depending on the aeration regime. If the reactor
is continuously aerated, the influent COD will be aerobically oxidized and will most
likely not be available for nitrate reduction. If intermittent aeration is applied, the influent
COD and the small amount of nitrate produced from anammox reaction (around 10%

of influent ammonium) may trigger full DNRA during the anoxic period.
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Acetate was used in the competition study in Chapter 3. In reality, the nature of the
organic carbon can be complex and may affect the competition outcome (Kraft et al.,
2014; Rehr and Klemme, 1989; van den Berg et al., 2017a). The presence of
fermentative organic carbon (e.g., lactate) may stimulate fermentative bacteria which
can directly compete for both nitrate and organic carbon through fermentative DNRA
process (Cole, 1996) and/or alter the organic carbon available for DNRA process (van
den Berg et al., 2017a). Besides, microorganisms may have metabolic preferences
towards a certain type of organic carbon (Rehr and Klemme, 1989). The composition
of COD in wastewater is rather complex, including, for example, inert and slowly
biodegradable fractions. The boundary COD/N ratios obtained with well-defined

organic carbon may not be directly applicable in WWTPs.

DNRA bacteria can be enriched from activated sludge by simply applying high COD/N
ratio feed in a chemostat (Van Den Berg et al., 2015) and coexist with denitrifiers in
wastewater treatment wetlands (Jahangir et al., 2017; Rahman et al., 2019). Besides,
the application of biofilm reactors (e.g., MBBR, IFAS, and Granules) is increasing,
where substrate gradients can be formed within the biofilm and may thus offer the
possibility to have high COD/N microenvironment for DNRA to proliferate (Van Den
Berg et al., 2015). The role of the unwanted full DNRA process (nitrate reduction to
ammonium and thus retains nitrogen in wastewater) in WWTPs still needs to be better

characterized in the future.

5.3 Process evaluation

5.3.1 N2O emission from anammox reactors

With 297 times stronger global warming potential than CO2, even small amounts of
N20 emission have a substantial impact on the carbon footprint of WWTPs. The impact
of influent COD (acetate) on the N20 emission from a continuously fed bubble column
granular sludge anammox reactor (Chapter 2). Results show that influent COD slightly
decreased the effluent nitrate concentration of the anammox reactor at low influent
COD/TN ratios (ca. 0.1 g COD.g N"), at the cost of a significant concurrent increase
in N20 emission. The average N20 emission increased by 2.5 times (p<0.05) with
increasing influent COD concentration, accounting for up to 0.46% of the incoming

nitrogen load, and 29% of the nitrate reduced due to acetate addition.
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This study resembles the anammox reactors in two-stage PNA and/or PDA
configurations. In two-stage PNA, easily biodegradable COD (e.g., acetate) is most
likely removed in the partial nitritation step. Nonetheless, residual particulate
biodegradable COD entering the anammox reactor can be hydrolyzed to volatile fatty
acids due to long retention time in anammox reactors. In two-stage PDA system, COD
(e.g., acetate) is a prerequisite for nitrite production in the partial denitrification step.
The effluent of the PD step contains both nitrite and likely small amounts of residual
COD, which are fed together with the ammonium-containing stream to the anammox
reactor. In both cases, most likely only a small amount of VFAs can be present in

anammox reactors, as is the case in the studies presented in Chapter 2.

The results in Chapter 2 suggest that further research is needed to evaluate the effect
of COD on the N20 emissions from anammox reactors in two-stage configurations,
especially in the increasingly popular PDA process. Any possible improvement in
feasibility for implementation or effluent quality should not be offset by increased
greenhouse gas emissions. Furthermore, various strategies for N2O mitigation in
biological nitrogen removal systems have been proposed and (partly) tested in lab-

scale or modelling studies. They are yet to be demonstrated in large scale applications.

5.3.2 Feasibility of mainstream anammox
5.3.2.1 Integrated HRAS-PNA system

The performance of a promising combined HRAS-PNA system was evaluated through
modelling and simulations, both from the unit process level and from a plant-wide
perspective (Chapter 4). Steady-state and dynamic simulations were run with the
influent dataset (from BSM2) that includes typical phenomena that are observed in full-
scale WWTP influent data (Gernaey et al., 2014). Overall, the results show that the
integrated HRAS-PNA system (without optimization) could achieve comparable
effluent quality complying with EU regulations with a significantly lower operational
cost. However, both COD (in HRAS) and N removal (in PNA) were compromised at
low temperatures. Influent COD/N ratios of the PNA stage (i.e., effluent COD/N ratios
of the preceding HRAS stage) were shown crucial for system performance as well.
Temperature is not an easily/economically manipulated variable but rather a
disturbance variable in large scale applications; therefore, the COD/N ratios of HRAS

effluent should be the focus for potential control strategies. This can be tackled in two
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ways: 1) proactive management of COD removal in the HRAS stage; 2) reactive control
in the PNA stage. N20 emission was not included in this modelling evolution, as the
quantitative dynamic prediction of N20O emissions with models remains a challenge
(Mampaey et al., 2019). Nonetheless, modelling and simulation are powerful tools to
identify N2O formation pathways for the development of mitigation strategies in specific

biological nitrogen removal systems (Mampaey et al., 2019).

Concerning the HRAS stage, an increase of SRT and DO was shown to have a positive
impact on COD removal (Chapter 4). Therefore, a longer SRT and/or a higher DO
could be implemented in case of low temperature, at the cost of most likely a lower net
energy recovery. A real-time control strategy that can adjust the SRT (e.g., via MLSS
control and waste sludge flow) and/or DO (e.g., aeration intensity) in accordance with
the effluent COD/N ratio would be most desirable. MLSS-based SRT control in a pilot-
scale HRAS reactor failed to significantly reduce the effluent COD/N variation but
managed to reduce the COD removal variation by 90% (Miller et al., 2017). Control
strategies for HRAS processes are still at its infancy due to a lack of mechanistic
understanding of the bioflocculation process, which is the key to COD capture.

Therefore, more research is needed in this regard.

The negative impact of low temperature was also identified in several lab- and pilot-
scale mainstream anammox reactors treating aerobically pretreated municipal
wastewater (Laureni et al., 2016) or real HRAS stage effluent (Hoekstra et al., 2019).
Nevertheless, anammox remained dominant for nitrogen removal in the PNA stage
throughout the simulated evaluation period (influent COD/N=1.3-4.3 g COD.g N,
corresponding to 0.5-2.4 g bCOD.g N-', 10-20 °C) accounting for 75-95% of the
nitrogen removal. In principle, the intensification of anammox activity at low
temperature is needed to deal with the negative influences, which can be done through
the increase of anammox bacteria population and/or activity (Cao et al., 2017; Straka
et al., 2019a). Examples are bioaugmentation from sidestream PNA (Wett et al., 2013),
larger size of granules (or thicker biofilm) (Vlaeminck et al., 2012; Volcke et al., 2012,
Winkler et al., 2012), using faster-growing flocculent/free anammox bacteria as seeds
for immobilization (Lotti et al., 2015c), building an overcapacity of anammox during
summer to retain treatment capacity in winter (Lotti et al., 2015b), robust on-line control
(Cao et al., 2017), and reducing diffusion limits and inhibition of anammox bacteria
activity at low temperature (Laureni et al., 2019).
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5.3.2.2 Moving forward

In Chapter 1, an overview of biological nitrite sources, sinks, and process combinations
for anammox-based nitrogen removal was presented (Fig. 1.4 and Table 1.1). To date,
studies in various scales have proven the feasibility of mainstream anammox and
highlighted the remaining challenges (see reviews, Agrawal et al., 2018; Cao et al.,

2017). Here, full-scale references were analysed with a few reflections.

There are currently three full-scale references where anammox contributes
significantly to the nitrogen removal in the mainstream of WWTPs: 1) the Strass WWTP
in Austria (Wett et al., 2015, 2013); 2) the Changi Water Reclamation Plant (WRP) in
Singapore (Cao et al., 2013; Cao et al., 2016) ; and 3) a WWTP in Xi'an, China (Li et
al., 2019). Interestingly, these three references perfectly demonstrated the various

ways for the implementation of mainstream anammox.

The Strass WWTP uses an A/B process for mainstream treatment and DEMON (i.e.,
PNA) process for sidestream treatment. Mainstream PNA was achieved by applying
three strategies: 1) Enrichment of anammox biomass by the installation of cyclones in
the wastage of the mainstream system; 2) Bioaugmentation of AOB and anammox
bacteria from the sidestream PNA reactor; and 3) Intermittent aeration regime in the
mainstream aeration tanks to suppress NOB by transient anoxia (Wett et al., 2015,
2013). However, the quantitative contribution of anammox in nitrogen removal is yet to

be confirmed.

With a wastewater temperature of 28-32 °C year-around in a warm climate, the Changi
WRP applies step-feed activated sludge process that was not intentionally designed
for mainstream PNA. Anammox-based nitrogen removal was estimated to remove
38% of the total nitrogen in the primary effluent (Cao et al., 2013; Cao et al., 2016).
Short aerobic SRT (~ 2.5 days) under the high operating temperature could be the
main factor in achieving stable partial nitritation (Cao et al., 2013). The enrichment of
anammox bacteria may attribute to the fast growth of flocculent/free suspended cell
anammox bacteria at site temperature, which allows for retention at relatively low SRTs
(e.g., 3 days) (Lotti et al., 2015a).

Classical anaerobic-anoxic-oxic (AAQ) process was used in the WWTP in Xi'an,

upgraded by adding moving carriers into the anoxic zone to form a build-in anoxic-
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MBBR (Li et al., 2019). Anammox bacteria were found enriched in situ in the anoxic
biofilm during the two years operation and estimated to contribute to 15.9% of the
nitrogen removal. '°’N-stable isotope tracing tests showed anammox could be
combined with nitrate reduction by the anoxic-carrier biofilms (i.e., PDA) (Li et al.,
2019).

It should be noted that anammox was not yet reported as the primary contributor in
nitrogen removal (i.e., accounting for >50% of nitrogen removal) in the three full-scale
cases; therefore, the author would call these cases as anammox-assisted mainstream
nitrogen removal systems. These anammox-assisted mainstream systems could
already bring substantial benefits (e.g., higher nitrogen removal, lower aeration cost)
and can be retrofitted from existing systems (e.g., the adding carrier to the anoxic zone
as in the Xi'an case). Therefore, to harness the benefits of anammox process in the
mainstream (in addition to the sidestream anammox if present), operators of WWTPs
may not need to wait for breakthroughs in implementing anammox-dominant
mainstream anammox systems and may start applying strategies that favor anammox-

based processes (be it PNA or PDA) in the mainline based on site-specific conditions.

Fundamental physiological and biochemical research into nitrogen-cycling
microorganisms and their application have always progressed hand in hand— newly
discovered microorganisms (e.g., anammox) led to more efficient and sustainable
treatment systems and vice versa (Kuypers et al.,, 2018). As a powerful tool,
mathematical modelling facilitates the understanding and the application of established
and cutting-edge processes. The integration of engineering, microbiological and
modelling insights will continue to stimulate more sustainable nitrogen removal and

wastewater treatment.
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